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The results presented here demonstrate plausibility of a hybrid Anaerobic 
Digester-Microbial Fuel Cell (AD-MFC) system for anaerobic primary (AD) and 
secondary (MFC) treatment and resource recovery from high-strength wastewater. 
We empirically determine the treatment efficiencies and energy densities achieved by 
the AD and MFC processes, both separately and when integrated as primary and 
secondary unit operations. On the basis of current production, undigested wastewater 
yielded an stable anodic current of 131 A/m
3
 when continuously fed to triplicate 
MFCs (chronoamperometry, Ean, -0.200V vs. Ag/AgCl). Substrate limitations in 




, and 9 A/m
3
 were 
achieved from 6d, 13d, and 21d digestate, respectively. Cathodic limitations severely 
  





). Presumably, this was due to mass transport of oxygen reduction 
intermediates.  
When AD and MFC processes are de-coupled (i.e. each fed with undigested 
wastewater), the energy realized from AD (as biogas) was, on average, 29.6 kJ per m
3
 
wastewater treated (8.2 Wh/m
3
), whereas the MFC produced, on average, 2.1 kJ per 
m
3
 wastewater treated (0.58 Wh/m
3
).  On the basis of COD removal, AD separately 
generated 9,110 kJ per kg COD removed (2,530 Wh/kg COD) whereas MFC 
separately generated 0.18 kJ per kg COD removed (0.05 Wh/kg COD).  When 
combined as primary and secondary unit processes with a 6-d digestion period 
(reaction period which yielded the highest net energy production), the energy output 
from AD (as biogas) was 23.9 kJ per m
3
 wastewater; the energy output from MFC (as 
electrical power) was 2.1 kJ per m
3
 wastewater. 
MFC treatment rates exceeded 90% COD removal, 80% VS removal and 80% 
TS removal, likely owing to the upflow, baffled reactor design that maximized 
interaction between wastewater and the anodic biofilm.  Results indicate an inverse 
logarithmic relationship between digester retention time and subsequent MFC current 
production, i.e. maximal MFC current production is achieved with undigested waste, 
and an inverse linear relationship between digester retention time and subsequent 
COD/VS removal in MFCs. Breakthroughs must be made to address cathodic 
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Chapter 1 : Introduction 
 
1.1   Dissertation Summary 
The critical need for effective human waste treatment across the developing 
world is matched by demand for low-cost sources of energy. Innovative wastewater 
technologies that exploit the nutrient and energy content of human excreta (e.g., 4.5 g 
total N per L urine; 1 kWh per kg carbohydrate) are needed to incentivize  
economically viable, environmentally sustainable treatment (Jonsson, Stinzing et al. 
2004, Pham, Rabaey et al. 2006). If implemented, such technologies would reduce the 
burden of diarrheal disease and childhood mortality in the developing world while 
providing useful energy to the community. The focus of this dissertation is the 
integration of two such technologies—low-cost anaerobic digestion (AD) and the 
microbial fuel cell (MFC)—as primary and secondary unit processes for high-strength 
wastewaters (e.g. pit latrine sludge, septage). While AD and MFC can be configured 
for implementation in developing communities, neither performs to its full potential 
as a stand-alone system. We therefore proposed and investigated integration of an AD 
with a MFC as primary and secondary unit processes, respectively, for high-strength 
wastewaters (e.g. pit latrine sludge, septage) to increase overall treatment 
effectiveness and provide energy capture in the form of biogas and electricity.  
The first study, described in Chapter 3 of this dissertation, investigated the 
energy capture and treatment potential of bench-scale AD-MFC systems treating 
high-strength wastewater obtained from the Blue Plains Advanced WWTP in 
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Washington DC. Ten replicate ADs and triplicate MFCs were designed in-house and 
operated at UMD and NRL laboratories over the course of one year, and were 
evaluated on the basis of biogas (AD) and electricity (MFC) production, organics, 
solids, and coliform removals, and nutrient transformations. Using a continuous flow 
of undigested sludge, we achieved volumetric current densities that are near the upper 
limit of what has been observed to date (i.e., > 100 A/m
3
), and that greatly exceed the 
upper limit of real waste-fed MFCs. Very high rates of organic removal (as measured 
by chemical oxygen demand, COD), as well as fecal coliform loads, were also 
achieved— greater than100 kg COD/m
3
/d and 4-5 log fecal coliform removal, 
respectively. Later experiments with digested sludge revealed highly consistent 
correlations between digestion period, energy/electricity capture, and treatment 
efficiencies. These correlations can be used as a means to best optimize AD-MFC 
operations for energy and/or treatment efficiencies.  
The second study, described in Chapter 4 of this dissertation, investigated 
performance of bench-scale MFC systems that were fed the effluent of low cost, 
tubular digesters treating agricultural and human waste in Costa Rica. This study 
similarly assessed energy and treatment efficacy of the MFC, and further focused on 
the challenges associated with field deployment and scaling of the technology, 
especially with respect to fundamental electrochemical challenges that remain at the 
cathode reaction of MFCs.  
The third study, described in Chapter 5 of this dissertation, investigated the 
potential for biological catalysis of nitrate reduction (i.e. denitrification) as the 
cathode reaction for MFCs. A fundamental challenge to implementation of MFCs is 
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abiological oxygen reduction at the cathode, where circum-neutral temperature and 
pH conditions required by MFCs severely limit the rates of reaction. This study 
represents one component of a larger effort by the lab to elucidate and address 
cathodic limitations in the MFC.  Microbial enrichment strategies for cathode-
dependent biofilms were established, and results demonstrate the first electrochemical 
characterization of a denitrifying bio-cathode with high current production (i.e., > 3 
A/m
2
 of cathodic current). This approach is particularly appealing for wastewater-fed 
MFCs because denitrification is valuable waste treatment process.  Moreover, it 
makes possible single-chamber anaerobic MFCs that would not require costly and 
ineffective oxygen-exclusion membranes. 
The fourth study, described in chapter 6 of this dissertation, investigated a 
novel strategy to partially address mass transport limitations at the anode of benthic 
microbial fuel cells (BMFCs). BMFCs are comprised of an anode embedded in 
marine sediment and cathode floating in the overlying seawater for the purpose of 
powering oceanographic sensors. BFMCs in which the anodes were encapsulated in a 
highly porous layer of sand prior to embedment in sediment were initially evaluated 
in the laboratory, where they generated significantly more energy than control anodes 
(p < 0.05), with a 148% increase in maximum current production (n = 9) in lab 
evaluation. Control and sand-modified anode BMFCs were subsequently deployed of 
the coast of New Jersey, where the sand-modified anode maintained a greater than 
50% advantage in power production for more than 1000 hours. 
The first two studies described in this dissertation on the investigation of 
integrated AD-MFC treatment of wastewater were performed from 2011 – 2013. 
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They comprised the basis of an awarded Phase I proposal to the Bill & Melinda Gates 
Foundation which supported the research. The third study on the investigation of 
cathodic denitrification was conducted from September 2012 – April 2013 and was 
funded by the US Naval Research Laboratory. The fourth study on the investigation 
of sand modification of the BMFC anodes was conducted from April 2010 – 
September 2011 and was also funded by the US Naval Research Laboratory. The 
outcomes of the work include: four invited conference talks; one keynote address; one 
undergraduate student award (ENCE411); four scientific journal articles (to be 
submitted by November, 2013); project funding for anaerobic digestion deployments 
in Haiti (USAID-DIV grant); and project funding for MFC deployment at the DC 
WATER Blue Plains WWTP in D.C.  
 
 
1.2   Sustainable Development & Water-Energy Nexus 
A tenuous balance exists between global poverty alleviation, economic 
development, and environmental sustainability. In the face of climate change, 
population growth, and water scarcity, the premise of traditional civil works programs 
as catalysts for economic growth becomes less justifiable (Daly 1997, Sneddon, 
Howarth et al. 2006). The long-term public health and economic benefits from 
infrastructure improvements like centralized water, electricity, or highway/interstate 
programs cannot be overstated; however, the environmental impacts of such 
improvements and are not insignificant, e.g., concrete production contributes 2.4% of 
global CO2
 
emissions from industrial and energy sources; traditional hydroelectric 
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dams that accelerate erosion and affect aquatic migratory patterns; groundwater 
extraction near coastlines that leads to saltwater intrusion, and so on and so forth 
(Marland, Boden et al. 1989, Mihelcic, Crittenden et al. 2003, Davidson, Matthews et 
al. 2007). In the context of emerging economies, these environmental impacts need to 
be taken into account to avoid the long-term remedial measures that many western 
countries currently face at significant (e.g. ground and surface water remediation).  
 
 
Figure 1-1 Spatial representation of global water related disease, showing water 
related deaths as well as fertilizer usage (UNEP and Corcoran 2010) 
 
Examples of the global poverty alleviation, economic development, and 
environmental sustainability conundrum are easily viewed through the lens of civil 
engineering in the US, especially in the emerging concept of the ‘Water-Energy 
Nexus’ (Voinov and Cardwell 2009, Rothausen and Conway 2011). The centralized 
distribution of potable water, as well as the collection and treatment of sewage, have 
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resulted in some of the largest gains in public health and workforce productivity in 
US history.  
More recently, this has been validated by economic analyses of foreign aid to 
developing communities, where the return on a US$1 investment in sanitation is 
estimated to be between US$5 – US$28, based on averted diarrheal disease and the 
associated time and productivity savings (Hutton and Haller 2004, Haller, Hutton et 
al. 2007, UNEP and Corcoran 2010). Global representations of water related disease 
and the public health returns on international investments in safe water and sanitation 
are illustrated in Figures 1-1 and 1-2. 
 
 
Figure 1-2 Public health returns on international investments in safe water and sanitation at two 
different investment and implementation scenarios (UNEP and Corcoran 2010) 
 
The energy and economic demands of centralized distribution, collection, and 
treatment of water and wastewater are however enormous. The cumulative energy 
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demand of the water and wastewater sectors accounts for roughly 4% of the US 
annual energy budget, equating to 1,170 billion kWh or US$4 billion annually 
(Goldstein, Newmark et al. 2008, Rothausen and Conway 2011) or 3,730 kWh per 
capita. Not considering economic sustainability, the implementation of similar, 
centralized waterworks programs in developing countries would greatly impact global 
energy consumption. The associated greenhouse gas emissions would be on the order 
of 0.67 kg CO2/m
3
 of water and wastewater treated per capita (Friedrich, Pillay et al. 
2009, Rothausen and Conway 2011). Presently water and wastewater treatment 
account for 2.8% of global greenhouse gas emissions (LeBlanc, Matthews et al. 
2009), as illustrated in Figure 1-3. 
 
 
Figure 1-3 GHG emissions by industrial sector in 2004  
 (Oliver et al, 2005; 2006) 
 
 
In the US, the scale of these energy demands and associated environmental 
and economic impacts is drawing attention from climate change specialists, 
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economists, and policy analysts. Much of the science and engineering driving water 
and wastewater treatment evolved prior to environmental legislation, and was 
primarily driven by public health necessity and a qualitative understanding of 
environmental health—e.g. minimization of fecal-oral route through closed 
conveyance; end-of-pipe treatment. Progress in relevant basic science research (e.g. 
microbial kinetics; pathogen inactivation; redox chemistry) has been rapid, but 
transition into more effective and environmentally sound water and wastewater 
technology has been slow to evolve. The energy expenditures for modern wastewater 
treatment is a striking example, requiring between 0.29 – 1.21 kWh for every cubic 
meter of sewage treated (Mitchel and Gu 2010, Rothausen and Conway 2011). As a 
point of reference, the Blue Plains Advanced WWT in Washington DC, which serves 
2.5 million people, consumes on average 864 MWh treating 4 million cubic meters of 
sewage per day. Much of this energy is used to oxidize organic matter and nutrients to 
lesson oxygen demand on receiving water bodies, despite a scientific understanding 
of organic matter as biochemical energy reserves. This understanding has been 
applied elsewhere (e.g. biomass energy); however, its application to wastewater 
treatment has been extremely limited (e.g. 10% of wastewater treatment plants in the 
U.S. employ anaerobic digestion) (USEPA and CHP 2001). 
 
1.3   Need for ‘Waste-to-Energy’ in the Developing World 
Much progress has been made to meet the UN’s Millennium Development 
Goal (MGD) of improving worldwide access to clean water by 2015; however, 
progress on sanitation has been minimal, e.g. Sub-Saharan Africa has seen a 22% 
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increase in access to improved water sources but only 3% increase in improved 
sanitation (1990 to 2010); and it is projected that there will be a net increase in the 
number of people without access to improved sanitation by 2015 (UN 2010).  
One attributing factor to these numbers is the capital and energy intensive 
nature of wastewater collection and treatment described above. Costs for traditional, 
aqueous conveyance and treatment exceed that of drinking water by at least 50% 
(McCullough, Moreau et al. 1993). As such, feasibility studies in many developing 
nations, such as Haiti, have concluded that the construction and operation and 
maintenance costs for wastewater treatment would exceed the local population’s 
capacity to pay (Grau, Cathala et al. 2009). These costs however would be offset by 
reduction of the economic burden of water-associated diseases - over half the world’s 
hospital beds are filled, at any given time, with people suffering from water-related 
diseases (Corcoran, Nellemann et al. 2010). Nonetheless, the capital intensive, energy 
intensive and environmentally unsustainable nature of traditional centralized 
wastewater collection and treatment processes makes them unrealistic goals for 
developing countries.  
Moreover, the need for low-cost energy sources in the developing world is 
similarly well documented: 1.4 billion people currently lack access to electricity, 
which is somewhat deflated by the large fraction who only have access to traditional 
biomass and coal as their fuel sources (Legros, Havet et al. 2009). All of these factors 
point to the need for significant investment in both the developed and developing 
world to advance technologies that exploit rather than demand energy for the 
treatment of human waste.  
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1.4   Technological Need for AD-MFC 
The integration of anaerobic digestion with microbial fuel cells (AD-MFC) 
described in this dissertation aims to provide a technological solution to meet the 
critical needs of (1) effective human waste treatment and (2) decentralized, renewable 
energy for application in resource-limited settings. Established methods of 
decentralized waste treatment (e.g. lagoons, composting latrines) fail to exploit the 
large nutrient and energy content of human excreta (e.g., 4.5 g total N per L urine; 1 
kWh per kg carbohydrate) and are often unsuitable for urban settings.  Moreover, the 
aeration-dependent processes used in most centralized treatment are energy-intensive, 
making their operations and maintenance costs infeasible for developing countries. 
Innovative wastewater technologies are therefore required that exploit the nutrient 
and energy content of human excreta are needed to incentivize sanitation as 
economically viable and environmentally sustainable (Jonsson, Stinzing et al. 2004, 
Pham, Rabaey et al. 2006). If widely implemented, such technologies could reduce 
the burden of diarrheal disease and childhood mortality in the developing world while 
providing useful energy to the community.  
Described here is integration of two such technologies—low-cost anaerobic 
digestion (AD) and the microbial fuel cell (MFC)—as primary and secondary unit 
processes for high-strength wastewaters (e.g. pit latrine sludge, septage). Both AD 
and MFC can be implemented with developing community appropriate materials. 
Neither performs however to its full potential as a stand-alone system. Specifically, 
ADs generate maximum energy with high-strength wastes, whereas MFCs are most 
efficient with low- to medium-strength wastes.  By utilizing the MFC as a secondary 
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treatment process for AD, it may be possible to increase overall energy production 
and achieve more complete wastewater treatment.  An MFC in-series after digestion 
may also improve overall process stability by improving buffering capacity, 
decreasing retention times and optimizing food/microorganism ratios).  Notably, 
while AD has been demonstrated as a viable treatment method in a developing 
country, MFC technology has not.  
Results from this investigation provide a technical baseline to evaluate scale-
up of AD-MFC systems in a developing country setting.  If successful, this 
technology represents a method to exploit the large energy and nutrient content of 
human excreta, and one that will work within the framework of decentralized 
sanitation.  The dissemination of such a technology would provide an economic 
benefit to the local population, thus incentivizing sanitation and reducing the burden 
of waterborne disease in the developing world. 
 
1.5   Hypothesis & Objectives 
It was hypothesized that an AD-MFC system will yield (1) a nutrient-rich effluent 
with low organic and pathogen loads (< 100 mg COD/L with < 1% coliforms); (2) 
viable quantities of biogas (60-80% CH4) for use in cooking and heating; and (3) 
continuous power generation for small devices. Compared to either as a stand-alone 
system, we propose that integration of the technologies will increase energy 
production and achieve more complete wastewater treatment. Specific objectives of 
the research were as follows: 
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1. To design and fabricate (10) batch, anaerobic reactors for digestion, and (3) 
dual-chamber, flow-through MFC reactors. 
2. To quantify baseline power generation and electrochemical performance of 
these prototypes. 
3. To evaluate the quantity and quality of nutrients in the effluent from AD & 
MFC, as well as solids, COD, and coliform reductions during treatment. 
4. To evaluate the optimal retention times for AD & MFC, with the goal of 
balancing energy recovery with treatment efficiency. 
5. To install bench-scale MFCs to the effluent of existing, full-scale digesters, 
repeating objectives 3 & 4 above to obtain field data. 
6. To optimize the cathodic MFC reaction through the development and 







Chapter 2 : Literature Review 
 
2.1   Human Waste and Treatment Fundamentals 
2.1.1 Environmental Composition of High Strength Wastewater 
The composition of domestic sewage varies widely but is largely comprised of 
water (>95%), as well as biodegradable organic material, organics & inorganic 
nutrients, and other micro & macro pollutants. Dietary, cultural, and socio-economic 
factors influence nutrient concentrations in human waste, but, on average, each liter 
of human urine contains 3-7 g of total nitrogen (TN), and 0.4 – 0.8 g of total 
phosphorus (TP); each kilogram of feces (dry matter) contains, on average, 5-13 g TN 
and 3-5 g TP (Jonsson, Stinzing et al. 2004, Langergraber and Muellegger 2005). 
Assuming per capita waste production of 1.4 L urine/day and 102 g feces (dry 
weight)/day, the annual nutrient loading rates from fecal sludge (combined urine and 
feces) are 2.1-4.0 kg TN/cap/year and 0.3-0.6 kg TP/cap/year. The organic content of 
human waste is largely contained in the fecal matter, where each gram contains 46-78 
g chemical oxygen demand (COD) (Chaggu, Sanders et al. 2007). 
 With respect to combined waste streams, wastewater ‘strength’ is largely 
dictated by the degree of dilution from grey water (kitchens, showers, etc.) and/or 
conveyance water (e.g. flush toilets), and is characterized by the concentration of 
organic matter, either as biological or chemical oxygen demand (BOD, COD) or 
alternatively, by the concentration of solids, either as total solids (TS), suspended 
solids (SS) or volatile solids (VS). Owing to smaller volumes of gray and stormwater, 
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wastewater in the developing world is typically classified as high-strength, with COD 
concentrations exceeding 10 g COD/L (Strauss, Larmie et al. 1997). For comparison, 
the COD content of wastewater resulting from centralized collection in the US is 
typically 300 – 1,000 mg/L (Metcalf, Eddy et al. 2010). Fecal coliforms, as an 




 MPN per 
100 mL in high strength wastewater (Jimenez, Mara et al. 2010). Table 2-1 reviews 
the concentrations of key environmental parameters in wastewater, septage, sludge, 
and excreta samples.  
Table 2-1 Environmental Characterization of High-Strength Wastewater & Excreta Samples 
2.1.2 Aerobic BOD Removal 
Modern wastewater treatment plants (WWTPs) range from comparatively 
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engineered, multi-staged facilities. In the US, where federal and/or state standards 
regulate treatment levels, effluent discharged must not exceed 30 mg BOD/L, 30 mg 
TSS/L (Metcalf, Eddy et al. 2010). European regulations are somewhat more 
stringent, with maximum discharge limits of 25 mg BOD/L, 125 mg COD/L, 35 mg 
SS/L, 10 mg TN/L, 1 mg TP/L (Mara 2003). The unit operations driving advanced 
wastewater treatment in the US have been extensively reviewed by Metcalf & Eddy 
(2010) and Tchobanoglous (2003).  
Secondary treatment processes, typically involving physical aeration of waste 
to promote aerobic oxidation, are responsible for the majority of organics, solids, and 
pathogen removal (i.e., 85% BOD and TSS Removal). They are also energy 
intensive, accounting the largest fraction of a WWTP energy budget (Pham, Rabaey 
et al. 2006, Logan and Rabaey 2012, Wang, Ma et al. 2013).  
 
Figure 2-1 Division of energy requirements from the Blue Plains Wastewater treatment plant in 
Washington, D.C. 
 
In activated sludge (AS) processes, the most common form of secondary 
treatment, heterotrophic organisms are maintained in suspended growth reactors, 
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where they catalyze the oxidation of organic matter, coupled to the reduction of 
dissolved oxygen, as described by the following redox reactions, where wastewater is 
approximated as C10H19O3N (Metcalf, Eddy et al. 2010): 
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Much of the engineering of secondary treatment is driven by the biological 
thermodynamics and kinetics pertaining to aerobic respiration, with the goal of 
maximizing the rates of these reactions, i.e. the rate of BOD removal. Reactor design 
is typically governed by a 1-5 d solids retention time (SRT) and 6-8 h hydraulic 
retention time (HRT). Organic loading rates for AS are typically 0.16 – 1.6 kg 
BOD/m
3
/day, and recommended food-to-microbe (F/M) ratio are 0.091 – 0.23 kg 
BOD/L MLVSS/day, (Lee and Lin 2000, Tchobanoglous, Burton et al. 2003). 
Aerobic BOD removal is catalyzed by a host of organisms, including bacteria 
(predominated by Pseudomonas), protozoa (ciliates, amoeba), and multicellular 
organisms (rotifers, water bears, nematodes) (Madigan, Martinko et al. 1997, Bitton 
2005). Dense flocs (i.e. aggregates) of these cells form in suspension, which can then 
be settled out as ‘activated sludge’. 
Physical aeration of the waste is necessary to maintain dissolved oxygen 
levels for aerobic metabolism (i.e. > 3 mg DO/L). Specific oxygen supply rates are 
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dependent on wastewater strength, and the efficiency of mechanical aerators/diffusers 
varies widely, but on average 8 m
3
 of air is required per m
3
 of medium-strength 
domestic wastewater, corresponding to an energy demand of 0.50 – 0.75 kWh per kg 
COD removed (Lee and Lin 2000). As one example, in the case of the Blue Plains 
Advanced WWTP in Washington, D.C., which treats, on average, 2 billion L/d, this 
equates to 16 MW for aeration, enough to power 1600 average US households. 
As described by the governing redox reactions, the high energetic yield for 
organisms (-109.9 kJ/mol electron equivalent; -5,495 kJ/mol wastewater) facilitates 
rapid kinetics for the process and a relatively short HRT (e.g. 6-8 hr HRT). It also 
results in high cell yield (Y), whereby biomass resulting from cellular growth 
accumulate in AS tanks at a rate of ≃ 0.4 – 0.9 kg VSScells per kg BOD removed (see 
theoretical calculation in Section 2.3). Consequently, biomass must be regularly 
wasted from tanks and disposed of hygienically, resulting in additional energy/cost 
demands due removal, treatment, and disposal of sludge (Metcalf, Eddy et al. 2010).  
Biochemical differences between aerobic and anaerobic waste treatment 
govern much of the engineering and design of systems (summarized in Table 2-2), 
and can be used to compare AS to anaerobic digestion (AD), and to proposed 
bioelectrochemical system (BES) technology (i.e., microbial fuel cells (MFCs)). On 
the basis of cell (sludge) yields, anaerobic processes (e.g. methanogenesis), generate 
≤ 0.1 kg VSScells per kg BOD removed (calculations outlined in Section 2.3). Because 
they do not require biomass wasting, this can greatly simplify operation and 
maintenance, reduce the hazards associated with additional sludge disposal, and 
reduce cost and energy savings (Mara 2003, Tchobanoglous, Burton et al. 2003). 
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Anaerobic processes are typically capable of treating significantly higher organic 
loading rates, on the order of 1-5 kg COD/m
3
/day for low-cost digestion systems; 10-
40 kg COD/m
3
/day for high-rate reactors (e.g. the up flow anaerobic sludge blanket, 
UASB) (Bogte, Breure et al. 1993, Mara 2003, Appels, Baeyens et al. 2008). Higher 
loading rates correspond to reduced reactor volume, and thus reduced capital costs. 
Anaerobic treatment is often reported as being less stable than aerobic 
methods, where control of environmental parameters, such as pH, temperature, and 
inhibitory compounds, is of greater importance for maintaining a healthy microbial 
community. Additionally, the relatively slow growth rate of anaerobic organisms 
(typically modeled as methanogens) contributes to long start-up times (1-2 months, or 
2-3 HRTs for mesophilic conditions), and significantly longer required retention 
times (i.e. 30-60 HRT days low-cost, tubular digesters). 
 
Table 2-2 Process design comparison of Anaerobic and Aerobic methods of BOD removal 
Anaerobic Aerobic 
Recommended Organic Loading Rate 








(e.g. tubular or conventional AD) 
0.5 – 1.5 kg COD/m
3
/d 
(e.g. activated sludge processes) 
Biomass Yield 
0.05 – 0.15 kg VSS/kg COD 
(primarily dependent on substrate) 
0.35 – 0.45 kg VSS/kg COD 
(fairly constant irrespective of substrate) 
Start-up Time 
1-3 months; or 1-3 HRTs 1-2 weeks 
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2.1.3 Sanitation Options for the Developing World 
When evaluating the practicality, economics, and sustainability of wastewater 
treatment options in the developing world, the following general criteria have been 
developed by Mara (2003): 
 
Table 2-3 Criteria for Evaluation of Sanitation Technologies for the Developing World 
Criteria Details 
Low Cost Includes capital and operation and maintenance (O&M) 
Simplicity Construction; O&M complexities 
Energy Usage Preferably zero to avoid significant operating costs 
Chemical Usage 
Low, preferably zero, especially environmentally hazardous 
disinfectants, e.g. chlorine 
Small Land Footprint Where applicable, e.g. urban, peri-urban slums 
Treatment Efficiencies To meet effluent requirements 
Low sludge production Avoid additional cost, energy for treatment 
 
 
Wastewater treatment methods that involve centralized collection, and/or 
capital and energy-intensive methods (e.g. activated sludge) can often be ruled out on 
the basis of one or more of these criteria. Energy-neutral, land- based treatment 
methods of wastewater treatment (e.g. lagoons, stabilization ponds) have proven 
effective in rural areas (Strauss, Larmie et al. 1997, Jimenez, Mara et al. 2010); 
however, they require centralized collection and a large (10-15 m
2
 per person) 
footprint not suitable for urban settings. From an environmental perspective, land-
based treatment also poses a number of challenges; namely, the production of 
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methane from such open-air processes serves as a point source for greenhouse gases 
(El-Fadel and Massoud 2001). 
It has been demonstrated in a multitude of geographic and economic levels that 
decentralized wastewater treatment represents not only cost savings, but also 
significant environmental and public health benefits (Schönning and Stenström 2004, 
Langergraber and Muellegger 2005, Katukiza, Ronteltap et al. 2012). Septic tanks, 
which often serve the majority of the middle- and upper class in urban centers, can be 
an effective decentralized technique if installed in appropriate soils and maintained 
consistently, but otherwise, can rapidly contaminate groundwater and surface waters. 
Pit latrines, which currently meet the sanitation needs of most of the world’s rural 
poor, represent another method of decentralized sanitation, but effective treatment is 
greatly dependent on characteristics of the underlying soils and hydrology. Unlined 
latrines built in areas with high water tables (< 2 m to water table) or porous soils can 
quickly result in contamination of surface and shallow groundwater. Furthermore, 
when the underlying pit fills, it is often capped and the latrine is reconstructed over a 
newly dug pit, representing an additional point source for organic and fecal pollution. 
Composting latrines, both dry and source-separated, represent an ecological method 
of waste management that does not rely on the addition of water or energy to treat the 
waste. In dry systems, urine is diverted to a holding tank before dilution and direct 
crop application as liquid fertilizer. Feces falls into a separate chamber under the 
latrine, where dry absorbent materials (wood ash, straw) must be added to maintain 
conditions conducive to aerobic microbial and fungal degradation (e.g. 40-70% 
moisture). Depending on temperature, pH, and moisture content, the period required 
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for pathogen reduction to ≤ 200 MPN/g ranges from three months to a year 
(Stenström 2001, Redlinger, Graham et al. 2002). The dry compost can subsequently 
be applied as fertilizer to non-consumable crops. Importantly though, none of these 
techniques is capable of exploiting the biochemical energy present in domestic 
wastewater, and especially from the most common high-strength sources, like septage 
or pit sludge. 
 
2.2   Anaerobic Digestion 
2.2.1 Benefits and Dissemination of Biogas Technology 
The use of anaerobic digestion (AD) for waste treatment and energy 
production has been practiced at a household level since the early 20
th
 century, with 
China and India serving as the proving ground for many of the low-cost designs 
(Buysman 2009). To date, there are an estimated 30 million household digesters 
installed globally, with a high concentration in China, India, Nepal, and Bangladesh 
(Jiang, Sommer et al. 2011, Austin and Morris 2012, Rajendran, Aslanzadeh et al. 
2012, Thien Thu, Cuong et al. 2012). In the US, where digestion is often only 
economically viable at an industrial scale, the number is comparatively small 
(Klavon, Lansing et al. 2013). Approximately 1,500 systems have been installed at 
wastewater plants (representing ~10% of the total number of WWTPs in operation in 
the U.S.), and an addition 175 are currently installed on large-scale agricultural 
operations (USEPA and CHP 2001, Klavon, Lansing et al. 2013).  
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As stated previously, anaerobic methods of wastewater treatment are often 
considered to be economically and technologically more practical for the developing 
world, owing to the climatic conditions (15-30°C) and to the high organic loading 
rates that result from decentralized sanitation. AD represents one such method that 
benefits from these criteria, and, importantly, delivers a host of direct and indirect 
benefits for users, as summarized in Table 2-4, adapted from Buysman (2009) and 
Rajendran et al., (2012). 
 
Table 2-4 Review of direct and indirect benefits of anaerobic digestion for waste treatment 
Benefit of AD Details; Reporting authors 
Improved sanitation 
Elimination of fecal-oral route of pathogen transmission; increased 
productivity (Gadre, Ranade et al. 1986; Barreto, Genser et al. 
2007; Buysman 2009) 
Renewable and low-cost energy 
Biogas (≃65% methane); 395 mL CH4 per g COD (Marchaim 
1992, Rajendran, Aslanzadeh et al. 2012) 
Organic fertilizer 
production and associated increases in crop yields (Garfí, Ferrer-
Martí et al. 2011; Garfí, Gelman et al. 2011) 
Indoor air quality 
Biogas offsets use of traditional biomass for fuel (Smith and 
Mehta 2003; Rehfuess, Mehta et al. 2006) 
Elimination of odor Anaerobic (i.e. sealed) reactor architecture 
Environmental benefits 
GHG mitigation, BOD, pathogen removal from waste streams, 
avoided deforestation, chemical fertilizer substitution (El-Fadel 




The energy produced by digestion is termed ‘biogas’ and is a mixture of 
methane (50-70%), carbon dioxide (30-40%), and other trace compounds (2% H2O, < 
1% H2S, NH3,g). Energetic and physio-chemical properties of biogas are summarized 




Table 2-5 Energetic and physio-chemical characteristics of biogas (Buysman, 2009) 
Biogas Property Value 
Energy Content (HHV) 20-25 MJ/m
3 




Critical pressure 75-89 bar 
Critical temperature -82.5°C 
 
2.2.2 Biochemical Principles Governing AD  
The biochemical processes governing anaerobic digestion of organic matter 
are markedly similar to that of BES technology. Both processes rely on a consortium 
of bacterial (and archaeal, in the case of AD) populations to perform the following 
sequential, and often symbiotic reactions (Lettinga and Lexmond 2001): 
 Hydrolysis of lipids, complex polymers (e.g. cellulose, polysaccharides), and 
particulate organics to their monomeric factions (e.g. sugars, amino acids) 
 Fermentation (i.e. acidogenesis) of the solubilized monomers into organic 
acids, CO2, and H2 
 Acetogenesis of high molecular weight acids (e.g. butyrate, formate) to 




Where AD and BES technologies differ is in the ultimate mineralization of 
organic matter, typically represented as the oxidation of acetate coupled to either the 
reduction of CO2 (i.e. CH4 production in AD) or reduction of an electrode (i.e. 
current production in BES). The chain reactions and syntrophic relationships 
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Figure 2-2 Schematic representation of the microbiological pathways relevant to organic matter 
decomposition via anaerobic digestion and anode respiration. 
 
Although acetate is regarded as the most important precursor to methane 
production (substrate for acetoclastic methanogens), a number of hydrogenotrophic 
(i.e. H2 oxidizing) species have also been identified (Gerardi 2003, Mara and Horan 
2003). All known methanogenic species are neutrophilic and strictly anaerobic, 
requiring a relatively narrow pH window (6.5 – 8) and highly reduced conditions for 
growth (Lettinga 1995). The final step of methanogenesis is frequently reported as the 
rate-limiting step in kinetic models of AD, presumably due to the small energetic 
yields from the reaction (see section 2.3) and their low growth rates (i.e. 1 – 9 d 
doubling period) (McCarty 1975, Lettinga 1995, Mara and Horan 2003).  
Assuming 100% conversion efficiencies (e.g. no biomass yield), and STP (i.e. 
25.3 L/mol), theoretical methane production can be estimated as 395 mL CH4/g 
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COD removed, where the combustion of methane can be reported as a theoretical 
COD value (ThCOD, 64 g O2/mol CH4), as illustrated in the following reaction: 
                 
2.2.3 Process Design Considerations for AD 
Similar to activated sludge, much of the engineering of AD reactors is driven 
by the biological thermodynamics and kinetics pertaining to methanogens, with the 
goal of maximizing rates methane production and organic matter turnover. In addition 
to the prolonged long start-up time (2-3 X HRT), a host of additional process 
considerations govern AD design and have been reviewed by Amani et al., (2010), 
Lettinga et al., (1995), and others: 
Table 2-6 Summary of key process design criteria for AD (Lettinga 1995, Amani, Nosrati et al. 
2010) 
Process Parameter Specification 
Carbon-Nitrogen (C/N) Ratios 
COD:N ~ 30:1 – 150:1, where 40:1 is most 
commonly recommended
 
Organic loading rates (OLR) 
High rate AD, 3-35 kg COD/m3/d; Conventional 
AD, 1-5 kg COD/m3/d 
Temperature 
Mesophilic range, 30-37°C; Thermophilic range, 
55-60°C 
HRT 12-100 d 
Buffering capacity 
Sufficient alkalinity to buffer VFA production 
(e.g. 2,000 – 3,000 mg/L as CaCO3) 




2.2.4 Low-Cost Digestion Review  
Low-cost digester designs are typically sized to meet either household or 
community energy needs, where the volume is dependent on flow rate, loading rate, 
HRT, as described in the previous section. The designs most commonly reported on 
in the developing world include: (1) fixed-dome or ‘hydraulic’ digester; (2) floating 
drum or ‘KVIC’ digester; and (3) plug flow or ‘tubular’ digester (Figure 2-3). A 
pertinent review of the respective design criteria and performance from each type has 
been conducted by Rajendran et al., (2012) and Buysman (2009).  
 
 
Figure 2-3 Photographic and schematic (not-to-scale) representation of low-cost digester designs, 
where (A) and (B) illustrate tubular, plug-flow digesters; and (C) and (D) illustrate a modified 
floating drum design, that uses a 55 gallon drum (Courtesy: NCAT, 201 
 
The popularity of membrane-based, tubular digester has increased of late, 
likely owing to the modular, deployable design, low cost, and simplicity of 
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construction (Ferrer, Garfí et al. 2011, Garfí, Gelman et al. 2011, Rajendran, 
Aslanzadeh et al. 2012). Notably, this design is not subject to gas leakage that can 
result from imperfections in masonry construction, as is often the case with fixed-
dome designs, (Marchaim 1992, Rajendran, Aslanzadeh et al. 2012). Instead, both 
manure and gas are collected in membrane-based bags (e.g. polyethylene, PVC, 
geomembrane), where gas can be subsequently transported by flexible or rigid tubing, 
or by physical transport of gas bags. 
Similar to conventional AD designs, the recommended organic loading of 
tubular systems in mesophilic conditions is typically between 1-3 kg VS/m
3
/d; 
recommended solids content is 5-10% (w/w) (Mara 2003, Rajendran, Aslanzadeh et 
al. 2012). 
  A large range of specific biogas production rates has been reported (Buysman 
2009, Rajendran, Aslanzadeh et al. 2012); however, values typically fall in the range 
of 0.26 – 0.55 m
3
 biogas/kg VS/day. Importantly, many studies do not report data on 
COD or solids removal, or do not specify VSadded versus VSremoved; making it difficult 





 reactor volume per day, or m
3
 biogas per kg VSadded or per kg 
CODadded. 
 One of the earliest reports comparing plug flow and continuously mixed 









 reactor/d (PFR), both at 15 d HRT 
(Hayes 1979, Marchaim 1992). Specific biogas yield was also enhanced, from 0.281 
m
3
 biogas/kg VSadded (CSTR) to 0.337 m
3
 biogas/kg VSadded (PFR). Both were dairy 
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digesters operated in relatively ideal conditions (12.9% solids loading) and were 
maintained as research systems on a university campus, which likely contributed to 
their high production rates, in comparison to other low-cost PFR studies. 
 In an early report of low-cost tubular systems, digesters sited in rural 




 digester volume/day, which 
provided > 4 hours of cooking fuel per day (An, Preston et al. 1997). More recent 
analysis on low-cost tubular designs has centered in Latin America. Lansing et al., 
(2008a; 2008b) evaluated two low-cost agricultural systems, operated in tropical 












 digester volume/day (swine manure; OLR ~ 0.20 kg COD/m
3
/d). 
On the basis of VS, this equates to 4.0 m
3
 biogas/kg VSadded/d (dairy) and 1.0 m
3
 
biogas/kg VSadded/d (swine). High efficiencies for COD and solids removal were 
reported from both systems—86.1% COD and 80.3% VS (dairy); 91.9% COD and 
83.0% VS (swine). 
Reports by Garfi and colleagues (Ferrer, Garfí et al. 2011, Garfí, Ferrer-Martí 
et al. 2011) evaluated similar tubular systems fed with cow manure, but sited in a 
mountainous region of Peru (Cusco, Peru), where they were subject to psychrophilic 
conditions (i.e. 10 – 20°C), along with significant diurnal temperature fluxuations. By 
employing a greenhouse design, they were, notably, able to achieve comparable 
specific production rates of 0.32 – 0.36 m
3
 biogas/kg VSadded, and a maximum 




/day (OLR, 1.29 kg VS/m
3
/d) from 
household-scale (i.e. < 8 m
3
) systems. Daily biogas production provided sufficient 
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fuel for 2-3 hours of cooking, equivalent to 40-60% of the energy requirements for a 
family of 3-5 members (Ferrer, Garfí et al. 2011, Garfí, Ferrer-Martí et al. 2011). 
 
 
2.3   Bioelectrochemical Systems & the Microbial Fuel Cell 
2.3.1 Microbial Fuel Cell Principles 
Fuel cells are commonly described as devices that directly and continuously 
convert chemical energy into electrical power, via the oxidation of a substrate 
coupled to the reduction of an oxidant (Barbir 2005). They operate without 
combustion steps and do not require recharging, unlike voltaic batteries. They do 
however, require a continuous supply of fuel and oxidant to maintain current. 
In the case of abiotic fuel cells, a reduced fuel (e.g. hydrogen or methanol) is 
oxidized at the anode, yielding electrons, which conducted through an external circuit 
to the cathode, where they are consumed by the reduction of an oxidant, such as 
oxygen. Abiotic fuel cells typically require non-renewable catalysts, such as 
platinum, to catalyze the oxidation of electrochemically active fuels (Barbir 2005, 
Lovley 2006).  
The microbial fuel cell (MFC), which represents one application of 
bioelectrochemical system (BES) technology, operates on similar principles: it 
continuously converts the biochemical energy present in organic or inorganic material 
into electricity using bacteria, rather than platinum, as the catalyst to oxidize fuels 
(Bennetto, Stirling et al. 1983, Logan, Hamelers et al. 2006). In the case of organic 
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wastes, the biological oxidation of a substrate (e.g. acetate) is accompanied by the 
release of CO2, protons, and electrons, according to: 
 
 




    
 
 
    
 
 
    
        
A select but ubiquitous class of environmental microorganisms, termed anode 
respiring bacteria (ARB), will form a robust biofilm on the surface of non-corrosive 
anode (e.g., graphite) that catalyze the anodic reaction by coupling oxidation of 
organic matter to reduction of the anode. A fraction of the original energy release 
from organic matter is utilized by ARB for anabolic purposes (i.e. Yh, 0.406 g VSS/g 
ThCOD, described in Section 2.3). In natural environments, the remaining electrons 
are captured by a thermodynamically favorable terminal electron acceptor (TEA), 
such as oxygen, nitrate, and carbon dioxide. In the case of the MFC, the anode serves 
as the TEA, and the rate at which ARB can transfer electrons to the anode is termed 
their catalytic activity, measured in C/s (A), and which is governed in part by the 
thermodynamic potential (i.e. V vs. SHE) of the anode. By capturing a certain 
fraction of the energy release for cell growth, the biofilm is able to derive sufficient 
benefit from the catalytic process to sustain itself, such that catalytic activity does not 
wane over time. 
Electrical current is subsequently produced when electrons are conducted 
from anode to cathode via an external circuit (i.e. conductive wire plus resistor), 
where they are consumed by the reduction of an oxidant. Oxygen reducing cathodes 
are most commonly utilized, whereby protons and electrons react with dissolved 
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Four-electron oxygen reduction is typically observed with highly active catalysts (e.g. 
Pt, Pd), while the two-electron mechanism is associated with less active catalysts (e.g. 
graphite). 
As in abiotic fuel cells, the electrical power that is generated by an MFC 
results from the difference in electrochemical potentials of the anode and cathode that 
are governed by their respective half-reactions (oxidation of organic matter at the 
anode catalyzed by ARB, and oxidation of oxygen and the cathode). This difference 
in electrochemical potentials results in a voltage between the electrodes (cell voltage, 
V) that drives current from the anode through the external circuit to the cathode, 
where the resulting power delivered to the external circuit is described by Ohm’s Law 
(i.e. V = IR; P = IV, where I is current and R is resistance of the external circuit). To 
maintain pH ad electroneutrality, protons must be continuously removed from, or 
balanced with hydroxyls, in the anode chamber. In the case of two-chamber MFCs 
with oxygen reducing cathodes (as depicted in Figure 2-4; Tender 2013), this is 
typically accomplished with an ion selective membrane (e.g. Nafion), which 
physically separates anode and cathode half-cells. The purpose of the membrane is 
two-fold: to avoid oxygen intrusion into the anodic half-cell, which can reduce 
Coulombic efficiency (ratio of organic matter degradation resulting in electrical 
current production to total amount of organic matter degradation occurring in the 
anodic chamber) and poison the ARB biofilm, and to enable the selective flow of 
charged ions (e.g. H
+
 diffusion through Nafion) that maintains charge and pH 
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neutrality. Importantly, such membranes were designed for the high-temperature, low 
pH, high pressure conditions typically associated with abiological fuel cells. 
Numerous investigations have concluded that membrane-associated internal 
resistance in MFCs contribute significant Ohmic resistance, and are the limiting 
factor in ultimate current/power outputs (Rozendal, Sleutels et al. 2008, Sleutels, 
Hamelers et al. 2009, Choi, Chae et al. 2011). This is especially the case in 







) contributes to cationic membrane inefficiencies (i.e. 
transport of other cations is preferential over H
+
). As such, anion exchange 
membranes (AEM) have demonstrated somewhat higher efficiencies in waste-fed 
MFCs, though significant membrane losses still occur (Rozendal, Sleutels et al. 2008, 
Sleutels, Hamelers et al. 2009, Popat, Ki et al. 2012).  
 





Figure 2-5 Schematic depiction of typical single-chamber MFC (Tender, 2013) 
 
In the case of a single-chamber (membraneless) MFC (depicted in Figure 2-
5) (Tender, 2013), which is the most common alternative MFC design, a permeable 
cathode (typically carbon cloth) is used to seal the open end of the anodic chamber. 
The cathode is made impermeable to water through the use of ‘water-proofing’—
typically accomplished with multiple applications of polytetrafluoroethylene (PTFE, 
i.e. Teflon) solutions painted onto the cathode surface (Liu and Logan 2004, Cheng, 
Liu et al. 2006). In this way, the oxygen from ambient air is allowed to diffuse 
through the semi-breathable cloth and react with catalytically active sites on the 
cathode (i.e. the side in contact with the anodic solution). While this configuration 
eliminates the membrane-associated internal resistance, such MFCs exhibit other 
limitations. Most notably is the intrusion of oxygen into the anodic chamber owing to 
incomplete reduction of oxygen at the cathode surface, which typically results in 
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reductions in Coulombic efficiency (Liu and Logan 2004, Hu 2008, Du, Xie et al. 
2011).  
 
A common MFC uses acetate as the fuel, either added to water or as found in 
wastewater, and oxygen as the oxidant. The net MFC reaction is thus described by the 
following chemical equation:  
Net Reaction: CH3COOH + 2O2  2CO2 + 2H2O, ∆G
0
 = - 875 kJ/mole of acetate 
This reaction is the result of two coupled half-reactions, the oxidation of 
acetate occurring at the anode, and the reduction of oxygen occurring at the cathode:  









  4H2O 
 
2.3.2 Fuel Cell Performance Metrics—Energy, Voltage, Current, and Power 
Like other fuel cells and batteries, the performance of an MFC is 
characterized by its voltage (V): the amount of energy imparted to the load per 
electron flowing through the load; current (I): the rate at which electrons flow through 
the load; and power (P): the rate at which energy is imparted to the load (P) where 
power is the product of current and voltage (P = I V) (USDOE and EG&G 2004, 
Barbir 2005). As in the case of fuel cells and batteries, voltage and current are 
interdependent. The maximum voltage that can be generated by a MFC, referred to as 
the open circuit voltage (OCV), occurs when the resistance of the load is very high 
such that essentially no current flows from anode to cathode. The theoretical open 
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circuit voltage is related to the free energy of the net reaction (∆G
0
) of the MFC by 




Where n is the number of electrons released per molecule of fuel oxidized (eight in 
the case of acetate) and F is the Faraday constant (96,487 coulombs/mole of 
electrons) yielding 1.13 V for an acetate and oxygen consuming MFC. The 
importance of OCV in characterizing a MFC is that it represents that upper limit of 
voltage (energy per electron) that a given MFC can deliver based on the specific net 
reaction occurring (i.e., the fuel and oxidant used). Conversely, when the MFC is 
operated at short circuit, such that resistance between anode and cathode is very 
small, current is then able to flow as quickly as can be generated by the MFC 
(referred to as limiting current, IL). 
Neither open circuit nor short circuit conditions result in power being 
generated by the MFC. To assess the potential for power production from an MFC, a 
technique referred to as polarization analysis is performed. Starting at open circuit, 
current is increased from zero by systematically decreasing the external resistance, 
and subsequently decreasing cell voltage and increasing current, where for each 
amount of external resistance P = IV. Maximum power is produced at some 
intermediate resistance/cell voltage combination between open and closed circuit. The 
resulting voltage vs. current and power vs. current polarization plots, which are 
analogous to those used to study battery and fuel cell performance, provide a 
significant amount of information about the specific MFC being analyzed.  
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Irreversible losses (i.e. Ohmic, activation, mass transport) at electrodes and/or 
the membrane have been observed in all MFC configurations to date, and have the 
cumulative effect of increasing the anode potential and decreasing the cathode 
potential, thereby reducing overall cell voltage (Barbir 2005, Chang, Moon et al. 
2006, Rismani-Yazdi, Carver et al. 2008). In the case of MFCs, observed values of 
OCV are typically much lower than the predicted value, i.e. ~0.6 – 0.8 V, and are the 
results of limitations at anode, cathode, membrane, or some combination thereof. 
To illustrate the effect of membrane losses, for example, on current/power, 
figure 2-6 (Tender 2013) depicts simulated voltage vs. current plots (black curves) 
and corresponding power vs. current polarization plots (red curves) for three related 
MFCs with sequentially increasing membrane resistance. These plots where 
simulated by numerically partitioning the cell voltage (V) into two components, one 
that is utilized to drive ions through the membrane (wasted), the other utilized to 
drive electrons through the external electrical circuit (resulting in power generation), 
where the flux of ions (expressed as current) is equal to the current through the 
external circuit, where the standard Butler-Volmer relationship is used to describe the 
rate vs. electrode potential dependency of the two electrode reactions (Tender, Carter 
et al. 1994), and where the cathode is assumed to be extremely large so as not to be 
the limiting factor. Here, j is current density (current normalized by volume of the 
MFC), jL is the limiting current density (maximum current density the MFC can 
achieve at short circuit for which voltage is 0), V is voltage, VOC is the open circuit 
voltage (maximum voltage the MFC can achieve at open circuit for which current 
density is 0), W is power density normalized by volume of the MFC), and WL is the 
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limiting power density (product of open circuit potential and limiting current density). 
Curves labeled A correspond to those expected for a MFC that is limited in 
performance by the anode, achieved in practice by using an anode with very small 
surface area to the membrane and to the cathode (Logan 2008). The shape of power 
curve A (red; resembling that of a shark fin) is indicative of such an anodic limitation; 
in this case, maximum power density occurs when current density is very close to the 
closed circuit current. In the case of a wastewater-fed MFC, this would represent an 
idealized system where maximum substrate turnover (i.e. BOD removal) coincided 
with maximum power production. Curves labeled B correspond to those expected for 
the same MFC when there is non-negligible resistance to ion flow due to poor 
membrane performance, resulting in downward curvature of the power vs. current 
polarization plot, reduced power density, and maximum power density occurring at 
lower current density than in the case of A. Curves labeled C correspond to those 
expected for the same MFC when there is significant resistance to ion flow due to 
very poor membrane performance, resulting in a semicircular power density vs. 
current density polarization (as topically observed for real MFCs), where maximum 
power density is considerably lower than in the two other cases.  
Such losses can be quantified (and minimized) experimentally by controlling 
the potential of the electrode, as in three electrode configurations, with a potentiostat, 
or by adjusting current flow from anode to cathode (via a variable resistor). This 
allows the potential difference between the redox potential of the substrate and the 
anode potential to be increased, making the insoluble electrode preferential for 
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bacterial reduction relative to alternative processes like fermentation, while still 
maximizing MFC voltage (Logan, Hamelers et al. 2006).  
 
Figure 2-6 Simulated voltage vs. current and power vs. current polarization plots for a two-
chamber MFC in which membrane resistance to ion flow is progressively increased 
 
2.3.3 Waste-fed MFCs 
A commonly proposed application of MFC and other bioelectric technology is 
for the simultaneous treatment and energy recovery from domestic and industrial 
waste streams (Aelterman 2006, Rozendal, Hamelers et al. 2008, McCarty, Bae et al. 
2011, Logan and Rabaey 2012). The vast majority of MFC literature to-date has 
utilized synthetic waste streams, which are typically derivatives of acetate- or 
glucose-based, mineral media recipes (Rozendal, Hamelers et al. 2008, Fornero, 
Rosenbaum et al. 2010, Pant, Van Bogaert et al. 2010). The use of an acetate-based 
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media ensures optimal microbiological and electrochemical conditions (e.g. 
optimized substrate dilution rates; minimize solution resistance), and thus provides 
valuable baseline data to evaluate MFC performance, and especially the catalytic 
activity by ARB. Importantly though, the environmental characteristics of dilute, and 
especially high-strength, wastewater are vastly different than microbiological media. 
Waste composition, in addition to being highly variable, is ill-optimized in many 
ways for maximizing fuel cell performance—concentrations of acetate, the most 
common ARB substrate, are often too low (e.g., < 5 mM CH3COO-) to optimize the 
catalytic activity (i.e. anodic current); the presence of cellulose and other 
hydrolysable compounds increases required retention times and encourages growth of 
hydrolytic and fermentative species which do not contribute to current; and the low 
buffering capacity contributes to pH gradients within the anodic biofilm; the 
negligible conductivity of wastewater (~ 1 mS/cm) adds solution resistance to the 
transport of protons; and the presence of fermentation intermediates (e.g., H2S) and 
heavy metals (e.g., FeCl3 coagulant) would be a significant challenge to known 
cathode catalysts (e.g., Platinum) and membranes (Rozendal, Hamelers et al. 2008, 
Pant, Van Bogaert et al. 2010, Logan and Rabaey 2012). The effect(s) that each of 
these parameters has on anode, cathode, and membrane losses has been studied at a 
very limited extent (Vega, Chartier et al. 2010, Choi, Chae et al. 2011). 
 The maximum reported electrical output from an MFC has increased 





reported under optimal conditions (Fan, Hu et al. 2007). Much of this progress though 
has been reported with highly refined media, as described above. Also, and perhaps 
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more significantly, scaling of MFC power with reactors > 1.0 L has not been 
demonstrated under any operational conditions, and many of the studies reporting 
high power densities (i.e., > 1 W/m
2
 or > 100 W/m
3
) utilized  < 0.1 L reactors, or 
reported on stacked fuel cell configurations to reduce cathode limitations (Fornero, 
Rosenbaum et al. 2010, Pant, Van Bogaert et al. 2010, Logan 2012).  
Progress on real waste-fed MFCs has been significantly more limited, and a 
review of reported COD removal rates (% and kg/m
3





) from systems fed with domestic or high-strength wastewater is 
summarized in Table 2-7. Reports utilizing a ferricyanide catholyte or acetate-
amended waste streams were omitted from the review. Percent COD removal 
numbers are qualified with the reactor’s HRT (for flow systems) or batch cycle period 
(for batch loaded systems). 
Many of the systems were performed as batch, or fed-batch, experiments at 
small (< 0.1 L) volumes. This is problematic because of (1) the highly heterogeneous 
nature of domestic wastewater; (2) the low substrate (e.g., acetate) concentrations 
described above; and (3) the prolonged retention times (e.g., > 10 d HRT), which 
provide little meaning to COD removal rates in comparison to other BOD removal 
processes. Studies with G. sulfurreducens (the most studied, highest current 
generating ARB) have shown that, when fed with media containing 10 mM sodium 
acetate, dilutions rates > 0.09 h
-1
 are required to maintain maximum catalytic activity 
(Strycharz, Malanoski et al. 2011). Thus, the low power output from batch 
wastewater studies may be due to rapid depletion of substrate by ARB, rather than 
inhibition by the waste stream. One side-by-side comparison of identical, flow 
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reactors showed an 82% reduction in maximum power under the flow of primary 
effluent wastewater, rather than a buffered, acetate (1g/L; ~ 10 mM) media, though a 
comparison of retention times for the acetate stream was not provided (Hays et al., 
2011).  
Notably, Min & Logan (2004) achieved relatively high power and COD 
removal at retention times that are competitive with activated sludge processes (i.e. 
19 W/m
3
 and 79% COD removal at 4 h HRT). The design of this reactor, a flat plate 
assembly with a serpentine flow path, yielded a high surface area per volume ratio, 
likely enhancing catalytic activity, and thus COD removal, by maximizing the 
interaction between the waste stream and the anodic biofilm. A number of these 
reports, including the reactor by Min & Logan, utilized a platinum-based cathode 
catalyst (e.g., 0.5 mg Pt/cm
2
) to accelerate rates of oxygen reduction at neutral pH. It 
is unclear how quickly, and to what degree, platinum is fouled at the cathode of 
wastewater-fed MFCs; however, reports on H2S fouling in abiological fuel cells 
would suggest this to be a significant problem (Zhang 2008). 
Scaling of MFC reactors, and optimization of actual waste-fed systems, 
remains a primary challenge to practical implementation of BES for wastewater 
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c NR NR 130 4.3 4.3 Weld, 2010 
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2.4   Bioenergetics of BOD Removal through Aerobic Respiration, 
Methanogenesis, and Anode Respiration 
 
As stated previously, secondary treatment is responsible for the majority of 
organic, solids, and pathogen removal in a WWTP, and is frequently hypothesized to 
be replaced by BES technology. The biological thermodynamics of AS thus provide a 
useful, albeit simplified, comparison for understanding AS, AD, and MFC energetics 
and the theoretical energy value of domestic wastewater. For the purpose of this 
review, focus will be placed on the bioenergetics of BOD removal through (1) Aerobic 
respiration (i.e. activated sludge); (2) Methanogenesis (i.e. anaerobic digestion); and 
(3) Iron reduction (i.e. anode respiration, as in a MFC). 
The redox reactions, and associated thermodynamics, of aerobic wastewater 
treatment can be described as follows, where we approximate wastewater (electron 
donor) as C10H19O3N, oxygen serves as the terminal electron acceptor (TEA) for 
respiration, and values of Gibb’s free energy (∆G
0’
) represent biological standard 
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In the context of biological energetics, the net energy release of the reaction is 
significant (∆GR, -109.9 kJ/mol e
-
; -5,495 kJ/mol wastewater), but a fraction of this 
energy is used for cell synthesis, and thus ∆GR is not necessarily indicative of the 
energy that may go to energy yielding processes (e.g. CO2 reduction; anode 
respiration). To estimate theoretical energetic yields, biomass yield (Y) and the 
associated parameters of fe and fs (fraction of electrons going to energy and cell 
synthesis, respectively) must first be evaluated. 
From an energetic perspective, removal of the energy (i.e. organic matter, 
COD, BOD) from wastewater is attained via two pathways: (1) through biological 
energy losses (as heat) to the surroundings (i.e. biological inefficiencies); and (2) 
through anabolic transformations of wastewater organics into biomass (Mara and 
Horan 2003). The cumulative energy yield from these two pathways is referred to as 
the biomass yield coefficient (Y) for organisms and is represented as a fraction of the 
original organic matter present in the wastewater (i.e. the mass of cells formed per 
mass of organic material utilized). In other words, specific yield describes the division 
of electrons from the original organic material to new cellular mass, where the 
remainder are captured by the terminal electron acceptor (TEA) for energetic gains, 




Figure 2-7 Schematic showing the division of electron equivalents from electron donor to 
cell synthesis and energy production (Courtesy: Rittman & McCarty, 2000) 
 
 
An understanding of the flow of electrons from substrate to TEA thus 
provides a useful starting point for comparing theoretical energy gains from 
anaerobic digestion vs. bioelectric technology, where the fe value can be thought 
of as an energetic efficiency factor, comparable to the empirically based measures 
of Coulombic efficiency in MFCs.  
Following the methods proposed by McCarty (1971) and Rittman & McCarty 
(2001), estimations for Y, fe, and fs can be developed using the following 
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- ∆Gs = free energy to convert 1 e
-
 eq of carbon to cells 
- ∆Gp = free energy to convert 1 e
-
 eq of carbon to pyruvate 
   = +81.2 kJ/e
-
 eq (acetate/pyruvate) 
- ∆GR = free energy release from oxidation-reduction 
- K = fraction of energy captured by bacteria (K ≃ 0.4-0.8 ) 
- m = +1 if ∆Gp > 0 
  = -1 if ∆Gp < 0 
- ∆Gc = free energy to convert 1 e
-
 eq of pyruvate to cells 
  = +31.41 kJ/e
-
 eq. cells 
- ∆GN = free energy required to reduce N to NH3 
= +17.46 kJ/e
-
 eq cells (NO3
-
) 
= + 13.61 kJ/e
-





 eq cells (N2) 
= 0.00 kJ/e
-
 eq cells (NH4
+
) 
- fe = e
-
 mole substrate oxidized per e
-
 mole substrate used 
(fraction of electron donor used for energy/TEA) 
- fs = e
-
 mole substrate used for cell synthesis per e
-
 mole 
substrate used (fraction of electrons used for cell synthesis) 
- Th.COD of cell tissue = 1.42 g cell COD per g cell VSS 
 
 
In the following example calculations, we calculate theoretical fe values for the 
two waste-to-energy technologies under investigation—AD and MFC—as a means for 
comparing the theoretical energy conversion by the microbiological processes (i.e. 
methanogenesis vs. anode respiration). As a baseline, we also calculate fe values for 
activated sludge—the energy-demanding wastewater treatment process used by the 





assumed as the organic carbon source and electron donor for all three processes, as it 
is the substrate commonly utilized by heterotrophic metabolism, either by 
methanogens, ARB, or aerobic organisms. The bacterial efficiency factor (K) is 
assumed to be 60% based on Metcalf & Eddy (2010) and ammonium is assumed as 
the nitrogen source (∆Gn = 0 kJ/e
-
 eq).  
For the case of activated sludge, the redox reactions associated with aerobic 
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The significant energy release (∆GR, -105.8 kJ/mol e
-
; -846 kJ/mol acetate) is 
comparable to that of wastewater, where both substrates create a large energetic 
potential for aerobically respiring organisms. To calculate the fraction of free energy 
diverted to cell synthesis, we assume pyruvate as the intermediate compound, as it is 
produced immediately before the division of electrons between substrate level 
phosphorylation (i.e. no electron release) and oxidative phosphorylation (i.e. electron 
release to terminal electron acceptor. Figure 2-8 illustrates the position of pyruvate in 





Figure 2-8 From Mara et al. (2003); Schematic representation of heterotrophic metabolism of 
organic matter. Pathways illustrate (1) carbon flow from organic matter to carbon dioxide; (2) 
electron flow from donor to acceptor; and (3) energy capture as ATP in substrate. 
 
 
Using similar steps, the free energy release from coupling acetate oxidation to 
the formation of pyruvate (CH3COCOO
-
) is thus 81.2 kJ/e
-
 eq (∆Gp). Substituting into 
equation 2-1, the value of ∆Gs is calculated to be +44.94 kJ/e
-
 eq (constant value when 
acetate serves as electron donor). Further substitution into equation 2-3X yields a fe/fs 
ratio of 0.707. Using the relationship in equation 2-2, values of fe and fs for aerobic 
respiration on acetate are thus calculated to be 0.41 and 0.59, respectively. That is, 
59% of the electrons liberated through substrate oxidation will go to the synthesis of 
new cells, and the remaining 41% of electron equivalents will go to energy yielding 
 49 
 
processes (i.e. oxygen reduction). Assuming a COD value for cell tissue of 1.42 g 
COD per g VSS (VSS as proxy for biomass), the cell yield for the process (Y) can 
also be calculated as 0.42 g VSS/g COD (Metcalf, Eddy et al. 2010). 
Experimentally measured values of cell yield for activated sludge are typically within 
close range of this theoretical value (i.e. Yemp, 0.42 – 0.45 g VSS/g COD) (Mara and 
Horan 2003, Tchobanoglous, Burton et al. 2003, Metcalf, Eddy et al. 2010). 
In the case of anaerobic respiration, we can use similar stoichiometric 
relationships to assess the electron yields and associated theoretical energy gains from 
anaerobic digestion and bioelectric technology. The redox reactions associated with 
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Similarly, for acetate oxidation coupled to iron reduction (i.e. anode 
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        ∆G0’, -27.68 kJ/e- eq 
Red:        →       ∆G0’, -74.4 kJ/e- eq 
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Again using acetate as the electron donor and ammonium as the nitrogen 
source, we calculate a ∆Gs of 44.94 kJ/e
-
 eq for both processes. Following from the 
steps outlined above and equations 2-1 through 2-4, we can determine cell yield 
coefficients, fe, and fs for each of the potential waste-to-energy processes, which are 
summarized in Table 2-8. 
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3+ -816.6 0.406 0.423 0.577 -345.4 
 
 
As can be seen in Table 2-8 there are significant differences between the 
theoretical energy released from substrate oxidation (∆GR) and the fraction of 
oxidizable substrate (fe) that is available for energy production. In the case of 
methanogenesis, significantly less free energy is available through acetate 
oxidation/CO2 reduction; however 95.4% of substrate-available electrons will be 
oxidized for an energetic benefit (i.e. CH4 production).  
Importantly however, calculation of Y and fe are likely influenced by 
differences in the energetics of fixed-film or attached growth (e.g., the MFC), versus 
suspended growth (e.g., AS or AD) process. There have been many reports of 
Coulombic efficiencies exceeding 42%, especially in MFCs fed with refined substrates 
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(e.g., acetate). One hypothesis is that the energetic requirements of the anodic biofilm 
decline as the biofilm matures, until a steady-state condition is reached, where cells 
can turn over acetate to produce current without any energetic yield. Though this is 
speculative, a comparison of bio-energetic calculations with empirical data may serve 
to better understand and predict the theoretical energy that can be extracted from 
digestion and/or bioelectrochemical technology.   
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Chapter 3 : Hybrid Anaerobic Digester-Microbial Fuel 
Cell for Energy & Nutrient Capture from Latrine 
Sludge 
 
3.1   Introduction 
Critical needs exist for effective human waste treatment and low-cost sources 
of energy across the developing world(Legros, Havet et al. 2009, UNEP and Corcoran 
2010). Consequently, a large space exists for innovative technologies that exploit the 
large reserves of biochemical energy and nutrients present in human excreta for 
energy generation (e.g., 4.5 g total N per L urine; 1 kWh per kg carbohydrate) 
(Jonsson, Stinzing et al. 2004, Pham, Rabaey et al. 2006). The production of value-
added products from waste treatment (e.g. decentralized energy, high-value fertilizers) 
could serve as a means for incentivizing cultural acceptance of new technology, as 
well as maintenance and upkeep of sanitation facilities. The study reported here, 
explores integration of two waste-to-energy technologies—low-cost anaerobic 
digestion (AD) and the microbial fuel cell (MFC)—as primary and secondary unit 
processes for high-strength wastewaters, such as pit latrine sludge or septage. 
Owing to the negligible volumes of gray and storm water, waste streams 
resulting from decentralized sanitation are typically classified as high-strength, and 
contain large stores of biochemical energy (as measured by chemical oxygen demand, 
COD, or biological oxygen demand, BOD), as well as high nutrient and pathogen 




 fecal coliforms per 
100 mL) (Montangero and Strauss 2002, Jimenez, Mara et al. 2010). Table 3-1 
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summarizes the composition of different high-strength waste streams common to 
decentralized sanitation. In addition to the high organic loads, the climatic conditions 
of many developing countries (i.e. 15-30°C) are beneficial to anaerobic methods of 
waste treatment, like anaerobic digestion (AD). In tropical or sub-tropical climates, 
mesophilic conditions can be maintained without heating or insulation of digesters, 
yielding more favorable economic and energy returns for the systems (Lansing, 
Viquez et al. 2008, Klavon, Lansing et al. 2013). Un-mechanized, low-cost digester 
designs (e.g. 50 gal drums, tubular polyethylene bags), in particular, have 
demonstrated success in a number of countries (e.g. Costa Rica, Mexico, China) (Bhat, 
Chanakya et al. 2001, Chaggu, Sanders et al. 2007, Lansing, Botero et al. 2008, 
Buysman 2009, Arthur, Baidoo et al. 2011, Rajendran, Aslanzadeh et al. 2012). They 
are capable of treating high organic loads (e.g. 3.2 – 7.2 kg VS/m
3
/day) at moderate 
hydraulic retention times (i.e. 20-40 d HRT), and produce methane gas at rates of ≃ 
0.2 – 0.35 m
3
 CH4/kg COD, making them competitive with more capital-intensive 
digester designs (e.g. heated and continuously stirred tank reactors, CSTRs) 
(Marchaim 1992, Lansing, Viquez et al. 2008, Klavon, Lansing et al. 2013). A second, 
value-added product of digestion is the liquid digester effluent (i.e. the digestate), 
which contains high levels of soluble nitrogen, primarily as NH3, and phosphorus, and 
can be land applied as fertilizer (Schievano, D’Imporzano et al. 2011). Importantly 
though, practical limitations on reactor volume, temperature, and operating conditions 
mean that a fraction of the material will not be fully oxidized, leading to incomplete 
oxidation or organic matter and an effluent stream with relatively poor quality (e.g. > 
200 mg BOD/L) (Marchaim 1992, Lansing, Viquez et al. 2008). This often 
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necessitates secondary processes (e.g. treatment wetlands) that increase costs without 
adding value or resource-recovery (Mowat, Singh et al. 1986).  
The second waste-to-energy process evaluated in this study is the MFC—an 
emerging technology that couples microbial degradation of organic matter (e.g. 
acetate) with direct production of electricity in a biologically-based fuel cell (Rabaey 
and Verstraete 2005, Logan, Hamelers et al. 2006). When fed with complex waste 
streams like. wastewater, the metabolic pathways most commonly used to describe the 
conversion of organic matter to current are as follows—a consortia of hydrolytic and 
fermentative organisms metabolize glucose and other carbohydrates, producing 
intermediates (e.g. organic acids, primarily as acetate, lactate) which can subsequently 
be utilized as the electron donor for anode respiring bacteria (ARB), which colonize 
the anode surface and are contained within the anodic half-cell (Parameswaran, Torres 
et al. 2009). Dissimilatory metal reducing bacteria (DMRB) such as Geobacter 
sulfurreducens, Shewanella putrefaciens, are commonly identified in ARB biofilms, 
where they serve as microbial catalysts to couple organic acid oxidation to the 
reduction of a non-consumed electrode. This process is analogous to Fe(III) reduction 
by DMRB in sediments (Lovely 1993). The anodic process is coupled with the 
reduction of an oxidant (e.g. oxygen) at the cathode, contained within the cathodic 
half-cell, where electrical current/power is proportional to the rate at which electrons 
can be transported from anode to cathode using an external circuit.  
The anodic reaction of MFCs fed with simple substrates (e.g. acetate) is 
relatively well-understood, with reaction rates (expressed as current density) reaching 
an apparent limit of 10 Am
-2
 electrode surface area catalyzed by pure culture 
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organisms (e.g. G. sulfurreducens) or mixed, environmental biofilms (Torres, 
Krajmalnik-Brown et al. 2009, Strycharz, Malanoski et al. 2011). This upper limit for 
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Where I is current (C/s); M is the molecular weight of the oxidizable substrate 
(g/mol); ThCOD is the theoretical COD of the substrate which in the case of acetate is 
1.067 g O2/g acetate (i.e. 2 mol O2 consumed per mol acetate oxidize and 
incorporating a molar weight ratio); F is the Faraday constant (96,487 C mol
-1
 
electrons); n is the number of electrons released per molecule of substrate oxidized (n 
= 8 in the case of acetate); and A is the geometric surface area of the anode (m
2
).  
 Importantly, this calculation assumes that the electrode surface is relatively 
smooth and that the entire surface area is electrochemically active (i.e., portions of the 
anode are not obstructed to mass transport of reactants or products). For MFCs 
utilizing 3-dimensional high surface area anodes with ill-defined surfaces such as 
graphite granules or carbon fiber brushes, the use of volumetric current density (A/m
3
) 
based on volume of the anodic half-cell is likely to yield a more accurate, and higher, 
predictor of volumetric COD removal (g COD/m
3
/d).  
Wastewater-fed MFCs have proven efficient at generating electrical power 
from low- to medium-strength influents (≃ 50-150 W/m3 of reactor volume), 
particularly when fed with acetate buffered media as a synthetic waste stream (Logan 
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2008). When fed with high-strength wastes however, MFCs exhibit dramatic 
decreases in Coulombic efficiency (the fraction of released electrons that results in 
electricity production) and relationships between organic load and resulting current 
and power that do not agree with known dilution rates (Min, Kim et al. 2005, Feng, 
Wang et al. 2008). Additionally, many existing MFC reactors are ill-optimized for 
mass transport of substrate to the anode, which exacerbates the predominance of 
fermentative and methanogenic organisms in biological wastes and results in 
conversion inefficiencies and lost resource recovery (Min, Kim et al. 2005, Pham, 
Rabaey et al. 2006, Foley, Rozendal et al. 2010, Weld and Singh 2011).   
The work reported here evaluates the possibility for enhanced treatment and 
energy recovery by using AD and MFC as primary and secondary waste treatment 
processes, respectively, for high-strength wastewater.  Based on the above reports, it 
was hypothesized that the use of the partially degraded digester effluent (the 
‘digestate’) may serve as an optmized substrate for the MFC, in that digestate is 
depleted of fermentable resources and potentially higher in organic acid 
concentrations.  Additionally, a hybrid AD-MFC system would enable additional 
resource recovery and treatment capacity of high strength wastewaters.  Specific 
objectives of research were as follows: 
1. To design and fabricate (10) batch, anaerobic reactors for digestion, and (3) 
dual-chamber, flow-through MFC reactors 




3. To evaluate the quantity and quality of nutrients in the effluent from AD & 
MFC, as well as solids, COD, and coliform reductions during treatment 
4. To evaluate the effect of digester retention time (reaction times: 0-, 7-, 13-, and 
21-d) on AD-MFC performance, wit ht egoal of balancing energy recovery and 
treatment efficiency.  
Results indicate an inverse logarithmic relationship between digester retention 
time and subsequent MFC current production, i.e. maximal MFC current production is 
achieved with undigested waste, and an inverse linear relationship between digester 
retention time and subsequent COD/VS removal in MFCs. Digestion produced biogas 
as the energy source, at a rate equivalent to 29.6 kJ per m
3
 wastewater treated (8.2 
Wh/m
3
).  The MFC produced direct electrical power as the energy source, at a rate 
equivalent to 2.1 kJ per m
3
 wastewater treated (0.58 Wh/m
3
). On the basis of COD, 
AD generated 9,110 kJ per kg COD removed (2,530 Wh/kg COD); MFC generated 
0.18 kJ per kg COD removed (0.05 Wh/kg COD). Cathodic limitations ultimately 
constrained power/energy production by the MFC, presumably due to mass transport 
of oxygen reduction intermediates. With an improved MFC cathode, a five-fold 
increase in power (from ~10 W/m
3
 to ~50 W/m
3
) could be realized (based on 130 
A/m
3
 anodic current densities observed under potentiostated configurations; and where 
Vcell, 0.4V coincides with Pmax). This would translate into an estimated energy yield of 
15 kJ per m
3
 wastewater treated in a MFC. 
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3.2   Materials & Methods 
3.2.1 Digester Substrate & Inoculum Sampling 
Grab sampling was performed at a number of points along the solids treatment 
line of a nearby wastewater treatment plant to identify a proxy substrate for high-
strength wastewater (Blue Plains Facility, Washington, D.C.). Samples were analyzed 
on the basis of key environmental characteristics, as outlined in Table 3-1, to provide 
comparability with latrine sludge. All samples were preserved at 4°C and analyzed 
within 24 h for COD, total solids (TS), volatile solids (VS), pH, and alkalinity, as 
described in Section 3.2.6.  Approximately 100 mL of each sample was preserved 
separately for nutrient analysis, according to the methods outlined in Section 3.2.6. 
 
Table 3-1 Environmental Composition of Proxy Substrate and Inoculum Sources 
a
 UNEP (1998); 
b
 EAWAG (2002) 
For digestion experiments, approximately 7 L and 3 L of primary and gravity 
settled solids, respectively, were collected from the Blue Plains facility and used as the 
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MFC experiments performed on ‘0-d’ digestate. The methanogenic inoculum for 
digestion was collected from the effluent of a mesophilic, gas-mixed anaerobic 
digester, being maintained on domestic wastewater solids at a second, nearby 
treatment plant (Vl, 1.5 MG) (Alexandria Sanitation Authority, Alexandria, VA). Both 
digestion substrate and inoculum were collected and stored without headspace for ≤ 5 
h before being added to bench digesters. 
Concurrent with anaerobic digestion, a sub-sample of the inoculum was tested 
for specific methanogenic activity (SMA), following the methods of (Sørensen and 
Ahring 1993). Activity on acetate (1g/L NaCH3COO
-
) and glucose (1 g/L C6H12O6) 
were, respectively, 0.019 g COD-CH4/g VSS/d and 0.023 COD-CH4/g VSS/d after 72 
h (see methods and results in Appendix A). 
 
3.2.2 AD-MFC Reactor Designs & Fabrication 
Digesters  
Batch anaerobic reactors were designed to the mimic low-cost digester designs 
that utilize 55 gal drums and can be placed within a latrine superstructure. This design 
does not require a flushing mechanism, and thus simplifies waste conveyance. Ten 
batch digesters were constructed from 3 in. clear PVC tubing, pressure test caps, and 
mating flanges, and were fitted with liquid and gas sampling ports using threaded or 
barbed adaptors, flexible tubing, and butyl rubber septa. The linked AD-MFC system 





Figure 3-1 Cartoon diagram of batch anaerobic digester (V: 1.5L; OD: 3 in.) liked to gas tipping 
bucket to monitor biogas production, and dual-chamber, continuous flow Microbial Fuel Cell 
(Van=Vcath=100 mL). 
 
The empty volume of each digester was 1.5 L. The headspace of each digester 
was linked via flexible tubing to a gas flow meter, which recorded real-time gas 
production rates using a tipping bucket mechanism and data logger. A reed switch 
affixed to the outside of each flow meter was triggered by a magnet positioned at the 
apex of the gas collection volume. Each time the meter ‘tipped’, the reed switch was 
sent into ‘high’ position, which was captured by a microcontroller in the data logger, 
and a continuous recording of biogas production was captured from each reactor. 
MFCs  
Six dual-chamber MFC reactors were designed and machined in-house using a 
CNC milling machine (Haas Mini Mill), using stock from Plexiglas and graphite block 
(G10 grade; Mersen Graphite). Criteria of the designed was to (1) minimize membrane 
losses, i.e. spacing between the anode and cathode; (2) maximize the ratio of cell 
volume to exposed electrode surface area, (3) minimize lateral resistance across the 
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electrode, and (4) maintain the reference electrode in the anodic chamber to minimize 
solution/membrane resistance. See Appendix A for design diagrams and milling 
specifications. The reactors, displayed in Figure 3-2, achieve plug-flow conditions 
(10:1 L:W, 1:1.5 W:D), mimicking the large-scale, baffled anaerobic reactors that 
achieve high levels of treatment efficiency with minimum volume in wastewater unit 
operations (Barber and Stuckey 1999). These reactors also mimic the serpentine 
design of abiological, PEM or hydrogen, fuel cells to minimize electrochemical and 
mass transport losses (Pozio, Giorgi et al. 2002, Kim, Hyun et al. 2009). 
 
Figure 3-2 Photos of lab-scale AD-MFC reactors used to evaluate treatment and energy 
production from latrine sludge 
 
Importantly, a baffled MFC reactor has a number of practical and theoretical 
benefits for high-strength wastewater treatment, including: (1) scalability; (2) 
constructible with locally-sourced materials (e.g. concrete or stone masonry); (3) 
minimization of stagnant areas; (4) increasing treatment efficiency by maximizing 
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exposure to the anode and anodic bacteria; and (5) the option of a secondary treatment 
process (e.g. denitrification) at the cathode reaction.  
 Anodic and cathodic volumes were 101 mL and 202 mL, respectively, and 
exposed anode geometric surface area was 12.80 cm x 12.80 cm (Aan = 163.88 cm
2
) 
for each. Untreated carbon cloth (CC6, Fuel Cell Earth Mfg.) was used as anode and 
cathode material. Approximately 100 mL of graphite granules (Grade 4012; Asbury 
Graphite; 0.935 cm diam.) were also added to the cathode chamber to increase surface 
area and reduce cathode overpotential.The hydraulic retention time (HRT) of the MFC 
was defined as: 




Where V is volume of the anodic chamber (0.1 L), and Q is the flow rate of 
wastewater to the anode chamber (L/min). 
Graphite frame (Mersen Graphite; G10 grade) and titanium wires were used as 
current collectors for the external circuit at both electrodes, using press-fit connection 
between nylon screws, Ti-wire and graphite. Electrical resistance of the graphite-
titanium connection was checked with a high input impedance handheld multimeter 
(Fluke 179), and found to be less than 5 Ω for all electrodes. To minimize electrode 
spacing and the associated ohmic losses, electrodes were physically compressed on 
either side of an anion exchange membrane (AMI-2000; Ultrex Corp.) that separated 
anodic and cathodic chambers and ensured a redox/oxygen gradient. Removal of 
residual organic matter and metals from graphite was achieved via 24-hr soaks in 1M 
NaOH and 1 M HCl, respectively, followed by neutralization in DIW. A Ag/AgCl, 3M 
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KCl reference electrode (BioAnalytical Systems, Inc.) that was mounted in the anodic 
half to enable application of a defined potential to the anode in a 3-electrode 
configuration with the cathode serving as the counter electrode. 
 
3.2.3 Digester Loading & Operation 
Biochemical methane potential (BMP) assays were conducted using the 
undigested primary and gravity settled solids as substrate, and were performed on 
three different occasions, referred to as BMP2 (January 2012), BMP3 (April 2012), 
and BMP4 (December 2012). Experiments were performed following the methods of 
(Owen, Stuckey et al. 1979) with the following modifications: nine of the digesters 
(labeled as AD1-9 in figures) were batch loaded with inoculum and substrate to 
achieve an inoculum-to-substrate ratio of 1 g VS inoculum : 1 g VS substrate, 
allowing for 20% (v/v) headspace, resulting in an aqueous volume of 1.1 L. Primary 
and gravity settled solids were mixed to achieve a substrate organic load of 
approximately 20,000 mg COD/L and 20,000 mg VS/L. Owing to the heterogeneous 
nature of the samples, actual COD and VS loadings were highly variable, from 5,000-
30,000 mg COD/L and 5,000-22,000 mg VS/L.  One reactor (labeled as AD10 in 
figures) was loaded with inoculum only, and was used to quantify methane production 
from residual organics in the inoculum (deducted from AD1-9 biogas production). 
Sodium bicarbonate was added at a rate of 6g L NaHCO3 per L to buffer organic acid 
production. Previous studies conducted by our lab group evaluated biogas production 
from actual latrine sludge during BMP assays with and without the addition of mineral 
media, and found only insignificant increases in biogas yield (3.9% increase; p = 
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0.58), suggesting that high solids wastewater contains sufficient micro- and 
macronutrients for diverse microbial growth (Lansing et al., 2013; manuscript in 
preparation). Thus, no microbial media was added to the batch assays performed here. 
All reactors were leak- and gas-tested prior to use. After addition of substrate and 
bicarbonate, reactors were de-gassed for 20 min under an 80/20 N2/CO2 mixture 
(AirGas; ultra-high purity) to remove residual oxygen prior to addition of 
methanogenic inoculum, and headspace was de-gassed for 10 min prior to sealing. 
Reactors were inverted several times before connection to gas flow meters and data 
loggers, and manually agitated 1-2 times per day thereafter. 
For all BMP trials, all ten reactors and tipping buckets were started 
concurrently, and operated in an environmental chamber maintained at 30°C to 
represent mesophilic digestion. Biogas was sampled and composition was analyzed 
via GC on a daily basis for the first 5 days, and 2-3 times per week thereafter.  
For the first digestion experiment (BMP2), three reactors were terminated on day 7, 
and the remaining seven (including control) were terminated on day 47. For BMP3, 
four reactors were terminated on day 19, and the remaining six (including control) 
were terminated on day 26. For BMP4, triplicate digesters were terminated on day 6, 
day 13, and day 21; the control was also terminated on day 21. Data from BMPs 2, 3, 
and 4 were used to evaluate and confirm treatment efficacy by digesters. The effluent 
from BMP4 (referred to as BMP4 digestate) also served as the substrate for MFCs, to 
evaluate MFC energy and nutrient capture at three different digestion periods (6 d, 13 
d, and 21 d HRTs). 
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3.2.4 MFC Electrochemical Analysis 
All electrochemical analysis was performed using a Solartron 1470E 
multichannel potentiostat (Solartron analytical) and Multistat software program 
(Scribner Associates). The anodic biofilms were grown via chronoamperometry (i.e. 
3-electrode configuration), whereby the anode (working electrode, WE) was 
maintained at a fixed potential of -0.200 V vs. Ag/AgCl, 3M KCl reference electrode 
(RE; ≃ 0 V vs. SHE) located in the anodic half-cell and the cathode serving as the 
counter electrode/auxiliary electrode (CE). By maintaining the anode at -0.200 V vs. 
Ag/AgCl, we aim to enrich for species capable of highly efficient anode reduction at 
relatively low thermodynamic potentials (e.g. Geobacter spp.) (Torres, Krajmalnik-
Brown et al. 2009, Marsili, Sun et al. 2010). Controlling the anode potential during 
biofilm growth also ensures that any overpotential that develops at the cathode will not 
create thermodynamic constraints on anode respiration (i.e. reducing Ean such that it is 
not an energetically favorable electron acceptor). In turn, this maximizes current 
production and organic matter oxidation. 
Slow-scan cyclic voltammetry (CV) of the anodes was performed at (1) the 
start of the experiment; (2) the onset of catalytic activity; and (3) maximum current 
production (imax). CVs were performed in-situ under the same three-electrode 
configuration, and scan parameters were as follows: the initial cathodic scan (v < 0) 
swept the anode potential from Ei = -0.800 V vs. Ag/AgCl to Ef = +0.300 V vs 
Ag/AgCl, and was followed immediately by a anodic scan from +0.300 V vs. 
Ag/AgCl to -0.800 V vs. Ag/AgCl; all scans were performed at rates (v) of 1, 2, and 5 
mV/sec. In preliminary experiments, it was determined that voltammetric scan rates > 
 66 
 
1 mV/s distorted limiting current and peak potentials. Thus, only 0.001 V/s scans are 
displayed in this report. 
 Once a stable, maximum current was achieved under potentiostated conditions 
(attributed to a fully grown anodic biofilm), the MFCs were switched to two-electrode 
configuration by connecting the potentiostat’s reference and counter/auxiliary 
electrode leads to the cathode (i.e. the reference is not used), and were given 24-48 hr 
to reach a stable open circuit voltage (OCV). Polarization was then performed, 
whereby the cell voltage (Vcell) was swept from OCV to 0.005V at a rate of 0.1 mV/s. 
Point measurements of anode and cathode potentials vs. the reference electrode during 
polarization were also recorded with a high input impedance multimeter (Fluke 179) 
to separate electrode losses. Following polarization, power output was characterized 
under two-electrode configuration, where the cathode was poised 0.100 - 0.350 V 
positive of the anode, such that cell voltage was fixed to achieve maximum power 
production. Power was calculated via Ohm’s law (i.e. P = iV), and all current and 
power measurements were normalized by anode geometric surface area (163.88 cm
2
) 
and/or anodic volume (101 mL). All experiments were conducted, at a minimum, in 
triplicate, and statistical analysis on resulting current/power densities were conducted 
using the Student’s t-test at α > 0.05% and tcrit: 2.552. 
3.2.5 MFC Loading & Operation 
Available protocols for inoculation and enrichment of wastewater-fed MFCs 
are relatively non-standardized, particularly for the optimization of MFCs with actual 
(vs. synthetic acetate- or glucose-fed) waste streams. Thus, we propose the following 
methodology, modified from established inoculation and electrochemical 
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characterization procedures for pure culture MFCs (Richter, Nevin et al. 2009, 
Strycharz, Malanoski et al. 2011). This protocol minimizes inhibitory effects from: (1) 
mass transport limitations of a high-solids substrate; (2) substrate limitations of batch-
fed MFC; and (3) cathodic overpotentials at neutral pH that limit treatment 
efficiencies and current/power production. This method additionally enables a clear 
evaluation of the anodic (i.e. treatment) capacity of a wastewater-fed MFC and 
provides an upper limit on what treatment and current can be achieved in an optimized 
fuel cell configuration. 
Undigested wastewater solids (mixtures primary and secondary settled solids 
to achieve ≃ 10 g VS/L), that had been sampled and maintained in headspace-free 
conditions for ≤ 5 h, were initially batch fed to the anode chamber of triplicate MFCs 
to serve as both inoculum and substrate. Under a three-electrode configuration (Ean, -
0.200V vs. Ag/AgCl), flow was turned off until the onset of catalytic activity (i.e. 
current production) was observed. At which point, the MFCs were switched to a low 
flow rate using a peristaltic pump (Fisher FH100X) on a timer interval (2 min ‘on’, 58 
min ‘off), resulting in an effective flow rate (Qeff ) of 0.46 - 0.66 mL/min (HRT of 2.8 
-3.6 h), where variations in sludge viscosity created slight differences in flow rate. 
Continuous flow of the wastewater continuously replenished organic matter to 
ARB biofilm, and minimized stagnation and solids settling. During biofilm growth, 
the same mixture of solids served as the substrate, except that pH was maintained at 
6.5, and solids were coarse filtered with two layers of cheesecloth to eliminate tubing 
clogs. No attempts were made thereafter to control for oxygen levels in the sludge. 
Flow of the undigested solids was maintained until maximum, steady-state current was 
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achieved. At which point, treatment efficiencies were characterized by sampling from 
the influent and effluent lines of each of the reactors a minimum of four times. MFCs 
were subsequently switched to a recycled flow at a flow rate of 10-20 mL/min (HRT: 
5-10 min) for ≥ 3 d to quantify trade-offs in current production vs. treatment 
efficiencies with a decreased retention time. 
After characterization with undigested waste, MFCs were then fed with 5, 10, 
or 20 d digestate to quantify maximal current, power, and treatment with reduced 
digestion periods. Similar loading and operation was followed, except that treatment 
and steady-state current were evaluated under recycled flow (Q: 20 mL/min; HRT: 5 
min) to minimize substrate limitations in the MFC. Each digestate was recycled for 
≥10 d, until current dropped below 1 mA. In some cases, sodium acetate (10 mM) was 
later added to the wastewater reservoir to evaluate substrate limitations in the 
digestate. Before switching to a new digestate source, stable current was re-established 
with undigested solids, such that biofilm re-growth did not affect evaluation of 
current/power production from the different digestate materials. 
 
3.2.6 Environmental & Microbiological Analyses 
Aqueous Samples 
Aqueous samples were collected and preserved for analysis at the following 
times: (1) during sampling of digestion substrate and inoculum; (2) pre- and post-
digestion for each retention time; (3) pre- and post-MFC at HRTs between 5 min and 
1.5 h and 5 d. For pH, Alkalinity, COD, TS, VS, TKN and fecal coliforms, aqueous 
samples were preserved at 4°C and analyzed within 7-d. For organic acids, NH3-N, 
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and NO2+NO3-N, samples were acidified (5N H2SO4, pH<2), centrifuged (6,000 x g) 
for 20min, and supernatant was filtered to <0.22 µm and stored at 4°C until analysis.  
Samples were analyzed for solids (TS, VS), COD, and Alkalinity according to 
Standard Methods (APHA, AWWA et al. 2005). Nutrient concentrations were 
determined by continuous flow colorimetry using an autoanalyzer with autosampler 
(Bran & Luebbe TRAACS 2000). Analysis for NH3-N, NO2+NO3-N, TKN, and TP 
was performed following EPA methods 350.1, 353.1, 351.2, and 365.4, respectively 
(O'Dell 1993, O'Dell 1993, O'Dell 1993). Aqueous samples collected for organic acids 
were injected onto a Varian 450 HPLC equipped with a Refractive Index Detector. 
The mobile phase was a 0.005 M sulfuric acid solution, and the column was a PL Hi-
Plex H+ ion exchange column, at 65C, with a flow rate of 0.6 mL/min. The injection 
volume was 40 µL. 
Total coliforms were quantified using the MPN-dilution method for detection 
of lactose fermenting organisms, modified for analysis of high solids wastewater 




 dilutions (v/v) of aqueous samples were incubated in 
tryptic soy broth (TSB) at 37°C for 24 h. One test tube was filled with TSB but was 
not inoculated and served as the control. An MPN calculator (USEPA MPN 
Calculator, v 2.0) was used to estimate total coliform densities as the no CFU/100 mL 
based on the number of tubes showing positive growth after inoculation. A sub-set of 
samples were also analyzed for fecal coliform density, where the same steps were 
followed, except that dilutions were incubated at 44°C, and 0. 5 µL of each dilution 
was subsequently plated onto MacConkey agar, and again incubated at 44°C for 24 h. 





During digestion, biogas was sampled from ports in each reactor’s gas line 
using a gas-tight syringe (Vici Corp.; 1 mL) and injected onto an HP7890 gas 
chromatograph (GC) for determination of methane content. The GC was equipped 
with a thermal conductivity detector (TCD) and an Agilent capillary column (19095P-
Q04; 30 m x 530µm x 40 µm). Inlet, oven, and detector temperatures were 250°C, 





3.3   Results & Discussion 
3.3.1  Digestion—Treatment Efficiencies 
Organic Matter & Solids 
In all BMP trials, discernible and statistically significant (p < 0.05) removal of 
organic matter and solids was achieved through digestion, as measured by COD, VS, 
and TS reductions in wastewater samples before and after digestion. Reported 
treatment rates are conservative estimates for digestion, and do not account for the 
quantity of recalcitrant matter added with the methanogenic inoculum. 
Average COD, TS, VS, and coliform concentrations are displayed as a 
function of batch digestion period during BMP Run 2 and Run 4 in Figure 3-3. A 
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summary of these values, as well as fecal coliforms, is provided for BMP 4 in Table 3-
2, where the effluent from BMP 4 served as feed for all MFC experiments and was 
used to calculate cumulative removal rates from the combined AD-MFC system. From 
the initial COD loading of 16,700 ± 1,780 mg/L, digesters removed approximately 
25% of COD after 6 d, 33% after 13 d, and 38% after 21 d. On a volumetric basis, this 
corresponds to removal rates of 0.720, 0.440, and 0.190 kg COD/m
3
/day at day 6, day 
13, and day 21, respectively. VS removal followed a similar pattern, where the starting 
concentration (10,010 ± 787 mg VS/L) was reduced by 11% by day 6, 24% by day 13, 
and 25% by day 21. On a volumetric basis, this corresponds to 0.186, 0.188, and 0.072 
kg VS/m
3
/day removal rates at day 6, day 13, and day 21, respectively. Presumably, 
this reflects the initial, rapid breakdown of readily-degradable organics (e.g. glucose, 
organic acids), followed by slower hydrolytic and fermentative processes (Yadvika, 





Figure 3-3 Average COD (in black), VS (in grey), and TS (hashed) during digestion of latrine 
solids during BMP2 (Figure A) and BMP4 (Figure B). Data points represent the average ± 
standard deviation (mg/L COD, mg/L VS, or mg/L TS; n = 3-9). 
 
TS removal rates were lower than COD or VS in all cases, where average TS 
removal during BMPs 2 and 4 was 21% and 7% at the end of digestion (47 d and 21 d, 
respectively). This corresponds to volumetric removal rates of 0.127 kg TS/m
3
/d 
(BMP2) and 0.040 kg TS/m
3
/d (BMP 4). Reduced TS removal is consistent with the 
understanding of TS as a measure of both organic solids (VS) as well as indigestible 
solids (e.g. silicates, clays, etc.); physical, rather than biological, treatment processes 
(e.g. sedimentation) are often more effective for TS removal from waste streams. In 
the case of BMP 4, starting TS concentrations (17,600 mg/L) were comprised of 57% 
 73 
 
VS, but after 21 days of digestion, this fraction had reduced to 46%, which is 
consistent with the hypothesis that much of the inoculum and substrate was relatively 
resistant to batch digestion. Also consistent with this hypothesis, the reduction in COD 
within the inoculum-only (control) digester was statistically insignificant (p > 0.05) 
from Day 0 to Day 21 (BMP4), highlighting the low availability of biologically 
relevant substrate in the inoculum. If the quantity of recalcitrant matter associated with 
the inoculum is accounted for (e.g. g COD remaining after inoculum digestion), all 
digesters achieved 100% removal of COD and VS by Day 21. 
The COD and VS removal rates obtained in this study are comparable to what 
has been observed in other lab-scale, batch digesters, but are lower are lower than 
those reported by continuous-flow, full-scale digesters (e.g. 80-90% removal at > 1 kg 
COD/m
3
/day loading)(Metcalf, Eddy et al. 2010). Reduced removal of organic 
pollutants (e.g. < 50% COD removal) is frequently reported in batch digestion or BMP 
literature (Rajan, Lin et al. 1989; Lin, Ma et al. 1999). This is commonly attributed to 
the addition of recalcitrant organic matter associated with the methanogenic inoculum. 
While an inoculum is necessary to ensure sufficient methanogenic activity (i.e. to 
provide kinetic enhancements) in batch loaded systems, it often contains a large 
fraction of indigestible organic matter that elevates COD concentrations but is not 
biologically relevant (Owen, Stuckey et al. 1979, Sørensen and Ahring 1993). In the 
current study, previously digested wastewater solids served as the inoculum, where 
waste-to-substrate ratios were approximately 1 g VS substrate/g VS inoculum. 
Converted on a mass basis, the inoculum thus represented 41 - 49% (w/w) of the 
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original COD added (e.g. ≃ 9,800 mg CODinoc of ≃ 19,100 mg CODadded), and 42 – 
55% (w/w) of the original VS (e.g. ≃ 6,300 mg VSinoc of ≃ 11,500 mg VSadded).  
Digestibility of the substrate was also assessed during the second BMP (BMP 
3), as measured by the ratio of soluble to total COD (SCOD and TCOD, respectively). 
Average SCOD concentrations of inoculum and undigested wastewater were 470 mg 
SCOD/L and 1,730 mg/L, respectively, corresponding to SCOD/TCOD ratios of 
1.85% and 2.95%, respectively.  SCOD accounted for < 4% of all COD at all 
sampling points during BMP3. Thus, only a small fraction of COD exsited as soluble, 
biologically relevant organic matter. From a starting concentration of 1,140 mg 
SCOD/L, digesters removed 83% of SCOD after 26 d, resulting in an effluent 
concentration of 500 mg/L (Figure 3-4). Digesters were thus able to remove much of 
the solubilized organic matter, supporting the hypothesis that overall treatment was 
hampered by the presence of recalcitrant matter. 
Similar ratios of SCOD/TCOD in wastewater solids have been previously 
reported, and a large body of work has been amassed on the effect of various physio-
chemical pre-treatment methods used to increase SCOD and to quantify its 
relationship to digestibility (Rajan, Lin et al. 1989, Lin, Ma et al. 1999, Amani, 
Nosrati et al. 2010). Similar to the results reported here, others have achieved < 50% 
COD removal during batch digestion of wastewater solids without pre-treatment of 
hydrolysis (Rajan, Lin et al. 1989, Lin, Ma et al. 1999, Elbeshbishy, Nakhla et al. 
2012). 
Similar BMP or batch AD studies have calculated removal rates that account 
for the quantity of recalcitrant matter associated with the inoculum (i.e. by subtracting 
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the mass of COD remaining after digestion of the control, inoculum-only, reactor), and 
have thus reported > 90% COD removal rates in batch-fed systems (Atayol and 
Sofuoğlu 2003). As demonstrated though, all complex waste streams, and certainly 
high-strength wastewater, will contain some fraction of recalcitrant organic matter (i.e. 
lignin, sediments, or silts), making 100% COD removal infeasible by a full-scale 
system at any practical retention time.  
 
 
Figure 3-4  Average total COD (solid symbols) and SCOD (open symbols) during digestion of 




Table 3-2 Environmental composition, treatment efficiencies, and treatment rates during 
digestion of latrine solids in BMP 4. Data is presented as mean ± SD (n = 3). 
 
  Days Digested     
 
0 d 6 d 13 d 21 d 
Avg COD (mg/L) 16,700 ± 1,780 13,100 ± 990 11,700 ± 780 10,700 ± 1,550 
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Avg COD Removal (%) 0.00% 24.6% 32.7% 38.0% 
Avg COD Removal 
(kg/m3/day) 
0.000 0.710 0.440 0.190 
Avg TS (mg/L) 17,570 ± 1,200 16,700 ± 2,760 15,000 ± 840 16,300 ± 1,500 
Avg TS Removal (%) 0.00% 5.14% 14.43% 7.42% 
Avg TS Removal 
(kg/m3/day) 
0.000 0.150 0.200 0.040 
Avg VS (mg/L) 10,010 ± 790 8,900 ± 1,270 7,570 ± 470 7,500 ± 350 
Avg VS Removal (%) 0.00% 11.1% 24.4% 25.1% 
Avg VS Removal 
(kg/m3/day) 
0.000 0.186 0.188 0.072 
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3.3.2  Organic Acid Transformations 
One hypothesis of this study was that partial degradation of the waste by 
digestion would provide the MFCs with an influent that was relatively low in bulk 
organic load (i.e. kg COD/m
3
/d), but enriched with the simple organics (e.g. acetate) 
that are the primary carbon sources for ARB. In this way, the digester effluent would 
serve as a naturally optimized substrate for electricity generation by the MFC. To 
evaluate this, organic acid profiles were performed during BMP Run 2—at day 0, day 
7, and day 47—and are summarized in Table 3-3. An initial enrichment for the lowest 
molecular weight organic acids was observed at day 7 of digestion, where the average 
acetate level in digestate samples was 9.4 ± 1.0 mM, representing a 10-fold increase, 
relative to their starting concentrations. Importantly, the acetate levels observed at day 
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7 are comparable to concentrations in optimized, synthetic media for anode respiring 
bacteria (ARB) like G. sulfurreducens, which yields high levels of current in MFCs 
(e.g. 5-7 A/m
2
) under the flow of media containing 10 mM acetate as the carbon 
source and electron donor. This result is also consistent with the higher current 
production that resulted from MFCs fed with 6 d, compared to 13 d or 21 d digestate 
from BMP4 (See Section 3.5.1 for description of current production from MFCs). 
Interestingly, while prolonged digestion did reduce the maximum electrical current 
achieved by the MFCs, it did not reduce treatment efficiencies (as described in Section 
3.4.1), which suggests that power production from field MFCs could be manipulated 
without sacrificing treatment by augmenting with supplementary organics (e.g. 
vinegar, molasses). 
Propionate concentrations increased from 2.7 to 36 mM (2,600 mg/L) after 
seven days of digestion. Levels exceeding 900 mg/L (12.5 mM) have previously been 
reported to cause significant inhibition of methanogenesis, contributing to VFA 
accumulation and pH declines (Wang, Zhang et al. 2009) however, no evidence of pH 
decline or prolonged propionate accumulation was found after 47 days in the batch 
digesters. Prolonged digestion (47 d) yielded more than 10-fold increases in butyrate 
levels, where concentrations increased from 0 mM at the start of digestion, to 1.7 mM 
by day 7, and 22 mM by day 47. There is no evidence to suggest that butyrate directly 
contributes to inhibition, but is often an indicator of stress on methanogens, where 
depletion of primary substrates (i.e. acetate, H2) leads to population declines and the 
accumulation of less thermodynamically favorable substrates (Wang, Zhang et al. 
2009). This is also consistent with accepted digestion models that describe a 
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syntrophic relationship between fermenters, acidogenic bacteria, and methganogens, 
where their respective growth rates, as well as kinetics of the associated reactions, 
dictate (Mosey 1983, Bernard, Hadj-Sadok et al. 2001). 












7.67-7.97 7.67-7.97 <6.8; >7.2 
a
 
Acetate (mM) 0.92 9.42 ± 1.01  0.54 ± 0.42 
 
Propionate (mM) 2.77 36.1 ± 0.59 1.79 ± 0.38 
 
Butyrate (mM) 0 1.71 ± 1.71       21.8 ± 1.69  













 Chen, Cheng, & Creamer (2008); 
b 




3.3.3  Nutrient Transformations 
Unless indicated, nutrient transformations were calculated as the difference in 
concentrations pre- and post-digestion, where concentrations on the final day of 
digestion were used (day 47 for BMP2, day 26 for BMP3, and day 21 for BMP4). 
Solubilization of nitrogen was observed during each BMP run, as evidenced by 70 – 
100% increases in ammonia-nitrogen (NH3-N) pre- and post-digestion. The effluent of 
BMP2, BMP3, and BMP4 contained, respectively, 1,220 ± 39 mg/L NH3-N, 820 ± 35 
mg/L NH3-N, and 600 ± 34 mg/L NH3-N (n = 3-6). The increase in NH3-N was 
accompanied by a decline (6.0 - 21%) in organic nitrogen (calculated as the difference 
in TKN and NH3-N), as illustrated in Figure 3-5. The net increase in NH3-N was 
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greater than the net decrease in Org-N—in BMP2, NH3-N levels increased by 508 
mg/L, while Org-N declined by 215 mg/L; in BMP3, NH3-N levels increased by 402 
mg/L, while Org-N declined by 188 mg/L. These transformations support the use of 
digester effluent (digestate) as a high-value, nutritive fertilizer, with high levels of 
soluble NH3-N and a reduced fraction of Org-N. 
 
Figure 3-5 Profiles of NH3-N and Org-N concentrations in wastewater 
samples before and after digestion during BMPs 2, 3, and 4. Data is 
presented as mean± SD (mg/L NH3-N or mg/L Org-N) 
 
Eight of nine digesters during the initial BMP trial (BMP2) yielded effluent 
ammonia concentrations that neared inhibitory levels for methanogenic organisms 
(>1,200 mg/L NH3-N). The slightly alkaline conditions of the digestate (7.67-7.97 pH) 
would exacerbate any ammonia toxicity by yielding a higher ratio of free vs. 
combined ammonia (Hansen, Angelidaki et al. 1998). While only one of the three 
digestion trials (BMP Run 2) exceeded 1,000 mg/L in the effluent, the possibility of 
ammonia inhibition should be considered for any scale-up efforts, where urine loads 
 80 
 
from undiluted human waste will affect C:N ratios and may require a secondary 
carbon source (e.g. food scraps, sawdust) and/or urine diversion efforts.  
 
 
Figure 3-6 NH3-N and NO2+NO3-N concentrations during 




Nitrate-nitrite (NO2+NO3-N) levels in wastewater samples remained near 
detection limits (< 1 mg/L) and contributed minimally to the overall nutrient profile at 
all digestion periods (Figure 3-6). Phosphorus (TP) concentrations were also 
minimally affected by digestion, and averaged 463 mg/L after digestion. The digested 
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 -N; 1,040 mg/L NH3-N; 1,890 
mg/L TKN; and 463 mg/L TP. If land applied as a fertilizer, this represents an N:P 
ratio of approximately 4:1. 
 
3.3.4  Coliform Removal 
Coliform analysis was carried out on wastewater samples digested for 0, 6, 13, and 21 
d during BMP Run 4. For all digestion periods, a minimum 2-log removal (>99%) of 
total coliforms, and greater than 3-log removal (> 99.9%) of fecal coliforms was 
achieved. Total coliform loads were reduced from 9.5 x 10
9
 ± 5.5 x 10
7
 MPN/mL 
(influent) to 8.4 x 10
3
 ± 8.9 x 10
3
 MPN/mL (effluent) after 21 days digestion (BMP4). 
Fecal coliforms were similarly reduced—from 9.6 x 10
4
 MPN/mL (influent) to 17.8 
MPN/mL (effluent). Although initial total coliform density in the control (inoculum-
only) digester was lower than the other reactors (2.5 x 10
5
 MPN/mL), removal rates 
from the control were also lower (92%, 1-log removal), and digester effluent 
contained > 1 x 10
4
 MPN/mL after digestion. Normalized on the basis of effluent TS 
levels, the digested wastewater solids contained 1,090 MPN per g TS after 21 days of 
digestion. US federal regulations require < 1,000 MPN per g TS for status as ‘Class A’ 
Biosolids, and < 2,000,000 MPN per g TS for ‘Class B’ Biosolids  (40 CFR Part 503 
Regs), where class A biosolids are considered inert and can be used in bulk by the 
general public without restrictions on crop type, land access or harvesting methods; 
Class B biosolids are also suitable for land application but are restricted on the basis of 
crop type and harvesting methods, and site access. These results indicate that the 
product of mesophilic, batch digestion of septage or latrine solids would likely 
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produce a product comparable to Class A biosolids, with minimal public health or 
environmental risk if applied as a fertilizer for crops.   
 
 
3.3.5  Digestion—Energy Production 
Biogas and methane production from high-strength wastewater were evaluated in 30 
identical batch reactors over the course of three trials, and are reported as per volume 
latrines solids digested (mL CH4/mL substrate) and per mass COD removed (mL 
CH4/g COD), as summarized in Table 3-4. On a volumetric basis, BMP2 produced the 
largest volume of methane, where reactors terminated at a 7d HRT produced 1.18 ± 
0.58 mL CH4/mL wastewater, and reactors terminated after 47 d produced 4.24 ± 0.74 
mL CH4/mL. BMPs 3 and 4 produced, on average, 77% less methane than BMP4, and 
methane was primarily captured in the first 10 days of digestion. Digesters terminated 
on day 19 and day 26 (BMP3) produced nearly the same volume CH4 per mL 









Table 3-4 Cumulative methane production during digestion of high-strength wastewater during 
three BMPs. CH4 production is normalized by volume (mL CH4/mL substrate), and by COD 
(mL CH4/g COD removed). Values are reported as Mean ± SD 
 
Cumulative CH4  
(mL CH4/mL Substrate) 
Cumulative CH4  
(mL CH4/g COD Removed) 
(η, %) 
 BMP2 BMP3 BMP4 BMP2 BMP3 BMP4 
Day 6 - - 0.67 ± 0.19  - 
153 ± 90 
(38%) 
Day 7 1.18 ± 0.57 - - 
214 ± 70 
(54%) 
- - 
Day 13 - - 0.51 ± 0.30 - - 
135 ± 58 
(34%) 
Day 19 - 0.97 ± 0.48 - - - - 
Day 21 - - 0.90 ± 0.48 - - 
144 ± 60 
(36%) 
Day 26 - 0.96 ± 0.59 - - - - 
Day 47 4.24 ± 0.74 - - 











Figure 3-7 Cumulative Methane Production (Figure A) and Biogas 
composition (Figure B) during BMP Run 4. Data points represent the 
Mean ± SD (mL CH4 or %CH4) of triplicate reactors that were 
terminated at 6 d (open diamond symbols), 13 d (open circle symbols), and 
21 d (closed diamond symbols) of digestion. 
 
The average methane content of biogas during BMP2, 3, and 4 was 59% ± 
9.6%, 55 ± 18%, and 59% ± 2.1%, respectively, though concentrations reached 76% 
during BMP2, 71% during BMP3, and 64% during BMP4. This is consistent with 
commonly accepted values for biogas composition from wastewater solids (Parkin and 
Owen 1986). Declines in methane production below 60% appeared to coincide with 
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the depletion of substrate, as evidenced by negligible gas production. At the end of 
digestion, the methane content of BMP 2, 3, and 4 biogas 54%, 55%, and 59%, 
respectively.  
In all BMP trials, over 80% of methane was captured in the first 10 days and 
95% by day 20 (illustrated in Figure 3-8)—a timeline comparable to what has been 
reported elsewhere (Raposo, De la Rubia et al. 2012). This initial, high rate of 
methane production may be a function of the batch-loading and/or the methanogenic 
inoculum, which is provided, in part, to ensure rapid kinetics for the BMP assay.  
 
 
Figure 3-8.  Percentage of the total biogas/methane captured as a function of 
digestion period, during BMP2 (closed symbols); BMP3 (open diamonds); and 
BMP4 (open circles). 
 
Volumetric rates of methane production were primarily a function of the COD loading 
(p < 0.001), as illustrated in Figure 3-9. The stoichiometric relationship of 395 mL 
CH4 per g COD destroyed (based on combustion equivalent of CH4; See Chapter 2) 
was thus used as a more accurate predictor of BMP process efficiency, as has been 
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noted elsewhere (Metcalf, Eddy et al. 2010, Moody, Burns et al. 2011). A summary of 
conversion efficies is also provided in Table 3-4 for BMPs 2 and 4. Negligible 
removal of COD was detected during BMP3, resulting in erroneously high conversion 
rates. During BMP2, latrine solids produced 214 -288 mL CH4 per g COD removed, 
where longer digestion periods increased conversion efficiencies. This is equivalent to 
a 54 – 73% conversion efficiency. Efficiencies were somewhat lower in BMP4—from 
135 – 153 mL CH4 per g COD removed (equivalent to 34 – 38% efficiency). The 
average conversion rate (254 L CH4 per kg COD removed), equates to an energy 
density of 9.09 MJ/kg COD removed (HHV: 35.8 MJ/m
3
 CH4) (McCarty 1975, 
Buysman 2009). 
 
Figure 3-9. Cumulative methane production as a function of influent COD loading (mg/L). 
Data points represent the average of triplicate COD measurements at day 0 of digestion. 
Open circles represent the 2
nd
 digestion trial; Solid circles represent the 3
rd
 digestion trial.  
 
There was significant variability in the calculated efficiencies (i.e. SD represented 
>40% of the mean efficiency in all trials). This variability can likely be attributed to 
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the heterogeneous and semi-solid nature of the substrate, which contributes to 
inaccuracies in COD measurements. This heterogeneity, as well as the large fraction 
of recalcitrant materials, is likely also the cause of the inefficiencies observed (i.e., 
conversion rates less than 395 mL per g COD removed). Batch digestion (i.e. the BMP 
assay) is often a conservative estimate of the degradability and methane potential of a 
substrate, and thus, biogas production from human waste in full-scale digesters would 
likely meet or exceed the values reported herein (Jensen, Ge et al. 2011). This is 
supported by reports on low-cost tubular digesters that have reported conversion rates 
> 395 mL per g COD removed (Lansing, Viquez et al. 2008), and additionally, by 
other BMP assays performed by the lab on the methane potential of latrine sludge, 
sampled from a pit latrine in Cange, Haiti. On a volumetric basis, the latrine sludge 
generated 7.5 – 16.6 L CH4 per L sludge digested, approximately 10-times the 
volumetric rates reported here. This was likely attributable to the substrate’s COD 
content (456 g/L), though removal rates, and thus conversion efficiencies, could not be 
discerned (Lansing et al., in preparation). 
 
 
3.3.6  Microbial Fuel Cell—Treatment Efficiencies 
Organics 
Despite 20-40 d retention times, the effluent from digesters often still contains 
organic matter at levels that are unsafe for aquatic discharge (e.g. > 200 mg COD/L), 
and require post-treatment (e.g., treatment wetlands). Because this was also the case in 
this study, further reductions in COD, solids, and coliforms by the MFC were 
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necessary to achieve a final effluent safe for discharge. Treatment efficiencies for 
undigested waste were evaluated at HRTs between 5 min (Q = 20 mL/min; continuous 
recycle) and 3.6 h (no recycle; Q = 0.46 mL/min). When solids were recycled, 
treatment was evaluated at current-dependent intervals until substrate was depleted (I 
< 1 mA raw current). (Qeff ) of 0.46 - 0.66 mL/min (HRT of 2.8 -3.6 h). 
Table 3-5 and Figures 3-10, 3-11, and 3-12 summarize MFC treatment 
performance when fed with digester effluent after 6d, 13d, and 21d digestion (BMP 
Run 4). Rates of organic matter removal were exceedingly high (i.e., > 1000 kg 
COD/m
3
/d), in comparison with other real waste-fed MFCs (Moon, Chang et al. 2005, 
Jiang, Curtis et al. 2011). At an HRT of 217 min, MFCs removed, on average, 95%, 
72%, and 65% of COD, TS, and VS from undigested latrine sludge, corresponding to 







Figure 3-10.  MFC influent and effluent concentrations of COD (Figure A; mg//L); and 
VS (Figure B; mg/L) when fed with undigested wastewater (in blue), 6d digestate (in 









Figure 3-11.  Average removal rates of COD from the four different waste feeds 
(0d, 6d, 13d, and 21d digested latrine solids). Removal rates were calculated on the 
basis of hydraulic retention time (5 min). 
 
Digester retention time was found to be inversely correlated with MFC 
percentage removal rates, as illustrated in Figure 3-12), i.e. increased digestion time 
led to reduced rates of contaminant removal, as measured by percentage reductions in 
COD, TS, or VS. This is likely explained by the fraction of indigestible, recalcitrant 
material present in waste streams—as digestion proceeds, the fraction of recalcitrant-
to-biologically relevant organic matter likely increases. Importantly however, overall 
removal rates of contaminant removal (kg/m
3
/d) do not appear to be affected by 
digestion period, indicating that the MFC is functioning as a highly stable unit 




Figure 3-12.  Relationship between the hydraulic retention time for digestion (0-21 d) and 
the resulting current (mA/m
2
) and COD removal from the digestate when powering the 
MFCs. Current values (open circles) represent the average, steady-state current density 
from triplicate MFCs operated in chronoamperometric mode with a fixed anode potential 
of -0.200 V vs. Ag/AgCl 
 
Table 3-5 Summary of environmental characteristics, treatment efficiencies, and treatment rates 








CODin (mg/L) 11,667 3,482 7,013 10,553 
CODeff (mg/L) 448 663 1,195 8,752 










352 812 1,675 608 
VSin (mg/L) 6,732 3,631 4,792 6,848 
VSeff (mg/L) 922 1,709 3,077 5,948 










272 554 494 349 
TSin (mg/L) 9,548 8,437 10,360 13,897 
TSeff (mg/L) 1,583 5,493 7,660 12,361 












339 848 778 563 
 
 
3.3.7 Coliform Removal 
Coliform removal from MFCs was lower than what was observed during digestion of 
wastewater. Undigested solids achieved >99.0% (1-log) removal of fecal coliforms, 




 MPN/mL to 7.7x10
4
 ± 7.2 x 10
4
 MPN. 
Digested solids (5 d digestate only was evaluated) achieved negligible, additional 
reductions, where fecal densities actually increased slightly in the MFC effluent—
from 4.5 ± 2.8 MPN/mL to 24 ± 31 MPN/mL. Coliform densities were highly 





3.3.8 Microbial Fuel Cell— Electrochemical Evaluation 
Anodic Current Production 
Anodic biofilms of the triplicate MFCs (labeled as MFC 1, 2, and 3 in figures) were 
grown under the continuous flow of undigested solids and achieved stable current 
production of 131 A/m
3




 ± 133 mA/m
2
) after approximately 
120 h of growth (Figure 3-13). This level of current production was maintained for > 
500 hours with no evidence of biofouling or other deterioration of biological catalysis 
 93 
 
at the anode. Oscillations in current production of ~ ± 30 A/m
3 
were observed and 
coincided with substrate introductions at the anode (pump on/off cycling every 58 
min). Under conditions of continuous recycled flow, these oscillations were not 
observed. Reductions in current were observed as substrate was depleted from the 
waste, typically between 86 and 120 h of recycled flow, and coincided with reductions 
in COD and solids, as described in Section 3.3.6, where the final effluent contained < 
448 ± 91 mg COD/L and < 922 ± 244 mg VS/L (n ≥ 3), as well as visible clearing of 
the sludge and reductions in settled solids.  
 
Figure 3-13 Chronoamperometric plot of the formation of bioelectrical activity 
and sustained current production of an environmental sludge biofilm at carbon 
cloth electrodes in triplicate MFCs; continuous flow experiment with 3.6 h HRT; 
Ean: -0.2V vs. Ag/AgCl. Oscillations in current production were due to pump 
on/off cycling every 58 min. 
 
Between testing of the three digested wastes, undigested sludge was fed to 
MFCs to recover a stable level of current production. Each time a comparable, average 
current production was achieved (100-252 A/m
3







). This nears the upper limit of volumetric current reported to date 
from MFCs, and, to the authors’ knowledge, represents the highest volumetric current 
that has been achieved by a waste-fed fuel cell to date. We attribute the high level of 
volumetric current and treatment achieved in this study to features of the reactor 
design (i.e., high SRT, maximized interaction between waste and ARB), as outlined in 
Section 2.2.2. Baffled, anaerobic reactors are known for efficient treatment of high 
strength wastes, and an increased resilience to non-uniform organic loading rates 
(Bachmann, Beard et al. 1985, Barber and Stuckey 1999).  
Amending the undigested sludge with acetate (0.82 g/L NaCH3COO
-
) resulted 
in an additional current increase of only 7.3% (from 156 A/m
3
 to 167 A/m
3
), 
suggesting that high-strength wastewater contains sufficient ARB substrate to sustain 
a high level of current production. Further, acetate amendments resulted in 
approximately 48 h of sustained current production under recycled flow conditions. In 
comparison, more than 100 h of current production was sustained with a complete 
replacement of the sludge volume, suggesting that hydrolytic/fermentative processes 
within the MFC were yielding sufficient ARB substrate for a longer period of time. 
This type of syntrophic relationship between fermentative and anode respiring species 
has been previously reported (Parameswaran, Torres et al. 2009, Parameswaran, 
Zhang et al. 2010).   
Latrine sludge digested during BMP Run 4 (labeled as ‘5 d’, ’10 d’, and ’35 d’ 
Digestate in Figures) was subsequently fed to triplicate MFCs, and flow was recycled 
(3 L total volume) until substrate was depleted, as evidenced by a decline in current 
production to < 100 mA/m
2
 (< 1 mA raw current). To avoid carry-over bias between 
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samples, undigested solids were used to recover maximum, stable current production 
(> 100 A/m
3
) between each of the digested sludges (confirmed with voltammetry at 
maximum current).  
The wastewater digested for the shortest period, 6 d, produced the greatest 
current in the MFC. As indicated by organic acid analysis, short digestion period may 
serve as pseudo-fermentation for the waste. The 5 d digestate yielded an average, peak 
current of 36 A/m
3




 ± 36 mA/m
2
) after approximately 150 hr 
of continuous flow, and was able to maintain > 1 mA raw current for > 350 h. Sludges 
digested for 10 or 35 d were able to sustain current > 1 mA for no longer than 48 hr, 
and in both cases the average, peak current was significantly reduced—10 d digestate 




 ± 4.9 mA/m
2
) after approximately 48 hr of flow; 
35 d digestate yielded 9 ± 0.4 A/m
3




Figure 3-14. Chronoamperometric curves showing relationship 
between digestion period (5, 10, or 35 d) and sustained current 
production at carbon cloth electrodes; continuous flow experiment 




After current declined to < 1 mA (~140 h), the 10 d digestate was amended 
with sodium acetate (10 mM NaCH3COO-) to confirm that reduced current densities 
were due to substrate limitations rather than inhibition by digestion-related products 





(1,072 ± 140 mA/m
2
)—more than an eight-fold increase over 
the un-amended digestate, and comparable to the stable level of current that was 
observed with the undigested material. Acetate amendments were repeated three times 
to confirm the current response, each time after current dropped below 1 mA.  
 
 
Figure 3-15 Chronoamperometric showing the effect of sodium 
acetate additions on current production, under the flow of 10d 
digestate; 5 min HRT; Ean: -0.2V vs. Ag/AgCl. 
 
 
This is consistent with previous studies that have elucidated acetate as the 
primary reductant for metal reducing bacteria (Lovley and Phillips 1988, Liu, Cheng 
et al. 2005). Because of the limited volume of digestate available, it was not possible 
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to discern whether reducing the dilution rate of substrate to the anode (i.e. reduced 
MFC retention time, larger digestate volume) could alleviate substrate deficiencies. 
The few pilot studies of MFC/MEC technology to date have found that the 
concentration of simple, easily degradable organic acids in actual waste streams may 
be insufficient to grow or sustain current production by MFCs (Cusick, Bryan et al. 
2011, Jiang, Curtis et al. 2011). Importantly, this work demonstrates that high-
strength, raw wastes can in fact yield significant current production, on par with that 
of known ARB (e.g. 5 A/m
2
 from G. sulfurreducens, strain DL1), as well as high-rate 
removal of organic matter and solids from high-strength wastes. Critical to such 
performance is the maintenance of a thermodynamically favorable anode potential (i.e. 
> -300 mV vs. Ag/AgCl), which is directly related to the ability of ARB to efficiently 







Slow scan voltammetry enabled evaluation of anodic losses, as well as comparison of 
our wastewater biofilm with that of known ARB strains. Voltammetry was performed 
in-situ during the course of anodic biofilm growth (illustrated in Figure 3-16) and at 
maximum catalytic activity with undigested sludge (illustrated in Figures 3-17 and 3-
18). CVs captured during feeding with the four different digestates all exhibited a 
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current-potential dependency, consistent with the Nernst-Monod model that has 
previously been used to model ARB kinetics (Fricke, Harnisch et al. 2008, Marsili, 
Sun et al. 2010, Strycharz, Malanoski et al. 2011).  
 
 
Figure 3-16.  Representative voltammograms of undigested waste biofilms 
recorded at (a) the time of inoculation; (b) the onset of catalytic activity; and (c) 
maximum catalytic activity. Scan was recorded at 0.001 V/s from -0.8 V to +0.3 
V and back to -0.8 V vs. Ag/AgCl, 3M KCl 
 99 
 
Voltammograms of Geobacter sulfurreducens, strain DL1 and undigested, 
waste-fed anodes in the same MFC (Figure 3-17) exhibit similar mid-point (formal) 
potentials (~ -0.35 to -0.40 V vs. Ag/AgCl), representing the potential at which one-
half of the limiting current can be achieved. Oxidative peaks were also observed for 
waste-fed anodes (Ean -200 mV; range of -140 to -300 mV vs. Ag/AgCl), consistent 
with lower rates of mass transport of the electron donor (e.g., acetate) to the anode, 
consistent with the lower current response from digested waste. 
 
Figure 3-17 Representative voltammograms of undigested waste biofilms (solid lines) and 
Geobacter sulfurreducens, strain DL1 (dashed line) recorded at 0.001 V/s from -0.8 V to +0.3 V 
and back to -0.8 V vs. Ag/AgCl, 3M KCl. 
 
 
Even though the waste feed was relatively heterogeneous and was not 
controlled for organic content, or other environmental parameters, CV shape, mid-
point potential, and limiting current were highly consistent across the span of more 
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than one month (Figure 3-18). Anodes exhibited negative (cathodic) catalytic behavior 
at potentials less than -500 mV vs. Ag/AgCl. 
 
 
Figure 3-18. Representative voltammetry from MFC anode fed with 
undigested sludge. Scan parameters: v = 0.001 V/s, Ean: -0.8 V to 
+0.3 V, and return. 
 
In all cases, the onset of anodic current production began at anode potentials ≥ 
-420 mV, with curves approaching saturation at potentials > -200 mV. This is 
consistent with the relatively small current response that was recorded when the cell 
voltage was fixed, i.e. when the cathode is limiting, the anode potential is driven to 
potentials too low to be an energetically favorable electron acceptor and thus limit 
current/power production as well as treatment efficiencies. The cathodic (return) scan 
showed a significant, negative deviation from the initial, anodic sweep. This 
phenomenon has been previously reported, albeit to a lesser degree, by (Strycharz, 
Malanoski et al. 2011), is not well understood, and is attributed to non-metabolic 
uptake of electrons by the anodic biofilm. Significant reductions in CV peak height, 
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and limiting current density were observed in digestate fed anodes (Figure 3-19), 
which is consistent with the reductions in current density observed during 
chronoamperometric experiments. 
 
Figure 3-19. Representative voltammograms of an wastewater biofilm fed with (a) 0 d; (b) 5 d; (c) 
10 d; and (d) 35 d digestate. Voltammograms were recorded at maximum biofilm activity. Scan 
parameters: v = 0.001 V/s, Ean: -0.8 V to +0.3 V, and return. 
 
 
Cathodic Losses and Power Output 
Most recent and pertinent MFC literature has concluded that the oxygen reduction 
reaction (ORR) that supplies the cathodic process in most abiotic fuel cells is ill-
optimized in the MFC, owing to the circum-neutral pH and temperature conditions 
required for biological growth (i.e. pH7, 30°C). Findings from this study corroborate 
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this, with cathodic overpotentials (Ec
0’
) approaching 900 mV (i.e. a reduction in Ecath
0’
 
from +0.4V to -0.4 V vs. Ag/AgCl at maximum current production), which caused a 
cessation of appreciable power production. Cathodes initially neared the theoretical 
limits for oxygen reduction at neutral pH (Ecath,OCP: +550 mV) but declined by >300 
mV after 72 h OCV, prior to the onset of catalytic activity. During 
chronoamperometric conditions at maximum current (Ean: -200 mV), cathodes were 
driven as low as -900 mV to compensate for the high rate of charge transfer at the 
anode. This result could be indicative of a number of membrane/cathode limitations, 
e.g. that a rapid accumulation of charge occurred at the cathode, even with minimal 
anode activity (i.e. open circuit); or that anionic substances present in the waste (e.g. S 
2-
) were transported across the AEM to create a competing reduction reaction at a less 
favorable potential. Importantly, these findings all point to the need for characterizing 
MFC performance in both two- and three-electrode configurations, so as to evaluate 
limitations of individual electrodes. 
Two-electrode methods of characterizing the MFC (i.e. polarization; 
maintaining a fixed cell voltage) were inadequate for evaluating differences in anode 
performance and power output under the various waste feeds. In all cases, cathodic 
losses dominated and constrained current/power production in this MFC 
configuration. Relationships between anode performance and the waste material 
should thus only be evaluated when cathode performance is non-limiting (i.e. three 
electrode potentiostatic; cyclic voltammetry). Reported power numbers, either from 
polarization or from operation at a fixed cell voltage, are only indicative of the overall 
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MFC configuration and should not be taken as indicative of the anodic process or the 
maximum power extractable from high-strength wastes, such as latrine sludge.  
 This was demonstrated by the cathodic activation losses, which increased 
significantly during biofilm growth. Cathodes achieved an OCP of +400 mV vs. 
Ag/AgCl at the start of the experiment, prior to biofilm growth and current discharge. 
After the anode reached maximal current production (> 100 A/m
3
) however, cathode 
OCPs dropped to < 115 mV vs. Ag/AgCl (while the MFC was equilibrated at OCV). 
At maximum current production (~ 7 mA raw current from undigested waste), cathode 
potentials dropped to < -300 mV vs. Ag/AgCl at open circuit (Ecath,OCP : -104 - 112 
mV vs. Ag/AgCl, 3M KCl) and significant cathode polarization upon current 
discharge (See Figure 3-20).  
Maximum power, obtained by polarization analysis, varied from 7-11 W/m
3
 
(44 - 69 mW/m
2
), with no significant difference observed among the four digestion 
periods. As evidenced by significant differences in anode performance (e.g. current 
production at a fixed anode potential, voltammetric signatures), this cannot be 
attributed to insignificant differences in the biochemical energy reserves of the 
different waste sources. As measured by a deviation in potential from OCP to 0.005 
Vcell, the average anode and cathode polarization was 147 mV and 383 mV, 
respectively. Cathode losses have been reported frequently in MFC literature (Oh, Min 
et al. 2004, He, Huang et al. 2008, Popat, Ki et al. 2012); however, they are somewhat 
exacerbated in the current configuration, which may be due to complexities created by 





Figure 3-20. Power, cell voltage, and electrode potentials during fuel cell 
polarization when MFC anode is fed with undigested latrine solids. 
Polarization was recorded from OCV to 0.005 V at 0.1667 mV/s; electrode 






Figure 3-21. Power, cell voltage, and electrode potentials during fuel cell 
polarization when MFC anode is fed with 5 d digestate. Polarization was 
recorded from OCV to 0.005 V at 0.1667 mV/s; electrode potentials were 
recorded against Ag/AgCl, 3M KCl. 
 
A number of cathode iterations were evaluated, e.g. greater than 100-fold 
increase cathode surface area; employing Pt- and MnO-loaded cathodes; phosphate 
buffered, or salt-based catholytes to improve buffering/conductivity; the use of 
ambient air (21% O2) versus O2-saturated water (< 1% O2); 50 mM potassium 
ferricyanide catholyte; and the addition of dilute acids and bases at the cathode to 
ameliorate pH effects. The replacement of bare graphite granules with granules that 
had been loaded with a manganese oxide catalyst (8-10% MnO on Vulcan carbon; 
uncharacterized; synthesized by J. Biffinger, NRL) resulted in a 200 mV increase in 
cathode OCP (from ~0 mV to +200 mV vs. Ag/AgCl, 3M KCl); however, no 
difference in cathode potential, or fuel cell power output were observed at maximum 
 106 
 
current production. Potassium ferricyanide as the catholyte (50 mM) yielded 
measureable, albeit unsustainable, improvements in cathode potential and power 




) in an undigested sludge-fed MFC. 
 
3.4   Conclusions 
The results presented here demonstrates plausibility of a hybrid AD-MFC system 
for anaerobic treatment and resource recovery from fecal sludge. We empirically 
demonstrate the energy densities that can be gleaned from waste using the AD-MFC 
process. AD produced, on average, 29.6 kJ per m
3
 wastewater treated (8.2 Wh/m
3
); 
MFC produced, on average, 2.1 kJ per m
3
 undigested wastewater treated (0.58 
Wh/m
3
). On the basis of COD, AD generated 9,110 kJ per kg COD removed (2,530 
Wh/kg COD); MFC generated 0.18 kJ per kg COD removed (0.05 Wh/kg COD). 







 were achieved from 6d, 13d, and 21d digestate, respectively.  
Cathodic limitations severely limited power/energy production by the MFC, 




). Presumably, this was due to 
mass transport of oxygen reduction intermediates. With an improved MFC cathode, a 
five-fold increase in power (from ~10 W/m
3
 to ~50 W/m
3
) could be realized (based on 
130 A/m
3
 anodic current densities observed under potentiostated configurations; and 
where Vcell, 0.4V coincides with Pmax). This would translate into an estimated energy 
yield of 15 kJ per m
3
 wastewater treated. 
The MFC treatment was exceeding efficient—averaging 96% COD, 86% VS, 
and 83%TS removal from undigested waste. Results indicate an inverse logarithmic 
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relationship between digester retention time and subsequent MFC current production, 
i.e. maximal MFC current production is achieved with undigested waste, and an 
inverse linear relationship between digester retention time and subsequent COD/VS 
removal in MFCs. Breakthroughs must be made to address cathodic limitations of 
MFCs, before scaling is practically or economically viable. 
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Chapter 4 : Microbial Fuel Cell Field Deployment for 
Secondary Treatment and Resource Recovery from 
Anaerobic Digestion Effluent 
 
4.1  Introduction 
Low-cost anaerobic digestion (AD) of agricultural and human wastes is a 
proven technology, well suited for the climatic conditions (i.e. 15-30°C ambient 
temperatures) and high organic loading rates that are characteristic of decentralized 
sanitation in much of the developing world (e.g. 3.2 – 7.2 kg VS/m3/day) (Sánchez, 
Borja et al. 2001, Gerardi 2003). When effectively implanted, AD results in reduced 
emission of volatile organics, noxious odors, greenhouse gases (e.g. CH4, CO2), and 
physio-chemical and microbiological contaminants (Steinfield, Gerber et al. 2006, 
Holm-Nielsen, Al Seadi et al. 2009), directly benefiting the environment and health 
and well-being of local residents. Moreover AD is able to convert the biochemical 
energy and nutrients present in human and animal excreta (4.5 g total N per L urine; 1 
kWh per kg carbohydrate) into biogas (which can reduce the local deforestation 
pressure when used as an alternative to wood for fuel) and fertilizer, providing an 
incentive for rural communities to install and maintain digesters (Jonsson, Stinzing et 
al. 2004, Pham, Rabaey et al. 2006). Elimination of the mechanization required for 
stirred reactors by employing gravity conveyance and the utilization of low-cost, 
readily available materials (e.g. polyethylene or masonry construction with PVC 
connections) has made AD an increasingly viable treatment option in resource-limited 
settings (Lansing, Botero et al. 2008, Arthur, Baidoo et al. 2011).  Practical limitations 
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on capital cost, and thus reactor HRT and volume, as well as temperature and 
operating conditions however, often result in incomplete mineralization of organic 
matter. As a consequence, AD effluent typically contains organic matter at levels that 
exceed allowable limits for direct discharge (e.g. > 200 mg BOD/L) (Marchaim 1992, 
Lansing, Víquez et al. 2008)   Additionally, because of the anaerobic nature of waste 
treatment, the nutritive content of digestate is primarily contained in nitrogen as NH3 
and phospohorus as ortho-PO4.  Thus, to enable more complete waste treatment and to 





secondary, aerobic processeseses (e.g. treatment wetlands) that increase costs without 
adding value or resource-recovery are commonly employed (Mowat, Singh et al. 
1986, Kantawanichkul, Somprasert et al. 2003).  
As an alternative to aerobic treatment, we hypothesize that the microbial fuel 
cell (MFC) might serve as an alternative, secondary treatment process for digestate to 
enable more complete waste oxidation and provide an additional form of decentralized 
energy, as electrical power.  The MFC is an emerging waste-to-energy technology that 
couples microbial oxidation of organic matter with reduction of oxygen without 
mechanical aeration of waste (e.g. activated sludge), which is energy intensive. (Allen 
and Bennetto 1993, Logan, Hamelers et al. 2006, Logan and Regan 2006). This is 
accomplished by splitting the process into two coupled half reactions. The first is 
anaerobic oxidation of organic matter catalyzed by metal reducing microorganisms 
that transfer respire electrons to an anode contained within the anodic half-cell. The 
second is reduction of oxygen (directly or mediated) by a cathode contained within the 
cathodic half-cell. The electrons acquired by the anode from oxidation of organic 
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matter are conducted as electrical current through an external electrical circuit to the 
cathode where they are utilized to reduce oxygen. Necessary charge neutrality is 
maintained by diffusion of protons generated by the anode half reaction and consumed 
by the cathode half reaction through a perm-selective membrane separating the anodic 
and cathodic half-cells that excludes oxygen from the anodic half-cell. 
Thermodynamic favorability of the net reaction, oxidation of organic matter by 
oxygen, results in electrical power delivered to the external circuit by the electrical 
current generated by the separated half reactions. Alternatively, MFCs can be operated 
as microbial electrolysis cells (MECs) in which electrical power is applied to the 
external circuit to drive the net reaction faster than it will naturally occur. 
The anodic reaction of MFCs fed with simple substrates (e.g. acetate) is 
relatively well-understood, with reaction rates (expressed as current density) reaching 
an apparent limit of 10 A/m
2
 electrode surface area catalyzed by pure culture 
organisms (e.g. G. sulfurreducens) or mixed, environmental biofilms (Torres, 
Krajmalnik-Brown et al. 2009, Strycharz, Malanoski et al. 2011). This upper limit for 
current equates to a theoretical COD removal rate (RCOD) of 71.6 g ThCOD/m
2
/d) 
(see calculations in Section 3.1).  
Data on MFCs fed with actual waste streams is still relatively sparse, but it has 
been noted that those fed with high-strength wastes (e.g. > 1,000 mg COD/L) exhibit 
reductions in Coulombic efficiency (ratio of amount of organic matter oxidized by the 
anode to total amount of organic matter oxidized in the anodic half-cell, where the 
difference can result from other oxidation processes such as un-intended oxygen 
infiltration into the anodic half-cell or methanogensis) and non-linear relationships 
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between organic loading and current density (Min, Kim et al. 2005, Feng, Wang et al. 
2008, Zhang, Zhao et al. 2012). For this reason, it is hypothesized that a partially 
degraded digester effluent could serve as an optimized input to a MFC for final 
polishing and additional energy capture. 
The MFC field trials described here were conducted at the Costa Rica, where 
more than 2,000 low-cost digesters have been installed for the treatment of agricultural 
and human wastes, and where the benefits of AD are well documented (Huttunen and 
Lampinen 2005, Lansing, Botero et al. 2008, Lansing, Víquez et al. 2008).  The 
Escuela de Agricultura de la Región Tropical Humeda (EARTH) University, in the 
Limon province of the country, is uniquely positioned, in that the campus has installed 
seven full-scale digesters for on-site waste treatment that have been in operation for 
eight years, and many students, faculty, and staff are highly educated on digestion 
principles.  
Herein, we report on field testing of MFCs as a secondary treatment process 
for three high-strength waste streams: dormitory wastewater (combined grey/black 
waste stream), dairy manure, and swine manure. Each received initial treatment by 
full-scale anaerobic digesters maintained on the campus.  MFCs were continuously fed 
with digestate over the course of four weeks in-country, and experiments were later 
repeated in a controlled laboratory setting to further evaluate electrochemical 
performance and elucidate cathode limitations. Specific objectives of the project 
included: 
1. To characterize treatment efficiency, with respect to chemical oxygen demand 




2.  To characterize and compare electrochemical performance of field MFCs 
using two-electrode configuration with respect ot current, power, and anode 
and cathode potentials 
3. To characterize and compare MFC electrochemical performance in three-
electrode mode, whereby the cathode reaction was non-limiting 
4. To perform a mass balance on AD-MFC processes, including energy output as 
well and pollutant and nutrient loads 
 
We aim to demonstrate some of the challenges associated with deployment and 
scaling of the waste water fed-MFC technology,  and the fundamental electrochemical 
challenges that remain at the cathode reaction of MFCs.  Results indicate a maximum 
volumetric power from MFCs of 5-13 W/m
3
 under the continuous flow of substrate, 
equating to a daily energy production of 1.5 – 3.8 MJ/day. Biogas energy yields, in 
comparison, provided > 100 times more energy than the MFCs—ranging from 150- 
820 MJ/day. MFC power/energy production was ultimately constrained by the cathode 
reaction (representing an overpotential of ~0.500 V), as well as substrate limitations is 
the already digested waste. 
 
 
4.2  Materials & Methods 
4.2.1 Digester Study Site 
Digesters utilized for primary treatment were located on the campus of 
EARTH University (Limon Province, Costa Rica at 10°N, 83°W), an international 
college for sustainable agricultural practice and engineering. A total of seven large-
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scale (> 30 m
3
) anaerobic digesters that were constructed on campus provide on-site 
treatment of dairy and swine manure from four animal production farms, as well as a 
combined grey-black water stream from three student dormitories. Digesters are 
operated at ambient temperature ranging from 22-30°C. 
The effluent from three of these digesters separately treating dairy, swine, and 
human waste served as the input to the MFCs. All of the digesters were Taiwanese-
model, flow-through reactors comprised of polyethylene or PVC bag, PVC tubing, and 
plastic hosing for the transport of biogas (Figure 4-1) (Lansing, Botero et al. 2008, 
Lansing, Viquez et al. 2008).  
 
Figure 4-1. Un-mechanized, anaerobic digesters treating agricultural waste on the campus of 
EARTH University (Limon, Costa Rica). Photo on left shows biogas collection in polyethylene 
bags with PVC connections. Photo on right shows a two-stage digester treating swine waste, along 
with suspended biogas collection bags. 
 
Both the swine and dormitory digesters utilized a two-stage digestion design, 
where two polyethylene bags were linked in series via PVC pipe to partially separate 
hydrolysis/acidogenesis and methanogenesis. Length-to-width (circumference) ratios 
of each of the swine and dormitory digester bags were 21:5 and 20:2.5, respectively. 
 114 
 
For dairy waste, a singular polyethylene bag (21:8, L : W) served as the sole reactor. 
For both the dairy and swine digesters, manure was manually washed from animal 
stalls twice per day and conveyed in open concrete channels to the digester inlet, 
which yielded an average daily flow of 2.18 m
3
/d (dairy) and 4.35 m
3
/d (swine). 
Coarse solids separation preceded digestion in each case.  
The human waste digester was fed with flush toilets and shower/sink water 
from three student dormitories, two laboratories, and one student cafeteria, yielding an 
average daily flow of 18-25 m
3
 /d, with variability due to weekday/weekend 
population differences. Human waste was routed through a septic tank for 
solids/grease separation, with the supernatant subsequently fed to the digester. 
Physical and hydrodynamic characteristics of the three digesters are provided in Table 
4-1. 
 


























50 Swine 8 1 45 61 14 0.166 – 0.232 
2
a 




4 Continuous NA 132 6 0.195
b 
a
 Cow and swine digesters were previously characterized (Lansing et al., 2008). 
b
 Calculated on the basis of influent COD concentration and hydraulic retention time. 
 
 
4.2.2 Sampling and Environmental Analysis 
Aqueous samples were collected and preserved for analysis during sampling of 
digester effluent, and pre- and post-MFC treatment at HRTs between 5 min and 3 h. 
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Grab sampling was performed from the effluent of each digester three times over the 
course of the study period (July-August 2012), and was used as both inoculum and 
substrate for MFCs. Dairy and swine digesters were sampled during morning or 
afternoon washings when effluent flow was at a maximum. For subsequent laboratory-
based experiments, approximately 3 L of effluent from each digester was collected 
less than 24 h before departure from Costa Rica. Digestate was maintained on ice 
during transport and, at all other times stored at 4°C until use in MFC experiments. 
All samples collected in the field were preserved at 4°C and analyzed within 
24 h for COD, TS, VS, pH, and alkalinity according to Standard Methods (APHA. 
1976). Nutrient samples were acidified (pH< 2; 5N H2SO4), filtered to 0.22 µm (for 
NO3/NO2-N, NH3-N, PO4-P), and stored at 4°C until analysis. Nutrient concentrations 
were determined by continuous flow colorimetry using an autoanalyzer with 
autosampler (Bran & Luebbe TRAACS 2000). Analysis for NH3-N, NO2+NO3-N, 
TKN, and TP was performed following EPA methods 350.1, 353.1, 351.2, and 365.4, 
respectively (O'Dell 1993, O'Dell 1993, O'Dell 1993). 
 
4.2.3 MFC Reactor Designs & Fabrication 
Three dual-chamber MFC reactors were fabricated and tested the in the 
laboratory prior to field experiments in Costa Rica (see Chapter 3 for detailed design). 
Briefly, MFCs were machined in-house on a CNC milling machine (Haas Mini Mill) 
using stock from Plexiglas sheet (0.635-cm thick) and graphite block (G10 grade; 
Mersen graphite), and were designed as plug-flow reactors with an up-flow, baffle 




Figure 4-2. Photo (A) and schematic (B) showing the front view of dual chamber, plug-flow MFC 
reactor. Schematic (not to scale) provides dimensioning of reactor and baffled flow chamber. (Van, 
101 mL; Vcath, 202 mL; anode depth, 0.5 in; cathode depth, 1 in. 
 
Anodic and cathodic half-cell volumes were 101 mL and 202 mL, respectively, 
and the exposed anode surface area was 12.80 cm x 12.80 cm (Aan = 163.88 cm
2
) for 
all trials. A Ag/AgCl (3M NaCl) reference electrode (RE-5B, Bioanalytical Systems, 
Inc.) was mounted inside the anodic half-cell of each MFC. Untreated carbon cloth 
(Fuel Cell Earth; CC6) served as the anode material. A platinum catalyst layer 
containing Nafion was applied to the same type of cloth, resulting in 0.45 mg Pt/cm
2
. 
Squares of the Pt-loaded cloth (Acath = 163.88 cm
2
) served as the cathode for field 
trials. For subsequent trials in the laboratory, graphite granules packed into the 
cathode half-cell (Grade 4012; Asbury Graphite; 0.935 cm diam.) served as the 
cathode. Graphite connected to titanium wires via nylon screws and nuts served as the 
current collector for the external circuit at both electrodes. The added resistance from 
electrical connection points was less than 5 Ω in all cases. Electrodes were physically 
compressed on either side of an anion exchange membrane (AEM, AMI-2000; Ultrex 





matter and metals from graphite was achieved via 24-hr soaks in 1M NaOH and 1 M 
HCl, respectively, followed by neutralization in deionized water. 
 
4.2.4 MFC Loading & Operation 
Two MFC trials were performed in the field, and the latter was repeated six 
months later in the laboratory. For field trials, digester effluent that had been sampled 
and maintained under anoxic conditions for ≤ 5 h, was amended with sodium acetate 
(10 mM NaCH3COO
-
), and subsequently gassed with 99% N2 for 30 min. The 
amended Digestate was initially fed to the anode chambers of MFC-1, -2, and -3, 
corresponding to human, dairy, and swine waste, respectively, and served as both 
inoculum and substrate for the anodic reaction. Flow was turned while the cell 
potential was maintained at 0.350 V (details provided below) until the onset of 
catalytic activity (i.e. current production) was observed. At which point, the MFCs 
were switched to a low flow rate using a peristaltic pump on a timer interval (Q: 0.6 
mL/min; HRT: 2.8 h) (Fisher FH100X; 3/8” Tygon) to continuously replenish organic 
matter and avoid stagnation and solids settling. The same digestate with the acetate 
amendment served as the substrate over the course of field experiments. No attempts 
were made to control oxygen levels in the influent reservoirs, and MFCs were 
maintained at ambient temperature (22-30°C). MFC treatment efficiencies were 
characterized by sampling influent/effluent points from each of the three anode half 
cells, a minimum of three times during maximal, stable current production. 
For trials subsequently performed in the laboratory, undigested wastewater 
solids, sampled from the Blue Plains sewage treatment plant in Washington D.C., 
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were used as both inoculum and substrate to grow the anodic biofilms, as described in 
Chapter 3. These MFCs were maintained on a continuous, recycled flow of undigested 
solids (Q: 20 mL/min) and were electrochemically characterized, as detailed below, 
for ≥ 1 week after a stable, maximum current was achieved.  
Un-amended digestate was then fed to MFCs at a constant flow rate of approximately 
20 mL/min (HRT, 5 min), and digestate was continuously recycled from a reservoir 
that served as both influent and effluent to the MFC. MFCs were maintained at 30°C, 
and no attempts were made to control for oxygen levels in the digestate. 
4.2.5 MFC Electrochemical Analysis 
Field MFCs were operated in a 2-electrode configuration using custom 
designed miniature low-power consuming (battery powered) potentiostats (Northwest 
Metasystems, Inc.) capable of maintaining a fixed cell voltage (Vcell: Ecathode – Eanode) 
for long-term operation. When just inoculated with AD digestate, open circuit voltages 
(OCVs) of these MFCs were less than 0.25 V resulting in no current generation until 
sufficient biofilm formation occurred at the anodes. Once sufficient biofilm formation 
occurred, OCVs increased above the fixed cell voltage maintained by the potentiostats, 
triggering the potentiostat to discharge the MFCs.  A cell voltage of 0.350 V was used 
because it is typically the cell voltage that results in maximum power production by 
MFCs and is comparable to passively discharging current across a variable resistor 
that is maintained equivalent to the cell’s internal resistance. Current and voltage 
measurements were collected with a data logger (DI-710, DATAQ Instruments, Inc.,), 
logging to an SD data card that was periodically downloaded to a PC. Point 
measurements of anode and cathode potential (vs. Ag/AgCl, 3M KCl) were also made 
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3-4 times per day for the duration of field experiments using a hand held multimeter 
(179, Fluke Corporation). On day 15, the MFCs were allowed to equilibrate for 
approximately 12 h at open circuit (Rext: 200,000 Ω) prior to performing polarization 
analysis. Polarization was performed by incrementally reducing external resistance 
from 200,000 Ω to 2 Ω using a resistor substitution box (Elenco, RS-500)) and 
allowing 25-35 minutes for cell voltage to equilibrate at each resistance value. 
Separate measurements of anode and cathode potential (vs. Ag/AgCl, 3M NaCl) were 
also made at each resistance value during polarization. Current (I) and power (P) were 
calculated according to Ohm’s law (P = IV and V = IR). 
For experiments subsequently performed in the laboratory (United States 
Naval Research Laboratory, Washington DC, USA, 38.822457,-77.023154), 
electrochemical analysis was performed using a Solartron 1470E multichannel 
potentiostat (1470E, Amtek) and Multistat software program (Scribner Associates) 
when the potentiostat was actually working and not being repaired for the n
th
 time. 
The anodic biofilms were grown in potentiostatic mode (i.e., 3-electrode 
configuration), with the anode (working electrode) maintained -0.200 V vs. the 
Ag/AgCl, 3M reference electrode (≃ 0.005 V vs. SHE) located in the anodic half-cell 
(BioAnalytical Systems, Inc.) and the cathode serving as the counter/auxiliary 
electrode. Such a potentiostated configuration ensures that the rate of anode microbial 
catalyzed oxidation of waste organic matter by the anode is not limited by cathodic 
overpotential or internal resistance which occurs under two-electrode configurations. 
This enables determination of the maximum rate of microbial catalyzed oxidation of 
organic matter possible by the anode as a function of potential applied to the anode. It 
 120 
 
also enables determination of the threshold potential for which application of a more 
positive potential negligibly increases the reaction rate (i.e., ILim: limiting current). The 
applied potential of -0.200 V vs. Ag/AgCl was chosen because it approximates 
threshold potential that known anode reducing bacteria (ARB, e.g. G. sulfurreducens) 
can metabolically utilize for biofilm growth and still achieve limiting rates of organic 
matter oxidation coupled with transfer of respired electrons to the electrode (Torres, 
2010) (Strycharz-Glaven and Tender 2012).  
Slow-scan cyclic voltammetry (CV) of the anodes was performed at the start of 
the experiment, at the onset of catalytic activity, and when maximum current 
production (imax) to characterize biofilm development. CVs were performed in-situ 
under the same three-electrode configuration using the following parameters: the 
initial cathodic voltammetric scan (v < 0) swept the anode potential from Einitial = -
0.800 V vs. Ag/AgCl to Efinal = +0.300 V vs Ag/AgCl, and was followed immediately 
by a anodic voltammetric scan from +0.300 V vs. Ag/AgCl to -0.800 V vs. Ag/AgCl; 
all scans were performed at rates (v) of 1, 2, and 5 mV/sec. In preliminary 
experiments, it was determined that voltammetric scan rates > 1 mV/s distorted 
limiting current and peak potentials. Thus, only 1 mV/s scans are displayed in this 
report. 
Once a maximal electric current was achieved under potentiostated conditions 
(attributed to fully grown anode biofilms), the MFCs were switched to a 2-electrode 
configuration by connecting the potentiostat reference and counter/auxiliary electrode 
input leads to the cathode (i.e., the reference electrode not used) and given 24-48 hours 
to reach a stable open circuit voltage (OCV). Polarization was then performed (Vcell 
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was swept from OCV to 0.005 V; scan rate of 0.1 mV/s). Point measurements of 
cathode potential during polarization were also recorded to quantify cathode 
overpotentials. Following polarization, power output was characterized under 2-
electrode configuration, where the cathode was poised 0.200 V positive of the anode. 
Power was calculated via Ohm’s law (i.e. P = IV), and all current and power 
measurements were normalized by anode geometric surface area (163.88 cm
2
) and/or 
anodic volume (101 mL). All experiments were conducted, at a minimum, in 
triplicate, and statistical analysis on resulting current/power densities were conducted 
using the Student’s t-test at α > 99% and tcrit: 2.552. 
 
 
4.3  Results & Discussion  
4.3.1 Digester Treatment Efficiencies from Field Study  
Two of the three digesters (dairy and swine) were previously characterized in 
studies by Lansing et al. (Lansing, Botero et al. 2008, Lansing, Viquez et al. 2008) 
over the course of 9 months for both treatment capacity and biogas production. For the 
current study, only COD and solids (TS and VS) removal by the digesters were 
evaluated (Figures 4-3 and 4-4; Table 4-2). Digester treatment values presented here 
are based on grab sampling of the influent and effluent on three separate occasions 
(July- Aug. 2012). MFC treatment values are based on comparison of the MFC 
effluent to MFC influent, sampling each a minimum of two times during continuous 
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flow operation in-country, and three times during lab experiments in the US (see 
Section 4.3.2). 
Influent organic loads to the dairy and swine digesters had increased relative to 
previous reports (Lansing, 2008a; 2008b), which we attribute to a decrease in the 
volume of washing water and/or seasonal variations. Influent COD levels to the dairy 
and swine digesters were, respectively, 6,334 mg/L and 3,243 mg/L, corresponding to 
organic loading rates of 0.162 kg COD/m
3
/d and 0.232 kg COD/m
3
/d (0.121 and 0.115 
kg VS/m
3
/d), respectively. COD removal efficiencies were comparable to historical 
data on the digesters, exceeding 85% COD removal by the dairy digester and 93% 
COD removal by the swine digester after eight years of continuous operation.  
 
Figure 4-3. TS and VS concentrations (mg/L) at Digester Influent (solid bars) and Digester 
effluent (hashed bars). TS levels are represented in black; VS levels are represented in grey. 
 
Enhanced COD removal by the swine digester may be due to its different 
design, being comprised of dual plug-flow reactors in series that enhance hydrolytic 
and fermentative capacity in comparison to the singular reactor bag that served as the 
dairy digester (Zahller, Bucher et al. 2007, Parawira, Read et al. 2008). The treatment 
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efficacy of these particular digesters in comparison to similar, plug flow systems has 
been previously noted (Lansing, Víquez et al. 2008), and importantly, this data further 
attests to their robust and long-term performance in a resource-limited setting. In 
comparison to COD, the total and volatile solids removal rates were somewhat 
reduced, but in line with the historical data on the dairy and swine digesters. An 
average of 71% and 61% removal of TS, and 82% and 84% removal of VS was 
achieved by the dairy and swine digesters, respectively.  
Although loading rates had increased somewhat since 2008, the EARTH 
systems are operated at significantly lower organic loads than literature 
recommendations for similar plug-flow systems (e.g. 1-6 kg VS/m
3
/d) (Lettinga 1995, 
Buysman 2009). An inverse relationship is predicted between organic loading and 
percent removal rates, with > 60% VS removal predicted at loading rates less than 1 
kg/m
3
/d (Dairy waste biogas handbook- Burke). Thus, the high efficiency for COD 
and solids removal in these particular digesters is likely attributed to their operation at 
the lower end of this range. 
The dormitory waste was a combined grey/black water stream, and delivered 
the lowest organic load of the three digesters tested (0.071 kg COD/m
3
/d; 0.115 kg 
VS/m
3
/d). COD removal efficiencies, which had not been previously characterized, 
were also lower than the other two (74.8% COD reduction), and yielded an effluent 
stream with higher organic loads than the swine digestate (i.e. 343 mg COD/L in dorm 
digestate; 220 mg COD/L in swine digestate). Solids removal by the dormitory waste 
stream was also less efficient than either of the agricultural digesters, and, despite a 
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lower influent concentration, achieved only 39% and 55% removal of TS and VS, 
respectively.  
The low removal capabilities of the dormitory digester may be the combined 
result of the digester’s relatively short hydraulic retention time (HRT, 6 d), and the 
presence of surfactants and cleaning products in the influent stream (i.e. visible 
foaming of the waste stream was observed during sample collection). The fact that the 
dorm digester was receiving a comparably low organic loading rate (i.e. 0.115 kg VS 
/m
3
/d), but treating a significantly lower fraction of the waste suggests that 
methanogenic activity within the digester was inhibited. It was not assessed if biogas 
production by the dormitory digester was also inhibited, as the digester was installed 
after the previous digestion characterization studies occurred. 
 125 
 
Table 4-2. Summary of environmental indicators and treatment performance from digesters treating dormitory, cow, and 
swine waste. Data is presented as the mean ± standard deviation (n). 
 
 
























1361 ± 51        
(n =3) 
343 ± 2 
(n =3) 
74.8% 
6334 ± 276 
(n =3) 
1108 ± 41 
(n =3) 
82.5% 
3243 ± 71 
(n =3) 




1097 ± 83 
(n =3) 
668 ± 107 
(n =3) 
39.1% 
6747 ± 190 
(n =3) 
1975 ± 26 
(n =3) 
70.7% 
2903 ± 107 
(n =3) 




690 ± 71 
(n =3) 
310 ± 68 
(n =3) 
55.1% 
4727 ± 161 
(n =3) 
850 ± 22 
(n =3) 
82.0% 
1618 ± 107 
(n =3) 
255 ± 26.5 
(n =3) 
84.2% 









4.3.2 Microbial Fuel Cell—Treatment Efficiencies 
Organics Removal 
Field: Field MFC experiments (at a fixed cell voltage, Vcell, of 0.350 V) used COD as 
the sole indicator of treatment efficiency. Figure 4-4 displays the levels of COD in 
influent and effluent samples to both digesters and fuel cells. Based on comparison of 
MFC effluent to MFC influent (i.e., AD digestate), MFC treatment efficiency appears 
to correlate with the COD level of the digestate, in that the MFC receiving the highest 
influent COD (dairy digestate, 1108 mg/L) also achieved the greatest rate of COD 
removal (46% reduction; CODeff, 600 mg/ L).  
  
 
Figure 4-4. COD concentrations (mg/L) from field experiments for: (1) Digester Influent (blue); 
(2) Digester Effluent (Red); (3) MFC Influent (Green); and (4) MFC Effluent (Purple). Values are 




COD from the swine digestate was reduced by 31.6% to a final effluent of 151 
mg/L. No COD reductions could be detected from the dormitory digestate through 
MFC treatment (i.e. 0% removal). Cumulative COD removal from dairy, swine, and 
dormitory waste by the combined AD-MFC treatment process was thus 90.5%, 95.0%, 
and 75.0%, respectively. For comparison, AD alone yielded 85%, 93%, and 75% COD 
removal from dairy, swine, and dorm waste. 
 
Laboratory: Laboratory trials (at a fixed anode potential of -0.200 V vs. Ag/AgCl) 
evaluated levels of COD, TS, and VS in wastewater samples at the influent and 
effluent of MFCs as indicators of treatment efficiency. Figures 4-5 displays MFC 
influent and effluent COD and VS concentrations and Figure 4-6 displays MFC 
removal rates (%, kg/m
3
/d) from laboratory experiments. 
 
Figure 4-5. Laboratory COD (red) and VS (black) levels at the influent (solid bars) and 
effluent (hashed bars) of the MFCs when operated at a fixed anode potential of -0.200V 
vs. Ag/AgCl. Triplicate MFCs were each sampled a minimum of two times. Data values 




Figure 4-6. COD (Red) and VS (Black) removal rates from MFCs fed with Swine, Cow, 
and Dormitory Digestate. Removal efficiencies were calculated as a percentage decrease 
from influent to effluent (%, hashed bars) and as a daily rate (kg/m
3
/d, solid bars). 
 
 
Laboratory MFCs fed with dairy and swine digestate achieved lower removal rates 
(e.g. 0% and 14.3% COD removal, L respectively), in comparison with field 
experiments. COD and VS removal from the dorm digestate was significantly higher 
however (70% COD and 54% VS removal). Samples of dormitory digestate collected 
at the end of field trials and preserved for laboratory experiments contained 
approximately double the concentration of organic matter—343 mg COD/L versus 
684 mg COD/L—than those samples collected and used during field trials. MFC 
treatment efficiencies may correlate with digester performance. The short HRT of the 
dormitory digester (i.e., 6 d HRT) may have contributed to higher variability in 
effluent COD, VS, and TS concentrations. The remaining organic content of 
dormitory digestate may have had a higher soluble or biologically relevant fraction, 
which was, in turn, more readily degraded in the MFC. This is consistent with the 
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results described in Chapter 3, where digestion period serves as an inverse predictor of 
MFC treatment efficiency. These results corroborate this model, wherein the least 
treated digestate (i.e. dormitory digestate), yielded the highest levels of COD and VS 
removal, though this was only true in the laboratory setting, under conditions of a non-
limiting cathode. 
In comparison to COD levels in the effluent of a treatment wetland (i.e., 2.3 
mg/L COD in wetland effluent) that receives the dairy and swine digestate (Lansing, 
Viquez et al. 2008), the MFC did not provide the same level of COD removal (i.e. 
>99% removal of COD after wetland treatment). The contribution of dilution rates to 
calculations of wetland treatment performance was unaccounted for though, and is 
likely significant, as the treatment wetlands receive both digester effluent and stream 
diversion inputs. Further evaluation of MFC vs. wetland technology for digestate post-
treatment would require inclusion of cost-benefit metrics such as economics, resource 




4.3.3 Microbial Fuel Cell—Energy Production  
2-Electrode Current/Power—Field Experiments 
MFC trials performed in-country utilized miniature, two-electrode 
potentiostats to maintain a voltage difference of 0.350 V between the anode and 
cathode of each MFC. The utility of this type of electrochemical instrumentation, 
which can be powered by the MFC itself (Tender, Gray et al. 2008) is that it allows 
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true assessment of amount electrical power that can generated by the waste-fed MFCs 
in oxidizing residual organic matter contained in the AD digestate. Such 2-electrode 
measurements are however subject to cathode limitations. This is exhibited as an 
excessive cathode overpotential in which the cathode potential shifts disproportionally 
negative with current through the external circuit compared to the concomitant 
positive shift in anode potential. Such 2-electrode measurements are also subject to 
internal resistance due to low ionic permeability of the membrane required to separate 
the anode and cathode half cells. Both factors conspire to greatly reduce the rate of 
organic matter oxidation achieved by effectively driving the anode potential negative 
the threshold potential. In comparison, this does not occur when operating the MFC in 
a 3-electrode configuration in which the anode potential is poised vs. a reference 
electrode positioned in the anodic half-cell, but which requires power to be inputted to 
the MFC. Point measurements of the anode and cathode potential during biofilm 
growth (Figure 4-3) revealed the development of significant cathode overpotentials for 
all of our MFCS as experienced by other (Popat, Ki et al. 2012) (Oh, Min et al. 2004). 
At the onset of the in-country MFC field trials, cathode OCPs ranged from 0.390 to 
0.490 V vs. Ag/AgCl (~ 0.590V - 0.690 V vs. SHE). After 48 h of current discharge 
however, all cathode potentials dropped by > 0.250 V, and after 200 h, all cathode 
potentials were < 0 V vs. Ag/AgCl (~ 0.200 V vs. SHE), representing an overpotential 
of > 0.500 V relative to the theoretical reduction potential of oxygen to water at pH 7 
(E
0’




  2H2O). The cathode chambers were 
continuously aerated during all experiments. It is therefore unlikely that low bulk 
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oxygen concentrations are responsible for the cathodic overpotentials we observed but 
rather associated with proton and/or hydroxyl limitations (Popat, Ki et al. 2012). 
 
Figure 4-7. Convergence of anode (diamond symbols) and cathode (triangle symbols) 
potentials during biofilm development of MFCs operated in the field. Anodes were fed 
with digestate from a dairy manure digester (dashed line, closed symbol), Swine manure 
digester (solid line, open symbol), and Dormitory wastewater digester (solid line, closed 
symbol). After hour 60, the catholyte was replaced daily with pH 3 seawater. 
 
For two days following inoculation, these MFCs were incapable of maintaining 
an open circuit cell voltage > 0.250 V, presumably because anodes had not become 
sufficiently colonized by ARB. Thereafter, anodes became sufficiently reduced and 
MFCs were maintained at a cell voltage of 0.350 V while being discharged. Even with 
the addition of sodium acetate (10 mM) as a supplemental carbon source, the cathodic 
limitations had the effect of limiting maximum current production to ≤ 4 mA (≃ 300 
mA/m
2
; or ≃ 40 A/m3). The transient spikes in current after this point (Figure 4-4) 
were due to the addition of dilute acid to the cathode chamber. See section 4.3.4 for 
description of acid effects on the fuel cell. 
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The digestate source had some effect on the development of anodic biofilms, in 
that anodes fed with swine and dairy digestate achieved a potential < -0.250 V vs. 
Ag/AgCl within 60 h, while the time required for the dormitory-fed anode to become 
equally reduced was double that of the other two (112 hours) (Figure 4-9). This could 
be due to either a lower concentration of relevant, anode respiring microorganisms in 
the dormitory waste compared to the other two wastes, and/or inhibition by 
surfactants, etc. in the dormitory waste stream. Similar to AD systems, the effect of 
surfactants or other inhibitory compounds on MFC performance has not yet been 
evaluated. Despite the increased lag time of the dormitory digestate, all waste streams 
yielded comparable anode potentials after ≃ 300 h.  
 
Figure 4-8. Current production (mA/m2) during biofilm development of MFCs fed 
with digestate from a dairy manure digester (filled symbols, solid line), Swine manure 
digester (open symbols, dashed line), and Dormitory wastewater digester (closed 




Current production from dormitory, dairy, and swine digestate was, 
respectively, 3.4 mA, 3.6 mA, and 4.4 mA after 360 h of operation at 0.350 Vcell 
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 or 248 mA/m
2 
(dairy); and 44 A/m
3
 or 272 
mA/m
2 
(swine). Equivalent volumetric power based on anodic half-cell volume was 
11.9 W/m
3
 (dormitory); 12.6 W/m
3
 (dairy); and 15.4 W/m
3
 (swine). In field and 
laboratory experiments, the dormitory digestate yielded the lowest current production 
(see Section 4.3.5), consistent with the notion that this waste stream is slightly 
inhibitory and reduces activity of both methanogenic and anode respiring 
microorganisms.  
Polarization analysis was performed after 300 hours of operation in the field, 
and was preceded by 24 h of equilibration at open circuit conditions. Results of field 
polarization are displayed in Figure 4-9. All MFCs achieved an open circuit potential 
(OCP) of > 0.790 V, with Eanode, OCP of -0.583 V (dormitory) vs. Ag/AgCl (~-0.383 
Vs. SHE), -0.580 V (dairy) vs. Ag/AgCl (~-0.380 V vs. SHE), and -0.534V (swine) 
vs. Ag/AgCl (~-0.334 V vs. SHE); and Ecathode, OCP of +0.261 V (dormitory) vs. 
Ag/AgCl (~+0.461 V vs. SHE), +0.210 V (dairy) vs. Ag/AgCl (~+0.410), and +0.229 
V (swine) vs. Ag/AgCl (~+0.429 V vs. SHE). Maximum power achieved by the 
dormitory, dairy, and swine digestate was, respectively, 1.31 mW, 1.27 mW, and 0.57 
mW. On the basis of anodic volume or surface area, this equates to 13.1 W/m
3
 or 81.3 
mW/m
2




 (dairy); and 5.7 W/m
3
 or 35.1 mW/m
2
 
(swine). The reduced power output by the swine digestate was likely due to the anodic 
reaction (Figure 4-9B), which achieved a lower OCP than the other two and also had a 
larger shift in potential during polarization. This was not observed in lab trials, where 
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the swine digestate yielded the highest maximum power production (See Section 
4.3.5). 
 
Figure 4-9. Polarization analysis performed in-country on MFCs fed with digestate from a dairy 
manure digester (black lines), Swine manure digester (blue lines), and Dormitory wastewater 
digester (purple lines). Polarization was performed through reductions in external resistance 
from 200,000 Ω to 2 Ω, and recording stable current production after 25 min. Figure (A) shows 
power (mW/m
2
; solid lines), and cell voltage (V; dashed lines), as a function of and current 
(mA/m
2
). Figure (B) shows anode potentials (closed symbols) and cathode potentials (open 








4.3.4 Cathodic Overpotential & pH Effects 
The development of cathodic overpotentials was intimately related to the 
development of the anodic biofilm. In all cases, the anode potential shifted > 0.400 V 
from the start of the experiment to the point of maximum current production, and 
stabilized near -0.350 V vs. Ag/AgCl, consistent with presence of a catalytically active 
biofilm. (Strycharz-Glaven and Tender 2012, Strycharz‐Glaven and Tender 2012). At 
the point when anode potentials reached -0.350V, current production had increased 
from approximately 0.6 mA to 1.5 mA (hr 150), which coincided with a drop in 
cathode potential of approximately 0.500 V from the starting OCP. Presumably, the 
rate of electron transfer from the anode to cathode was initially faster than the oxygen 
reduction kinetics at the cathode, resulting in significant charge accumulation and 
thus, significant cathode overpotential. As has been previously noted (Popat, Ki et al. 
2012, Yuan, Zhou et al. 2013), the cathode reaction in MFCs (waste-fed and 
otherwise) is hindered by the low concentration of protons at the circum-neutral pH 
conditions required for biological growth. Specifically, the rate of mass transport of 
protons and hydroxyls within the diffusion layer (i.e. electrode-electrolyte interface) is 
insufficient, leading to localized pH gradients and dramatic reductions in the rate of 
abiological reduction of oxygen (Popat, Ki et al. 2012). Acceleration of the cathodic 
reaction at neutral pH represents a significant impediment to the scaling and 
advancement of bioelectric technology.  
In an attempt to minimize cathode pH limitations during the first trial, 0.5 M 
H2SO4 was replaced as the catholyte after the establishment of a reduced anode (Ean, -
0.400 V vs. Ag/AgCl) and catalytic activity (> 2 mA) (data not shown). This had the 
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effect of immediately and permanently raising the cathode potential from -0.100 V to 
≥ 0.500 V vs. Ag/AgCl, but also resulted in acidification of the anode chamber and the 
cessation of current production within two days. Based on these results, it was 
hypothesized that cathodic pH limitations could be mitigated with the continuous, 
slow addition of acid to the cathode at a rate equal to the rate of electron/proton 
release at the anode.  
For field trial 2, minimization of cathode pH limitations was evaluated by 
replacing the catholyte daily, starting at hour 60, and adjusting it to ≃ pH 3.0. The 
catholyte was brackish seawater collected from the Caribbean coast of Costa Rica at 
and stored at 4°C until use, chosen to provide conductivity and minimize solution 
resistance. Spikes in electrode potentials and current production were observed each 
time the catholyte was replaced. This had the effect of creating transient spikes in 
current and power that could not be sustained for more than a few hours (Figure 4-8). 
These spikes became more pronounced as current production increased, suggesting 
that the capability for current and power production (i.e. metabolic activity) by the 
anodic biofilm had grown over time, but was significantly impaired by the cathode 
reaction. Spikes in current production up to 9.5 mA (589 mA/m
2
 or 95 A/m
3
; 









; dairy) occurred immediately following the addition of pH 3 seawater as the 
catholyte, but the effect was transient, with current falling again after < 1 h of 
catholyte replacement. Catholyte pH was also checked after each addition of fresh 
seawater (pH 3), and was found to have increased by more than 5 units in < 24 h, with 
effluent catholyte between pH 8-9.5 in all cases. This may be indicative of a relatively 
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rapid rate of proton consumption by the cathode that is not matched by the rate of OH
-
 
transport across the membrane. 
 
4.3.5 Laboratory Experiments 
The MFC experiments conducted in the field were subsequently repeated in 
triplicate in the laboratory, using a 3-eletrode configuration to evaluate the MFC 
limiting current production from digestate oxidation when not constrained by the 
cathode reaction or internal resistance. Anodic biofilms of triplicate MFCs, grown 
under continuous flow of undigested solids achieved steady-state limiting current 
densities of 813 mA/m
2




 ± 21.5 A/m
3
) for Vanode = 0.200 V vs. 
Ag/AgCl (~ 0.000 V vs. SHE) after approximately 120 h of growth (Figure 3-13 in 
Chapter 3). Undigested solids were also used to recover a stable, maximum current 
between testing of the three digested wastes. Each time a comparable, stable current 
production was achieved (800-1,000 mA/m
2
; 129 – 161 A/m
3
). See Chapter 3 for full 
description of results with undigested waste. 
Swine, dairy, and dormitory digestate was subsequently fed to triplicate MFCs, 
and flow was recycled (3 L total volume) until substrate was depleted, as evidenced by 
a decline in current density to < 50 mA/m
2
 (≃ 0.8 mA). Significantly less current 
(approximately 10-20%) could be extracted from the digestate than from the 
undigested wastewater solids, likely owing to a lower fraction of easily degradable 
organic matter. In all cases, current production rapidly declined once flow of digested 
waste began but stabilized after approximately 24 h (Figure 4-10). With a fixed anode 
potential of -0.200V vs. Ag/AgCl, the average current density from the swine, dairy, 
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and dormitory digestate was 93.0 ± 16.6 mA/m
2
, 165 ± 62.9 mA/m
2
, and 86.0 ± 16.5 
mA/m
2
. On the basis of anodic volume, this equates to 15 ± 2.8 A/m
3
 (swine); 27 ± 
10.2 A/m
3
 (dairy); and 14 ± 2.7 A/m
3
 (dormitory). These values represent the average, 
stable current production from the triplicate MFCs after approximately 24 h of 
continuous, recycled flow without acetate amendments.  
 
Figure 4-10. Current production from lab trials of MFCs fed with Swine (blue), Cow (Black), and 
Dormitory (purple) digestate; continuous flow experiment with 5 min HRT. Figure A displays 
current production with a fixed anode potential of -0.200V vs. Ag/AgCl; Figure B displays 
current production with a fixed cell voltage of 0.200V. 
 
 
When the dormitory digestate was later augmented with sodium acetate (10 





), again at a fixed anode potential of -0.200 V vs. Ag/AgCl. This represents 
a > 600% increase in current from the un-amended digestate, and suggests that 
significantly higher levels of current production could be attained by reducing the 
dilution rate of substrate to anodic bacteria (i.e. by increasing the flow rate or reducing 
HRT of the digested waste). This is analogous to optimizing the food-to-microbe 
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(F/M) ratios in fixed-film wastewater treatment processes (Tchobanoglous, Burton et 
al. 2003, Metcalf, Eddy et al. 2010).  
 
Figure 4-11 Chronoamperometric plot of current as a function of time during 
lab trials of triplicate MFCs fed with dormitory digestate, illustrating effect of 
substrate concentration on current when digestate is spiked with sodium acetate 
(10 mM NaAc). Current production is displayed at a fixed anode potential of  -
0.200V vs. Ag/AgCl. 
 
The same acetate augmentation was later repeated when the cell voltage was 
fixed at 0.200 V (2-electrode configuration), and yielded an average, stable current 








) from dormitory 
digestate (Figure 4-10B). This represents a 76% decline in current production in 2- 




Figure 4-12. Current production from triplicate MFCs fed with dormitory 
digestate; continuous flow experiment with 5 min HRT; Vcell: .200V. Values 
represent the average, stable current for the experimental condition. 
Dairy digestate was similarly augmented with sodium acetate (10 mM) while 







) representing a 50% decrease in current production from the 
three-electrode experiment under non-limiting substrate conditions (Figure 4-12). The 
magnitude of current/power production observed when operated in two-electrode 
experiments is comparable to what was observed in the field. Importantly though, this 
confirms the cathodic limitation that was observed in field experiments, and the 
substrate limitations of using a digested waste stream. Although the digestate still 
contained a relatively high level of organic matter (i.e. > 250 mg VS/L; > 400 mg 
COD/L), it is likely the case that this was primarily recalcitrant material (e.g. humus; 
lignin) that would require a significantly longer period for microbial decomposition. 
These results also highlight an ill-understood phenomena in MFCs - optimization of 
the anodic reaction (i.e. optimized ARB substrate levels) often comes at the expense of 
the cathodic reaction (i.e. charge accumulation and cathodic overpotential also 
increase as anodic reaction rates increase), resulting in energy and power assessments 
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that are primarily a function of membrane and cathode limitations, and not a 
representation of the theoretical energy extraction from a given waste source. Efforts 
must be taken to identify and isolate the limiting reaction, so that energy potential is 
not under-represented.  
Polarization analysis performed in the lab yielded average maximum power 
densities of 5.0 ± 0.2 W/m
3
 (dormitory; n = 3); 8.0 ± 1.2W/m
3
 (dairy; n = 3); and 10.0 
± 1.6W/m
3
 (swine; n = 3) at cell voltages between 0.27 V and 0.31 V. Lab trials 
yielded somewhat lower levels of limiting power and current, compared to what was 
observed in the field (Figure 4-13). Average maximum power from field and lab 
evaluations was, respectively, 81.3 mW/m
2
 (n = 1) vs. 28 ± 1.3 mW/m
2
 (n = 3) from 
dormitory digestate; 78.8 mW/m
2
 (n = 1) vs. 52 ± 7.4 mW/m
2
 (n = 3) from dairy 
digestate; and 35.1 mW/m
2
 (n = 1) vs. 60 ± 10.1 mW/m
2
 (n = 3) from swine digestate. 
Limiting current densities during polarization were also somewhat lower than what 
was achieved in field trials (i.e. imax, 375 mA/m
2
 vs. 700 mA/m
2
), which is likely 
indicative of the substrate limitation of the waste when not amended with acetate. The 
reduced power extraction from dormitory digestate was observed in polarization, as it 
was in all electrochemical measurements, suggesting again that the surfactants or other 
anti-microbial agents may impair ARB activity and reduce energy gains in any 




Figure 4-13. Polarization analysis from lab trials of MFCs fed with Swine (blue), Cow 
(Black), and Dormitory (purple) digestate. Power curves (solid lines); cell voltage 
(dashed lines); cathode potential (open symbols); anode potential (closed symbols). 
In all cases power density was constrained by the cathode reaction during 
polarization. Average shifts in electrode potentials from open circuit to closed circuit 
conditions were: ∆Eanode, dormitory, 0.253 ± 0.035 V (n = 3) and ∆Ecathode, dormitory, 0.178 ± 
0.024 V; ∆Eanode, dairy, 0.229 ± 0.086 V (n = 3) and ∆Ecathode, dairy, 0.320 ± 0.052 V; 
∆Eanode, swine, 0.206 ± 0.090 V (n = 3) and ∆Ecathode, swine, 0.395 ± 0.022 V (Figure 4-13). 
Graphite granules were replaced twice during lab experiments to check for cathode 
bio-fouling; however, no significant difference in cathode OCP or overpotential were 
observed with the clean granules. The significant polarization of the cathode is 
consistent with field experiments, demonstrating that cathodic losses constrain MFC 





Slow scan voltammetry was used to confirm the electrochemical current 
response of the anode reaction when fed with undigested vs. digested waste. 
Representative voltammograms are displayed in Figure 4-14. In comparison to 
voltammetric responses from undigested waste, all digestate-fed anodes exhibited 
significantly smaller redox peaks and approximately ¼ to ½ the limiting current 
response at anode potentials > 0 V vs. Ag/AgCl (voltammogram in red in Figure 4-
15). Such voltammetric features confirm the substrate deficiencies that were observed 
during chronoamperometry of the digested waste. Positive (i.e. anodic) current 
response began at anode potentials greater than -0.500 V vs. Ag/AgCl and maximum, 
limiting current response was observed at anode potentials > 0 V vs. Ag/AgCl. This 
provides a valuable thermodynamic baseline for ARB activity, in that anode potentials 
must remain within this window to provide a sufficient energetic benefit for 
microbially catalyzed anode respiration. If cathodic activity becomes significantly 
limited, such that excess charge builds up at both cathode and anode, it has the effect 
of eliminating the thermodynamic benefit for the biofilm and creating a condition 




Figure 4-14. Representative voltammograms from MFCs fed with cow (black), swine (blue), 
and dormitory (purple) digestate. Voltammogram from undigested latrine solids (red line) is 
provided for comparison of magnitude of current production and current-potential 
dependency. Scans were recorded at 0.001 V/s from -0.8 V to +0.3 V and back to -0.8 V vs. 
Ag/AgCl, 3M KCl 
 
 
4.3.7 Mass Balance of Wastewater Treatment & Energy Production 
An empirical mass balance over the digester and MFC was performed for 
laboratory experiments on the basis of: COD, VS, and energy resulting from each 
process. Calculations were carried out in units of kg/d for masses, m
3
/d for flows, and 
MJ/d for energy. The energy content (HHV) of biogas was approximated as 25.7 kJ/L 
(Murphy, McKeogh et al. 2004, Buysman 2009), and the maximum power production 
by the MFCs, as predicted by polarization analysis during laboratory experiments, was 
used to estimate energy output from the MFC. Table 4-3 summarizes the field and lab 
results, respectively, of the mass balance for dormitory, swine, and dairy waste. 
Maximum MFC power density (5-13 W/m
3
) translated into an equivalent daily energy 
production of 1.5 – 3.8 MJ/day assuming a continuous flow of swine, cow, and 
dormitory digestate at a rate of 4.36, 2.18, and 22.0 m
3
/d, respectively (based on 
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influent flow rate to full-scale digesters). Biogas energy yields, in comparison, 
provided ≥ 100 times more energy than the MFCs—ranging from 150- 820 MJ/day. 
This is consistent with previous empirical and theoretical work on estimated energy 
production from AD & MFC systems (Clauwaert, Toledo et al. 2008, Weld and Singh 
2011). On a daily basis, the digesters discharged 1.8 – 15 kg COD and 1.2 – 23 kg VS, 
where the highest mass rates corresponded to the dormitory digester; MFCs 
discharged 1.5 – 4.4 kg COD and 1.4 – 10.1 kg VS per day. A similar mass balance 
was performed on field data as well; results are in Appendix B. 
 
Table 4-3 Empirical mass balance for COD, VS, and energy produced by AD-MFC treatment; 












/day) 22 4.36 2.18 
 
CODin-AD (kg/day) 22.9 14.1 13.8 
Lab Samples CODeff-AD kg/day) 15.1 1.81 1.78 
Lab samples CODeff-MFC (kg/day) 4.40 1.97 1.53 
 
VSin-AD (kg/day) 15.2 7.05 10.3 
Lab Samples VSeff-AD (kg/day) 9.06 - 23.1 1.22 - 1.88 1.54 - 1.54 
Lab Samples VSeff-MFC (kg/day) 5.08 - 10.6 2.16 1.43 
 
Eout-AD (MJ/day) 824 154 707 
 
Eout-MFC (MJ/day) 1.90 3.77 1.51 
4.4  Conclusions 
In this continued study on the use the MFC for post-treatment of anaerobically 
digested waste, we demonstrate the comparative results of field and lab MFC 
deployment at the effluent of dairy, swine, and dormitory digesters. Results indicate a 
maximum volumetric power of 5-13 W/m
3
 under the continuous flow of substrate, 
 146 
 
equating to a daily energy production of 1.5 – 3.8 MJ/day. Biogas energy yields, in 
comparison, provided > 100 times more energy than the MFCs—ranging from 150- 
820 MJ/day. MFC power/energy production was ultimately constrained by the cathode 
reaction (representing an overpotential of ~0.500 V), as well as substrate limitations is 
the already digested waste.  COD removal efficiencies in the MFC ranged from 0-
70%, equating to daily removal rates of 0 – 0.778 kg COD/m
3
/d (HRT, 168 min) and 
0-130 kg COD/m
3
/d (HRT, 5 min). 
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Chapter 5 : Iron(II)-Dependent Denitrification by a High-





5.1    Introduction 
Extraction of energy from wastewater by microbial fuel cells (MFC) is an often-
proposed application of bioelectrochemical systems (BES) (Lefebvre, Uzabiaga et al. 
2011, McCarty, Bae et al. 2011, Logan and Rabaey 2012, Schröder 2012). Conversion 
of the biochemical energy stores in domestic sewage (≃14-16 kJ/g COD; 0.4 – 23.3 
kWh/m
3
 or 1.5-96 kJ/m
3
) would represent significant reductions in energy 
consumption by the water and wastewater sectors, where demand currently represents 
2 - 4% of the US national energy budget (e.g. 0.2 – 1.0 kWh/m
3
 required for treatment 
of sewage) (Christensen and McCarty 1975, McCarty 1975, Mitchel and Gu 2010, 
Rothausen and Conway 2011).  
The anodic reaction of MFCs is relatively well understood, whereby anode 
respiring bacteria (ARB, e.g. Geobacter sufurreducens, Shewanella putrefaciens) 
serve as electrochemical catalysts capable of coupling oxidation of organic matter with 
reduction of a non-corrosive electrode (e.g. graphite) (Bond, Strycharz-Glaven et al. 
2012). The rate at which ARB can transfer electrons to the anode (measured as anodic 
current density) in waste-fed MFCs is primarily limited by the low concentration of 
substrate (i.e. 1-3 mM acetate) in domestic sewage (Rabaey, Clauwaert et al. 2005, 
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Rodrigo, Cañizares et al. 2007). By controlling the substrate dilution rate however (i.e. 
reducing retention times), waste-fed anodes can achieve relatively high current 
densities (e.g. 2-4 A/m
2
) and minimal anodic overpotential (e.g., 0.070 V) representing 
a relatively optimized anode reaction and a high potential for energy/power generation 
from waste (Katuri and Scott 2010).  
Realization of energy from waste-fed MFCs, however, is dependent on a non-
limiting cathode (i.e. > -2 A/m
2
 current density and minimized overpotential). The 
vast majority of waste-fed MFCs to date have relied on the oxygen reduction reaction 
(ORR) at the cathode, owing to its high thermodynamic potential (i.e. +0.791 V vs. 
SHE, pH7) and availability of oxygen as a sustainable oxidant (i.e. air). It is 
increasingly recognized however, that abiotic oxygen reduction is not optimal for 
MFC cathodes owing to the requirements for circum-neutral pH and temperature (i.e. 
pH 7, 30°C)—conditions that are required for biological growth at the anode, but that 
simultaneously reduce ORR kinetics by limiting the concentration of protons and 
increasing activation energy (Baturina and Smirnova 2013). The low solubility of 
oxygen in freshwater (8.2 mg/L at 25°C) further contributes to ORR rate reductions, 
albeit to a lesser degree as predicted by the Nernst equation (Gil, Chang et al. 2003, 
Freguia, Rabaey et al. 2008, Rismani-Yazdi, Carver et al. 2008, Popat, Ki et al. 2012). 
These conditions result in dramatic reductions in cathode potential, cell voltage, and 
power (i.e. Vcell = Ecath – Ean; P = IVcell). Moreover, known abiological oxygen 
reduction catalysts (e.g. platinum) are rapidly fouled by organic waste by-products 
(e.g. hydrogen sulfide), and are ill-suited for scalable, cost-appropriate systems (Jang, 




Biological catalysis of oxygen reduction represents one promising, low cost 
solution to cathode limitations that has received considerable attention (Freguia, 
Tsujimura et al. 2010, Ter Heijne, Strik et al. 2010, Strycharz-Glaven, Glaven et al. 
2013). Oxygen reducing bio-cathodes have been successfully enriched from a number 
of environmental sources, including aerobic/anoxic sludges, soils, as well as fresh and 
seawater (Huang et. al, 2011; Rosenbaum et al., 2011). Analysis of the microbial 
composition of electrode-attached biofilms has revealed a high diversity of organisms, 
often dominated by members of the Proteobacteria and Bacteroidetes phyla (Erable et 
al., 2012; Rabaey et al., 2008; Zhang et al., 2011).  
Certain members of these phyla are known to thrive in micro aerobic zones (such 
as the benthic marine layer or the oxic-anoxic interface in freshwater sources), where 
they derive a relatively small energetic benefit by coupling iron-oxidation to oxygen 
reduction, i.e. G
0’
, 29 kJ/mol Fe(II) (Neubauer, Emerson et al. 2002, Bird, Bonnefoy 
et al. 2011, Hedrich, Schlömann et al. 2011). Microbial electrode oxidation may be 
thought of as an analogous process to biological iron oxidation in micro aerobic 
environments and may explain the presence of iron-oxidizing species reported in bio-
cathode biofilms (Strycharz-Glaven, Glaven et al. 2013).  
A number of oxygen reducing bio-cathodes have achieved cathodic current 
densities exceeding 1 A/m
2
, and the onset of biological catalysis has been 
demonstrated at potentials exceeding 0.100 V vs. Ag/AgCl (≃ 0.300 V vs. SHE) 
(Freguia, Tsujimura et al. 2010, Ter Heijne, Strik et al. 2010, Strycharz-Glaven, 
Glaven et al. 2013). While oxygen reducing bio-cathodes hold great promise for 
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certain BES applications, their applicability to waste-driven MFCs may prove to be 
limited because of the added complexity and cost of a second biological reactor that 
may require aeration to maintain oxygen levels and that does not serve an essential 
waste treatment function. Thus, a significant need exists for a waste-relevant reduction 
reaction occurring at thermodynamically favorable potentials (i.e. Ec > 0 V vs. SHE) 
for MFC cathode reactions in order to improve power output. 
An alternative to oxygen reduction is biologically mediated denitrification, which 
is catalyzed by anaerobic organisms that couple iron(II) oxidation to nitrate reduction. 
A review of the relevant half reactions (Table 5-1) indicates that the thermodynamic 
potential range for iron-dependent nitrate reduction is similar to that of iron-dependent 
oxygen reduction. 
Similar to oxygen reducing species, microorganisms capable of coupling Fe(II) 
oxidation to NO3
-
 reduction do so for a relatively small energetic benefit, i.e. ∆G
0’
, -
264.9 kJ/mol NO3; -53.0 kJ/e
-
 eq for complete denitrification (NO3/N2, n = 5) with 
ferrous carbonate (FeCO3) oxidation (Benz, Brune et al. 1998, Bird, Bonnefoy et al. 
2011, Hedrich, Schlömann et al. 2011, Carlson, Clark et al. 2012). In comparison, 
Fe(III) reducing bacteria (such as Geobacter spp.), identified as anode microbial 
catalysts, may derive -816.6 kJ/mol or -102.1 kJ/e
-
 eq from the oxidation of acetate 

















 (+0.360 V) reduction pair greatly 
influences the energy available of the reaction. For example, microbial oxidation of 
ferrous carbonates, the most frequently reported microbial reductant at circum-neutral 









(Straub, Benz et al. 1996, Benz, Brune et al. 1998). This metabolic flexibility allows 
anaerobic iron-oxidizing bacteria to thrive in a variety of habitats.  
Nitrate dependent iron oxidizing bacteria have been successfully isolated from 
anaerobic sediments, as well as from marine, brackish, fresh and wastewaters, where 
they have primarily been identified as Proteobacteria (Nielsen and Nielsen 1998, 
Straub, Benz et al. 2001, Straub and Schink 2004, Hedrich, Schlömann et al. 2011). 
The majority of reports utilize ferrous carbonates as the electron donor for culturing 
the bacteria in solution, with limited reporting on the effects of using less soluble iron 
species for iron oxidation (Kumaraswamy, Sjollema et al. 2006). The energetics, as 
well as kinetics, of strict autotrophic growth on iron(II) are extremely poor (Neubauer, 
Emerson et al. 2002, Hedrich, Schlömann et al. 2011). Autotrophic species that have 
been identified have all exhibited significantly slower growth and NO3
-
 reduction 
kinetics (Widdel, Schnell et al. 1993, Straub and Schink 2004). As such, iron-
dependent nitrate reducing bacteria have primarily been found to be heterotrophs, 
requiring an auxiliary carbon source for growth on iron. Similarities in microbial 
composition and thermodynamic range of iron-dependent nitrate reducers to the 
microbial composition of characterized oxygen reducing bio-cathode biofilms (Benz, 
Brune et al. 1998, Straub, Benz et al. 2001, Hedrich, Schlömann et al. 2011) suggests 
that selective enrichment for nitrate reducers could result in a bio-cathode community 







Table 5-1. Redox half reactions and associated formal potentials relevant to bio-cathodes 
Reaction Half Reaction Equation  
Biological Formal Potential  
(E
0’
, V vs. SHE) 
1   





















































/α-Fe2O3 solid +0.287 
12 Fe
2+
/Fe3O4 solid +0.314 
*Values are provided at biological standard conditions (298K, 1 atm, 1 M 




Increasing the solubility of the Fe
2+
 through chelation with EDTA has been 
shown to improve microbial energetics, described as reaction 9 in Table 5-1 
(Kumaraswamy, Sjollema et al. 2006); however, it is unclear if enrichment on more 
favorable electron donors would impact the catalytic redox potential in an electrode-
grown biofilm.  
 A number of the technological hurdles currently associated with the MFC 
make the possibility of a denitrifying bio-cathode appealing. First, a nitrate reducing 
bio-cathode capable of high-rate nitrate removal at > 0V vs. Ag/AgCl (i.e. > 1 A/m
2
) 
could represent significant improvements in in power/energy from MFCs (i.e. Vcell = 
Ecath – Ean; P = iV). In addition, the anaerobic respiratory pathways of denitrifiers open 
up the possibility for an anaerobic, single-chamber MFC reactor, thereby eliminating 
costly and ineffective oxygen-exclusion membranes (e.g. Nafion). Such elimination 
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would further reduce internal resistance, theoretically increasing power, and 
significantly reduce reactor cost and complexity. From an environmental perspective, 
a bio-cathode would provide the added benefits of nitrate/nitrite removal from waste 
streams, which are regulated as contaminants by the USEPA; and elimination of 
energy requirements for cathode aeration, either biological or abiotic. 
Previously reported work on bio-cathodic denitrification has been limited, and 
to date, there has been no electrochemical characterization of a mixed community 
performing denitrification at the cathode. The early work of Gregory et al., (2004) 
(Gregory, Bond et al. 2004) and more recently Su et al, (2012) (Su, Zhang et al. 2012) 
reported bio-cathodic denitrification at a poised electrode; however, in both cases, 
strains of ARB not known to catalyze iron-dependent denitrification were used (i.e. G. 
sulfurreducens and Pseudomonas alcaliphila). As a result, highly reducing electrode 
potentials were required (-0.500 V vs. Ag/AgCl; ≃ -0.300 V vs. SHE) to maximize the 
energetic benefit from electrode oxidation. While these studies demonstrate 
plausibility of cathode-dependent denitrification, catalytic activity at such a reduced 
potential would require that power be supplied to a MFC (i.e., a microbial electrolysis 
cell, MEC) to drive the reaction since typical MFC/MEC anode potentials are > -0.200 
V vs Ag/AgCl (≃ 0.00 V vs SHE).  
In contrast to the above pure culture studies, Rabaey and colleagues have 
successfully enriched for mixed-consortia denitrifying bio-cathodes in dual-chamber, 
MFC configurations where power/energy can theoretically be realized from the fuel 
cell (Clauwaert, Rabaey et al. 2007, Virdis, Rabaey et al. 2008, Virdis, Rabaey et al. 
2010, Virdis, Read et al. 2011). Under conditions of maximum current production (i.e. 
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closed circuit between anode and cathode; Ean ≃ Ecath), where no power is realized, 
reports of cathode potentials have ranged from -0.480 V to -0.306 V vs. Ag/AgCl (≃ -
0.280 V to -0.106 V vs. SHE) (Clauwaert, Rabaey et al. 2007, Virdis, Rabaey et al. 
2008, Virdis, Read et al. 2011). The correlation between MFC power production and 
nitrate loading rates in these MFCs; however, current/power limitations caused by 
cathodic overpotential were not elucidated.  Clauwaert et al. (2007) and Virdis (2008) 
both report high rates of NO3
-
 removal under short-circuit conditions (e.g. 0.100 – 
0.400 kg NO3-N/m
3
/d); however, denitrification could not be accomplished by the 
cathode when the MFC was operated to produce maximum power (i.e. Vcell, 0.300 V; 
Ecath, 0.00V vs. SHE) or at open circuit conditions. Although cathodic overpotential 
was not elucidated in either case, these factors, as well as their relatively low open 
circuit voltages, are both consistent with a significant cathode limitation where 
ultimate power output will be significantly reduced. 
 From a microbial enrichment perspective, little has been reported concerning 
organic carbon requirements of iron(II)-dependent denitrifiers, with the presumption 
that strict autotrophic organisms would grow to utilize the electrode as the sole source 
of electrons (Park, Kim et al. 2005, Clauwaert, Rabaey et al. 2007, Puig, Coma et al. 
2012). As noted above, the majority of isolates performing iron-dependent 
denitrification have been heterotrophic. It is thus likely that denitrifying bio-cathodes 
will also require an auxiliary carbon source for growth. One report from (Jeremiasse, 
Hamelers et al. 2012) may also support this hypothesis, where start-up time of an H2 




Drawing from the biological prescedent that has been established for Fe(II)-
dependent denitrification, we aim to illustrate methods for the systematic enrichment 
for a high current density bio-cathode reaction for BES application.  Specific 
objectives of the project are: 
1. To perform planktonic growth experiments to enrich for Fe(II)-dependent 
denitrifying organisms from environmental inocula 
2. To transfer enviromental enrichements to electrochemical growth reactors and 
further isolate the consortia for a denitrifying consortia that uses an electrode 
as the sole electron donor 
3. To electrochemically characterize the bio-cathode using chronoamperometry 
and slow-scan voltammetry under catalytic and non-catalytic (non-turnover) 
conditions 
4. To microbiologically characterize scrapings from the bio-cathode using 16s 
rRNA gene sequencing 
Results indicate that the enriched bio-cathode catalyzes cathode oxidation 
coupled to NO3
-
 reduction at potentials less than -0.150 V V vs. Ag/AgCl (≃ 0.050 V 
vs. SHE).  The bio-cathode has an apparent limiting current density of 3.2 A/m
2
, 
which is reached at cathode potentials less than -0.350 V vs. Ag/AgCl (≃ -0.150 V vs. 
SHE). This is the highest current density reported to date from a denitrifying bio-
cathode, and is comparable in magnitude to the current production by mixed- and pure 




5.2    Materials & Methods 
5.2.1 Sampling 
Environmental inocula were collected from three sites: (1) freshwater sediment 
from the Potomac River (Rock Creek tributary) in Washington, D.C. at approximately 
38° 55' 49.18", -77° 3' 39.66"; (2) freshwater sediment from Paint Branch Creek in 
College Park, MD at approximately +38° 59' 37.94", -76° 56' 14.20", and (3) 
denitrifying biomass from a sewage treatment plant in Washington, D.C (DC Water 
Blue Plains facility). At freshwater sites, anaerobic sediments were collected in plastic 
containers filled approximately half-full with sediment and at least 200 mL of 
overlying water. Sediment samples were collected using anaerobic techniques, but no 
attempts were made to preserve the natural redox gradients. Denitrifying biomass was 
collected in plastic, screw-top containers with no headspace from a sampling point in 
the recycle line for nitrifying/denitrifying biomass at the Blue Plains facility. In all 
cases, the samples were stored on ice and used as inoculum within six hours of 
sampling. 
 
5.2.2 Aqueous Enrichment for Iron(II)-Dependent Denitrifying Organisms 
Enrichment for iron(II)-dependent denitrifying organisms was performed, 
using methods modified from Benz et al, (1998) (Benz, Brune et al. 1998) (Straub and 
Schink 2004). A freshwater, bicarbonate buffered media was used; the media 
contained (per L): 2.52 g NaHCO3, 0.3 g NH4Cl, 0.05 g MgSO4 x 7H2O, 0.4 g MgCl2 
x 6H2O, 0.6 g KH2PO4, 0.1 g CaCl2 x 2H2O, 0.606 g KNO3, 1 mL SL9 Mineral 
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Solution and 2 mL Vitamin Solution (Dworkin, Falkow et al. 2006). One half of all 
enrichments contained acetate (0.15 g/L NaCH3COOH) to evaluate dependence on an 
auxilliary carbon source. Media pH was adjusted to 7.2 and filter sterilized (0.22 µm). 
Anoxic stock solutions of ferrous chloride (60 g/L FeCl2) and ferrous sulfate (200 g/L 
FeSO4) were prepared in deionized water while continually flushing with N2 (99%) to 
avoid abiotic iron(II) oxidation. Iron solutions were prepared immediatley prior to use 
and filter sterilized (0.22 µm) into anoxic media. The final concentrations of electron 
donor (Fe
2+
) and electron acceptor (NO3
-
) in solution were 6 mM and 10 mM, 
respectively; yielding electron-donor (NO3
-
) limited conditions. For cathodic 
electrochemical growth experimens, ferrous iron and vitamins were omitted from the 
media.  
Serum bottles (150 mL) were filled aseptically with 75 mL media and flushed 
with N2/CO2 (80:20 v/v) for 25 min to remove dissolved oxygen. Iron(II) was added 
via sterile filtration from an anoxic stock solution to achieve a final concentration of 6 
mM. Reaction of the iron(II) with carbonates and phosphates in solution resulted in a 
milky white precipitate. For the aqueous inoculum (denitrifying biomass), 20% (v/v) 
was added anaerobically via syringe, and for sediment samples, 33% (v/v) was added 
to anoxic media via pipette. Following inoculation, bottles were flushed for an 
additional 10 min in liquid and headspace, then sealed with butyl rubber stoppers and 
incubated at 30°C in the dark. Bottles were incubated horizontally to maximize 
interaction between bacteria and iron particles, and were manually agitated every 1-2 




5.2.3 Electrochemical Enrichment Experiments  
Experimental Set-Up  
Electrode-dependent growth experiments were performed according to the 
methods of (Strycharz-Glaven and Tender 2012) and (Strycharz-Glaven, Glaven et al. 
2013) using single-chamber electrochemical cells (250 mL total volume; 
approximately 175 mL aqueous volume; Ace Glass 6959-48). Two identical graphite 
rods (0.635 cm diameter, approximately 4 cm submerged length) served as the 
working electrode (WE) and counter electrode (CE), respectively, and a reference was 
a silver/silver chloride electrode (Ag/AgCl, 3M KCl, ≃ 0.200 V vs. SHE). Graphite 
rods were sterilized via autoclave in partially assembled cells prior to start-up.  
 Single-chamber cells were filled with approximately 175 mL media (6 mM 
NO3
-
 as electron acceptor) and were continuously purged with the anaerobic gas mix 
(N2/CO2 80:20 v/v). Cells were maintained on stir plates at a rate of ‘3’ (VWR Brand), 
and temperature was controlled at 30°C with a recirculating water bath. All cells were 
wrapped in black cloth to inhibit growth of photosynthetic organisms. Enrichment 
cultures from Paint Branch Creek and DC Water (provided 2.5 mM NaCH3COO
-
 as 
organic carbon during enrichment) were used as inoculum for two identical cells, 
referred to as DN1 and DN2, respectively. Each cell was inoculated via syringe at a 
rate of 10% (v/v) using equal volumes from the two enrichments (total inoculation 
volume of 16 mL) and initially maintained in batch mode. Inoculation was performed 
using anaerobic, aseptic techniques. For both DN1 and DN2, once a negative catalytic 
current was observed that exceeded background levels ( ≤ -4 µA; -5 mA/m
2
) (see 
Electrochemical Methods section), cells were placed on flow mode, whereby 
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anaerobic media was continuously supplied to the cells using a peristaltic pump. For 
initial experiments (DN1 & DN2), flow rate was adjusted periodically to evaluate the 
effect of dilution rate on current production and nitrate removal. Cells were thus 
maintained at dilution rates between 0.19 – 0.75 hr 
-1
 (HRT: 318 - 1250 min). 
Successive transfer from one of the original cathodes (DN2) was performed into a new 
electrochemical cell to refine the microbial consortia and evaluate any differences in 
the electrochemical signature of the biofilm. The DN2 cathode was sampled in-situ 
using a sterile canula needle and syringe to remove 10 mL of electrode scrapings plus 
media, which was immediately used to inoculate a new cell, which was maintained as 
described in the previous paragraph. 
Electrochemical Analysis 
All electrochemical cells were maintained on a Solartron 1470E multi-channel 
potentiostat (Solartron Analytical) and Multistat software program (Scribner Assoc.). 
Immediately following inoculation, cathodes (working electrode, WE) were 
maintained in open circuit conditions (vs. Ag/AgCl) for 48 hr to facilitate attachment 
and charge accumulation. Cathodic biofilms were subsequently grown via 
chronoamperometry, with the WE maintained at a fixed potential (E). For initial 
experiments with environmental enrichments, the WE of DN1 and DN2 was held at 
0.00 V and -0.250 V vs. Ag/AgCl, respectively. For all subsequent experiments using 
the transferred bio-cathode, the WE was held at -0.250 V vs. Ag/AgCl unless 
otherwise indicated. 
Slow-scan cyclic voltammetry (CV) was performed at several points during 
growth: (1) prior to inoculation under abiotic conditions; (2) immediately following 
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inoculation; (3) at the onset of catalytic activity; and (4) at maximum cathodic current 
production. CVs were performed in-situ, and scan parameters were as follows: for the 
initial anodic scan the cathode potential was changed from Ei = +0.350 V vs. Ag/AgCl 
to Ef = -0.500 V vs. Ag/AgCl, and was followed immediately by a cathodic scan from 
-500 mV vs. Ag/AgCl to +350 mV vs. Ag/AgCl; all scans during growth were 
performed at rates (v) of 1, 2, and 5 mV/sec. Once cathodes reached a steady-state, 
maximum limiting current at poised potential, voltammetry was performed at 
increasing scan rates: 0.2, 2, 10, 20, 100, 200 mV/s (sequentially). All current 
measurements were normalized by cathode geometric surface area (Graphite rod SA: 
8.30 cm
2
; Carbon cloth two-sided SA: 12.9 cm
2
).  
5.2.4 Environmental Analyses 
Aqueous samples were collected from the influent and effluent of the flow 
reactors. Samples were immediately acidified (pH < 2), filtered (0.22 µm), and stored 
at 4°C until nutrient analysis. Nutrient concentrations were determined by continuous 
flow colorimetry using an autoanalyzer with autosampler (Bran & Luebbe TRAACS 




-N was performed following EPA 
methods 350.1 and 353.1 respectively (O'Dell 1993, O'Dell 1993, O'Dell 1993).  
5.2.5 Confocal Microscopy 
Carbon cloth modified with the denitrifying bio-cathode was removed from the 
reactor after maximum, stable current production (approximately 0.5 mA) was 
maintained for > 4 d. The electrode was prepared for microscopy as follows: carbon 
cloth was cut with a sterile blade and rinsed three times in sterile-filtered PBS buffer 
 162 
 
(1X; pH 8). Biofilms were subsequently stained for 10 min according to the 
manufacturer’s instructions at the concentration of 3 µL stain per 1 mL PBS, then 
rinsed twice and de-stained in PBS (1X) for 10 min. The sample was then mounted on 
a glass cover slide with one drop of mounting oil for imaging. A Nikon TE-2000e 
inverted confocal microscope was used to examine the biofilms within the 400-700 
nm excitation range. Four different x,y coordinates across the biofilm were randomly 
chosen for imaging. 
5.2.6 Phylogenetic DNA Analysis and Clone Library Generation 
Scrapings of the DN2-T1 cathode biofilm were taken after > 10 d of 
continuous, stable current production (> 600 mA/m
2
). Electrode sampling was 
performed in an anaerobic glove box (Coy brand) using a sterile blade and syringe. 
Electrode scrapings plus media were preserved in three 10-mL syringes for < 10 min 
before inoculation of triplicate electrochemical cells. The cells were identical to those 
described in section 2.3.1, except that a carbon cloth flag (CC6, Fuel Cell Earth) with 
titanium wire lead was used as the working electrodes in each cell (2.54 cm by 2.54 
cm; total geometric surface area, 12.9 cm
2
). Biofilm-modified electrodes were 
removed from electrochemical cells after maximum, steady-state current production 
was maintained for > 4 d. Electrodes were preserved in sterile polypropylene 






5.3    Results & Discussion 
5.3.1 Aqueous Phase Enrichment 
Two of the environmental samples (Potomac sediment and denitrifying 
biomass) were initially inoculated in media containing ferrous sulfate (10 mM) as the 
sole electron donor, which resulted in the unintentional enrichment of sulfate reducing 
bacteria, as qualitatively evidenced by visibly reduced conditions (i.e. darkening of 
soils) and the production of odorous compounds (presumably hydrogen sulfide) 1-2 
weeks after inoculation. Importantly however, transfers of the two cultures and 
inoculation of the Paint Branch sediment were subsequently performed into fresh 
media containing ferrous chloride (10 mM) as sole electron donor. In all cases, this 
resulted in visible oxidation of the ferrous iron, as evidenced by the development of a 
vivid, rust-colored precipitate in all bottles (Figure 5-1). Qualitatively, both sediment 
samples were able to oxidize the ferrous carbonates at a faster rate than the 
denitrifying biomass, though ferric precipitates were visible in all samples after five 
days of incubation. Equal volumes of the initial enrichments on FeCl2 were used as 




Figure 5-1 Photographs of un-inoculated serum bottles, where milky color results from FeCO3 
precipitates (A); serum bottles immediately after inoculation with sediment enrichments (B); and 
serum bottles containing environmental enrichments seven days after inoculation, showing 
development of orange-brown precipitate, consistent with Fe(III) precipitation through microbial 
oxidation of ferrous carbonates (C). 
 
 
5.3.2 Cathodic Enrichment 
Current Profiles 
Following inoculation, 48 h of open circuit conditions were maintained, where 
cathodes came to a maximum stable potential versus the Ag/AgCl reference electrode. 
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For both DN1 and DN2, this initial OCP was approximately -0.06 V vs. Ag/AgCl 
(OCP vs. Ag/AgCl). Subsequently, the cathodes in reactors DN1 and DN2 were 
poised at 0.00 V vs. Ag/AgCl and -0.250 V vs. Ag/AgCl, respectively. 
After ~600 hours at a fixed potential (0.00 V vs. Ag/AgCl) and under the 
continuous flow of media, no significant cathodic current could be detected from 
DN1, as shown in Figure 5-2. On day 12 of the experiment, a small catalytic wave was 
observed in a voltammogram performed at 0.2 mV/s (inflection at approximately -
0.100 V vs. Ag/AgCl; Figure 5-6), though this phenomenon was not observed in 
subsequent CVs, which appeared featureless (data not shown). The DN1 experiment 
was also repeated at a later date and yielded the same result.  
 
Figure 5-2 Current profile during biofilm growth of denitrifying cells. DN1 and 
DN2 were maintained at fixed potentials of 0V and -0.25V vs. Ag/AgCl, 3M KCl. 
Figure inset shows enlarged current profile from DN1 cell. Raw current was 




The inability to develop a bio-cathode at 0.00 V vs. Ag/AgCl may be related to 
the thermodynamics of initial enrichments on ferrous carbonates, which is 
energetically more favorable for iron-oxidizing bacteria than solid iron oxide species 
(see Table 5-1). The significant lag period, approximately 220 hours, of the DN2 
cathode also supports this hypothesis, where, presumably, a significant metabolic 
adaptation was required by cells to shift from growth on the semi-soluble ferrous 
carbonates to an insoluble electrode poised at -0.250 V vs Ag/AgCl (≃ -0.050 V vs. 
SHE).  
In contrast, DN2 developed a small cathodic current (~-5 mA/m
2
) within 48 
hours after initial poising of the electrode at -0.250 V vs. Ag/AgCl, and the onset of 
exponential growth was observed after approximately 220 hours (Figure 5-2). This lag 
period is significantly longer than what has been observed during growth of anode 
respiring biofilms from environmental cultures (e.g. 72- 120 h anodic growth period 
for a wastewater-grown biofilm; see Chapter 3). Under a controlled dilution rate of 
0.09 hr
-1
 (Q: 0.275 mL/min) the bio-cathode required approximately 400 hours to 
reach a maximal current production of ~ -900 mA/m
2
 (based on geometric surface area 
of the electrode, 8.30 cm
2
) at a fixed cathode potential of -0.250 V vs. Ag/AgCl 
(Figure 5-2). Under the production of stable current from the original bio-cathode 
(DN2), the flow rate of media to reactors was increased (Q: 0.550 mL/min), which did 
not stimulate additional increases in current production, suggesting that catalytic 
activity was not limited by loading rate of nitrate. Similarly, doubling the 
concentration of nitrate in solution by spiking with concentrated, de-gassed KNO3, did 
not yield significant increases in current. 
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Although reductant concentrations did not affect catalytic activity, increasing 
the rate of mixing in all reactors (approx. 20% stir rate increase) resulted in a 5-10% 
increase in current (~ 30-100 mA/m
2
 increase). Presumably, this was due to improved 
diffusion, and thus mass transport between the electrode, biofilm, bulk solution or 
some combination thereof. Further increasing the stir rate did not yield any additional 
increase to current, and eliminating stirring entirely resulted in current reductions of 
12 to 50%. Similar stir-rate dependence was observed in all bio-cathode transfers. This 
may suggest that the bulk concentration of reductant (NO3
-
), product (e.g. OH
-
), or of 
minerals in solution was sufficient to maintain metabolic activity at the lowest flow 
rate, but diffusion of nitrate, electrons, or other metabolic by-products into or out of 
the biofilm is rate limiting.  
The experimental conditions we describe here, i.e. reactors provided with a 
continuous flow (vs. batch loading) of media, provide valuable information on the 
mechanism of electron transfer from electrode to biofilm, where such conditions 
preclude the use of soluble electron mediators or bacteria grown in suspension for 
current production (Marsili, Baron et al. 2008). In the case of the bio-cathode 
described here, growth and stable current production under continuous media flow is 
consistent with bacterial species that are, in contrast, colonizing the electrode and 
using the cathode directly as an electron donor to drive denitrification. 
Electrode scrapings taken from the original cathode (DN2) were used to 
inoculate an identical cell (identified as DN2-T1 in figures). Exponential growth fom 
the transferred biofilm began within 48 h of inoculation, and reached a similar level of 
stable density, ~-950 mA/m
2
. DN2-T2 and all subsequent cathode transfers achieved 
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maximum current production by hour 135.  Start-up time of the transfer was thus 
reduced by 60% relative to the original environmental enrichment. Subsequent 
transfers from the 2
nd
 generation cathode (DN2-T2) were performed onto carbon cloth 
(12.9 cm
2
 geometric area; labeled as DN-DNA in figures), which reached stable 
current production of ~ -2,150 mA/m
2
—more than double the current achieved by the 
graphite rod. Presumably, this is due to the higher ratio of electrochemically active-to-
geometric surface area resulting from the cloth’s weave, as has been previously noted 
in Richter et al, (2009). 
 
Figure 5-3 Chronoamperometry showing current production from denitrifying bio-cathode on 
graphite rod (solid line) and carbon cloth (dashed line). Electrodes were maintained at -0.25V vs. 







The dependence on an organic carbon source for iron(II)-dependent 
denitrification was subsequently evaluated in both the original (DN2) and transferred 
(DN2-T2) cultures. Under the flow of media containing all ingredients except acetate 
(2.5 mM NaCH3COO
-
) cathodic current from DN2 remained stable. This may be 
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attributable to the presence of autotrophic organisms from the original enrichment 
culture that were able to grow, either planktonically or on the electrode as biofilm, in 
the original electrochemical cell. In the transferred biofilm, a 24% decrease in current 
(from -855 mA/m
2
 to -647 mA/m
2
), was observed after 82 h of media flow lacking 
any organic carbon. Importantly though, this was still within the window of current 
production observed from DN2-T1 over the 600 h of operation, and thus may not be 
indicative of lithotrophic metabolism.  
Nitrate was confirmed as the microbial oxidant for both the original and 
transferred biofilms under the flow of media containing all ingredients except KNO3. 
These experiments are referred to as non-turnover conditions in figures. In all cases, 
current production sharply declined under non-turnover conditions to reach 
background levels (± 4 µA) within 24 hours (Figure 5-4), consistent with nitrate 
serving an essential metabolic function and that current production was directly 
dependent on its availability to the biofilm. Upon re-introduction of nitrate to cells, 




Figure 5-4 Chronoamperometric plot (EWE, -0.25V vs. Ag/AgCl) illustrating 
the decline in current to background levels within 24 h of flowing media 




Slow-scan cyclic voltammetry (CV) was performed immediately before and 
after inoculation of each reactor, and corresponded to background (abiotic) and pre-
growth conditions, respectively. In all cases, abiotic CVs were featureless, and no 
evidence of abiotic NO3
-
 reduction was observed within the potential window of 
+0.5V to -0.5V vs. Ag/AgCl (Figure 5-5). The absence of characteristic hydrogen and 
oxygen reduction peaks during abiological scans also confirmed the exclusion of 




Figure 5-5 Voltammograms captured immediately before and after inoculation 
with the environmental enrichments. Scan before inoculation is featureless, 
consistent with abiological, anoxic conditions. Scans after inoculation show 
abiological oxidation and reduction of ferrous and ferric iron, respectively (v = 1 
mV/s from +0.55V to -0.6V vs. Ag/AgCl). 
 
In the case of the initial DN1 and DN2 reactors, CVs performed immediately 
following inoculation with the environmental enrichments, exhibited defined peaks, 
which we attribute to the abiological oxidation and reduction, respectively, of ferrous 
and ferric iron on graphite (Figure 5-5). The addition of ferrous chloride to anaerobic, 
bicarbonate buffered media generated a FeCO3 precipitate, thus predicting a 
FeCO3/Fe(OH)3 redox couple with a theoretical potential of -0.400 V vs. Ag/AgCl (≃ 
-0.20 V vs. SHE). The cathodic scan (initial sweep from +0.500 to -0.500 V) revealed 
a reduction peak (occurring between -.310 V and -0.390 V vs. Ag/AgCl), consistent 
with abiological reduction of ferric iron precipitates. Similarly, the subsequent anodic 
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scan (from -0.500 V to +0.500 V) yields a smaller oxidation peak, presumably 
corresponding to the re-oxidation of soluble ferrous iron generated during the cathodic 
scan. Peak separation was approximately 0.260 V, possibly indicating that the 
abiological mid-point potential (Em
0’
) of the FeCO3/Fe(OH)3 couple on graphite was 
approximately -0.260V vs. Ag/AgCl . Importantly, this provided a abiological datum 
for comparing and analyzing catalytic and non-turnover voltammograms.  
The shift in peak potentials, as well as the overall change in the peak shape 
(i.e. a broader, less sharp oxidative peak) may have been caused by the initial 
reduction of Fe(III) to Fe(II), which presumably increased the fraction soluble iron in 
the reactor. Previous work by (Nicholson and Shain 1964) demonstrated a similar 
phenomenon, where voltammograms associated with solid, or semi-solid compounds 
in direct contact with the electrode exhibited sharp, highly defined peaks, and 
successively increasing the solubility of compounds resulted in less refined, broader 
peak shapes. 
 Slow-scan CV (at 0.2 and 1 mV/s) was repeated several times during the 
course of biofilm growth (Figure 5-7). The redox peaks that were observed following 
inoculation, presumably associated with iron(II)/iron(III), were not observed after 
seven days, which corresponds to the approximate dilution time for the reactor after 
media flow began. During the initial seven days, the presence of small amounts of 
ferrous iron in the reactors may have served as an alternative, more energetically 
favorable, electron donor, which may have also contributed to the prolonged lag phase 




Figure 5-6 Representative slow scan voltammograms of cathodes at the onset of 
catalytic activity, v = 0.0002 V/s. DN1 (dashed line) and DN2 (solid line) were grown 
at fixed potentials of 0V and -0.25V vs. Ag/AgCl, respectively. 
 
 
Figure 5-7 Slow-scan voltammetry of original NO3-reducing bio-cathode 
(DN2) at various points along the growth curve. Scan parameters: 0.2 mV/s; 




 The production of logarithmic current commenced around day 9, and evidence 
of a Nernst-Monod current-potential dependency (i.e., a sigmoid-shaped voltammetric 
feature) could be interpreted from all subsequent CVs (Figure 5-6). Nernst-Monod 
kinetics have previously been applied to interpret CV of catalytically active biofilms 
(e.g. G. sulfurreducens) but not of NO3
- 
reducing bio-cathode. A sigmoid-shaped 
current-potential dependency was observed for all CVs recorded at 0.2 mV/s under 
turnover conditions (i.e., when substrate, nitrate, was present). During early growth, 
the onset of catalysis occurred at approximately -0.130 V vs. Ag/AgCl (≃ 0.07 V vs. 
SHE) and the mid-point of the catalytic wave centered at approximately -0.180 V vs. 
Ag/AgCl (≃ -0.02 V vs. SHE) confirmed by the first derivative of the CV; Figure 5-
9). Cathodic current saturated at potentials below -0.270 V vs. Ag/AgCl (≃ -0.07 V 
vs. SHE). CV repeated at faster rates (1, 2, 5, 10, 20, 100, and 200 mV/s) exhibited 
increasing distortion as expected due to kinetics of one or steps involved in the 
catalytic process, and a clear catalytic mid-point could not be observed at ν > 20 mV/s 




Figure 5-8 Representative voltammograms of the original bio-cathode (DN2) 
cathode at maximal current production. Scans were performed at 0.2, 2, 10, 20, 
100, and 200 mV/s, E: +0.3V to -0.5V and back to +0.3V vs. Ag/AgCl. 
 
CV was also performed periodically after current production stabilized in each 
bio-cathode. In all instances, the mid-point potentials of CVs were observed to shift by 
approximately - 0.050 to - 0.070 V (more negative) after prolonged operation at a 
fixed potential of -0.250 V vs. Ag/AgCl )( ≃ -0.05 V vs. SHE). This was confirmed 




Figure 5-9 First derivative analysis of voltammograms of the DN2-T1 bio-cathode. 
Voltammograms were recorded immediately after cathodes reached maximum stable 
current operation (in grey) and 18 days later (in black); scan parameters: 0.2 mV/s 
from +0.3 V to -0.5V and back to +0.3V vs. Ag/AgCl. 
 
 Importantly, the shift in CVs coincided with significant increases in the 
saturation current, albeit at lower cathodic potentials. Key features of CV (mid-point 
potential; saturation current; catalytic onset) were highly reproducible from the 
original (DN2) bio-cathode to all subsequent transfers, suggesting a highly stable and 
non-transformed biofilm was catalyzing electrode oxidation. 
 Previous Nernst-Monod models for bio-catalytic behavior (Richter, Nevin et 
al. 2009) (Strycharz-Glaven and Tender 2012) have theorized a five step mechanism 
for bio-anode catalyzed acetate oxidation by Geobacter sulfurreducens. Here, we 




1. Electron transfer from the cathode surface to redox cofactors adjacent to the 
anode surface, resulting in current production 
2. Electron transport through the biofilm via incoherent multistep electron 
hopping, also referred to as redox conduction, whereby electron transport 
through the biofilm occurs by a sequence of electron transfer reactions through 
a network of immobile redox cofactors 
3. Transfer of electrons from redox cofactors to cells within the biofilm  
4. Binding and reduction of substrate (NO3
-
) in cells consuming electrons and 
yielding products  
5. Diffusion of cellular substrate in (e.g. nitrate from media into biofilm) and 
products out (e.g. NO, N2O, OH
-
 out of the biofilm) 
 
Drawing on a limiting case analysis performed on the analogous 5-setp model 
for Geobacter sulfurreducens bio-anode oxidation of acetate, the sigmoid shape of 
slow-scan CV reported in this study for bio-cathode reduction of nitrate indicates that 
the rate of Step 1 is fast, and that neither Step 1 nor Step 5 is the rate-limiting step in 
the process (Richter, Nevin et al. 2009) (Strycharz, Malanoski et al. 2011). 
 
Non-turnover CV 
Non-turnover voltammograms were recorded after the cessation of appreciable 
current production (±4 µA; 4.8 mA/m
2
) when media lacking nitrate was flushed into 
reactors containing DN2 and DN2-T2. Figure 5-10 displays representative non-
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turnover voltammograms at 2, 5, and 10 mV/s. CVs captured the presence of distinct 
and highly reproducible redox peaks which we attribute to the biofilm redox cofactors 
accessible by the electrode via steps 1 and 2 above. In the absence of an electron 
acceptor, redox cofactors within the biofilm become oxidized and reduced, 
respectively, when the cathode potential is driven very negative or very positive vs. 
the redox cofactor formal potential during voltammetry. In the case of DN2 and DN2-
T2, two sets of redox peaks near equal in size were observed in all scans from 0.2 to 
100 mV/s.  
 
Figure 5-10 Representative non-turnover voltammograms from bio-cathode DN2, 
captured at i < 4 uA in the absence of NO3- as electron acceptor. Scans were recorded at 
2 mV/s (green line), 5 mV/s (purple line), and 10 mV/s (teal line). 
 
The first set of peaks (A and B in Figure 5-10) was centered at approximately -
0.240 V vs. Ag/AgCl (≃ -0.040 V vs. SHE), nearly identical to the mid-point potential 
of turnover voltammograms (Figure 5-8). A second set of peaks (C and D) was 
centered at -0.450 V vs. Ag/AgCl (≃ -0.250 V vs. SHE) and were similar in size to A 
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and B. This suggests that the redox cofactor involved in Steps 1, 2, and 3 above can be 
sequentially reduced by two electrons, where electron repulsion inside the molecule 
makes it thermodynamically more challenging to perform the second reduction 
reaction. It therefore requires a more negative potential (-0.210 V) to drive the second 
electron into the molecule (Bard and Faulkner 1980). Further drawing on the same 
limiting case analysis as above, alignment of the A/B voltammetric peaks with the 
mid-point potential of catalytic CVs depicted in Figure 5-6 suggests that electrons 
associated with generation of peaks A/B (E
0’
 = -0.240 V vs. Ag/AgCl, ≃ -0.040 V vs. 
SHE) are the ones used by the cells in Step 4. If so, then Step 2 or 3 of the above 
proposed mechanism is the rate limiting step of the bio-cthode catalyzed nitrate 
reduction reaction reported here. Alternatively, it may be the case that electrons 
associated with generation of voltammetric peaks C/D (E
0’
 = -0.450 V vs. Ag/AgCl, ≃ 
-0.250 V vs. SHE) are the ones used by the cells in Step 4. If this is the case, then Step 
4 is the rate limiting step. 
Sweep-rate analysis was also performed on non-turnover CVs to evaluate the 
effect of scan rate on peak height and area. With baseline subtraction, the net height of 
redox peaks was evaluated at 0.2, 1, 2, 10, 20, 50, 100, and 150 mV/s. A linear 
dependency (R
2
, ≥ 89 %) was found between peak height and the square root of scan 
rate (from 0.2 to 50 mV/s) for each redox peak (Figure 5-11). This is consistent with 
diffusive electron transport trough the biofilm expected for redox conduction 
involving immobile redox cofactors (Richter, Nevin et al. 2009, Strycharz, Malanoski 




Figure 5-11 Relationship between height of visible redox peaks (A, B, C, D in Figure 5-9) 
and the square root of scan rate during non-turnover voltammetry. Linear regression 
lines are overlaid with correlation coefficient. Baseline correction was accounted for in 
calculating peak height. 
 
 
5.3.3 Confocal Imaging 
Imaging of DNA at the electrode surface was performed after stable current 
generation on carbon cloth squares was maintained for ≃ 4 d. Confocal images 
revealed a relatively dense biofilm, with cells extending up to 60 µm from the 
electrode surface, with coverage extending to the majority of the electrode surface. A 
representative three-dimensional image is shown in Figure 5-12, where there was 




Figure 5-12 Confocal laser scanning microscopy images performed on carbon cloth, modified 
with denitrifying bio-cathode. Images show the presence of DNA at the electrode surface.  
 
 
5.3.4 NO2-NO3 Transformations—Treatment Efficiencies 
The influent and effluent of electrochemical cells containing the denitrifying 
bio-cathode were sampled under the conditions of maximum, stable current production 
and analyzed for nitrate (NO3-N), nitrite (NO2-N), and ammonia (NH3-N) to assess 
possible nitrate reduction pathways of the bio-cathodic biofilm. A number of iterations 
were also performed to assess the effect of electrode surface area or HRT on NO3-N 
removal rates. A summary of influent/effluent nutrient composition and the associated 
removal rates for each electrode/HRT combination is provided in Tables 5-2 and 5-3. 
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Table 5-2 Nitrate-Nitrogen Removal Rates from Denitrifying Cathode 










































(n = 5) 
41.15±12.4 
(n = 5) 





(n = 5) 
54.36±2.16 
(n = 3) 





(n = 5) 
49.56±7.09 
(n = 2) 





(n = 5) 
45.11±2.33 
(n = 7) 
30.6% 75 10.12 3.1 
 
 
Table 5-3 Nitrite- and Ammonia-Nitrogen Removal Rates from Denitrifying Cathode     
(values presented as mean ± stdev, n) 
 
Influent (mg/L) Effluent (mg/L) % Removal 
NO2-N 0.20 ± 0.29 (n = 5) 0.91 ± 1.27 (n = 5) -357% 
NH3-N 83.5 ± 5.99 (n = 4) 79.0 ± 1.24 (n = 5) 5% 
 
 
The concentration of nitrate added to the media (0.606 g KNO3/L; 6 mM NO3
-
) 
is equivalent to 84.0 mg NO3-N/L, or a loading rate of 0.190 kg NO3-N/m
3
/d (HRT, 
0.442 d). Observed nitrate concentrations in the assayed influent samples were 
somewhat lower however (64.8 mg NO3-N/L), which is equivalent to a loading rate of 
0.147 kg NO3-N/m
3
/d. This may be due in part to precipitation of nitrate within the 
media and/or dilution rates for the colorimetric assay (~1:40); however, to provide 
conservative estimates of treatment efficiency, empirical measurements were used for 
all calculations. As previously noted, reactors were operated under conditions of 
continuous flow, such that the concentration of electron acceptor was non-limiting for 
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cell growth and for current production. In this way, we conservatively estimate the 
removal efficiencies from this bio-cathode under the condition of maximum catalytic 
activity. To better estimate maximum removal efficiencies, a reactor design that 
maximizes the surface area-to-volume ratio should be employed, as in fixed-film 
wastewater processes (e.g. trickling filter; anaerobic filter). 
In all cases, there was significant removal of NO3-N (p < 0.05) by the bio-
cathode (avg. removal, 14.2 – 36.9%), with associated daily removal rates of 2.20 – 
11.4 g NO3-N/m
2
/day (based on electrode surface area), or 10 – 54 g NO3-N/m
3
/day 
(based on cell volume). A small increase in the concentration of NO2-N was observed 
(0.71 mg N/L); however, this represents < 7% of the net removal of NO2+NO3-N, 
suggesting that the bio-cathode was, at a minimum, reducing nitrate to nitric or nitrous 
oxide. The change in NH3-N concentration from influent to effluent (4.51 mg/L) was 
insignificant relative to the starting concentration (83.5 mg/L), indicating that 
reduction of NO3
-
 to NH3 was not a metabolic pathway of the biofilm. 
Interestingly, maximum removal efficiency of NO3-N was achieved with the 
bio-cathodes on graphite rods, despite their smaller surface area and lower current 
production. Both DN2 and DN2-T2 achieved higher rates of nitrate removal, as both a 
percentage of the influent (i.e. 36.9% removal) and as a daily removal rate (i.e. 11.4 g 
NO3-N/m
2
/day). These results may suggest that additional denitrifying organisms, 
transferred from the enrichment cultures, were growing in suspension in the original 
bio-cathode and were contributing to nitrate reduction but not to current production. 
As successive transfers of the electrode-attached biofilm were performed to new 
bioreactors, the suspended cells were likely eliminated from growth conditions. 
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Alternatively, results may be related to the HRT/NO3-N loading rate—in the case of 
the original DN2 bio-cathode (grown on a graphite rod with geometric surface area of 
8.30 cm
2
), the flow rate of media to the reactors was altered to assess the effect of 
hydraulic retention time (HRT), and thus loading rate, on removal efficiencies. 
Maximum removal was achieved at the lowest retention time (highest loading rate), 
though we did not observe a linear correlation between loading rate and removal rate, 
as has been reported elsewhere (Clauwaert, Rabaey et al. 2007). Bio-cathodes 
transferred and grown on squares of carbon cloth as the working electrode (geometric 
surface area, 12.90 cm
2
), saw an increase in NO3-N removal from 14.2% to 30.6%, 
relative to the graphite rod (at an equivalent loading rate, 75 g NO3-N/m
3
/d). On a 
volumetric basis, this represents a lower removal rate than has previously been 
reported elsewhere (Clauwaert, Rabaey et al. 2007). In reports by Rabaey and 
colleagues, graphite granules were used to fill the cathode chamber, significantly 
improving the ratio of electrode surface area-to-reactor volume, i.e. minimizing void 
volume. Similar, conflicting analyses of volumetric- versus surface area-based 
efficiencies are common throughout MFC literature, with no clear metric as yet to 
compare performance from disparate reactor configurations. Based on the high level 
of current density achieved however, further studies are warranted to evaluate 
treatment efficiencies. 
5.4    Conclusions 
Herein, we report on enrichment strategies for iron(II)-dependent denitrifying 
bacteria, and their subsequent application as the basis for a high-current bio-cathode. 
The cathodic biofilm grown on carbon cloth yielded -2 A/m
2
 of current production at a 
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fixed potential of -250 mV vs. Ag/AgCl. Catalytic voltammetry exhibited a mid-point 
potential of -0.250 V vs. Ag/AgCl (≃ –0.050 V vs. SHE). This level of current 
production is significantly higher than has been previously reported by denitrifying 
bio-cathodes, and is comparable in magnitude to what has been reported from mixed-
culture anodic biofilms.  
5.5    Acknowledgements 
This work was supported in part by the US Naval Research Laboratory as well as the 
Bill & Melinda Gates Foundation (Grant #01566000547). K.G. was also supported by 
a fellowship from the A. James Clark School of Engineering at UMD. We thank Mark 




Chapter 6 : Sand-Modified Anode for Increased Power 





6.1  Introduction 
To date, benthic microbial fuel cells (BMFCs) remain the only viable 
bioelectric system—having been successfully deployed to power sensors and remote 
monitoring devices in the marine environment (Rabaey, Clauwaert et al. 2005, 
Rodrigo, Cañizares et al. 2007). BMFCs rely on a number of biogeochemical 
processes at the benthic interface of water bodies to sustain and optimize power 
generation: (1) sedimentary organic matter (SOM), primarily derived from marine 
phytoplankton at a rate of approximately 27x10
15
 g per year (Kim, Min et al. 2005), 
serves as the biochemical energy source for the anodic (i.e. oxidation) reaction; (2) a 
naturally occurring redox gradient (i.e. 0.7-0.8V) develops across the first 5-10 mm of 
the sediment-water interface, serving as the barrier between anodic (anoxic) and 
cathodic (oxic) reactions as well as the de facto proton exchange membrane (PEM) 
(Liu, Ramnarayanan et al. 2004); (3) the high conductivity levels of seawater (i.e. 
>30,000 µS/cm) minimize solution resistance to ion transport; and (4) there is 
evidence that naturally occurring biofilms develop on the BMFC cathode and catalyze 




A common BMFC configuration is illustrated in Figure 6-1, where the BMFC 
anode is typically embedded a few inches below the surface of the sediment and is 
electrically connected via an abiotic circuit, to a cathode suspended in the overlying 
seawater. A resistor or load in series provides the potential drop between anode and 
cathode to generate current/power (i.e. Ohm’s law; Vcell = iRext & P = iVcell). After re-
establishment of anoxic conditions around the anode, a biofilm comprised mainly of 
dissimilatory metal reducing bacteria forms on its surface. These microorganisms, 
termed anode respiring bacteria (ARB), serve as biological catalysts that couple the 
oxidation of organic matter (e.g. acetate) with the reduction of a non-consumed 
electrode (e.g. graphite). Protons and electrons released at the anode travel across the 
PEM and abiotic circuit, respectively, and converge at the cathode to reduce oxygen 
molecules present in the overlying seawater. 
 
Figure 6-1.  Courtesy: Tender (2011). Schematic representation of benthic microbial fuel cell 
(BMFC).  Sedimentary organic matter is depicted as glucose, which is fermented to acetate by 
Clostridia, which is in turn oxidized by ARB at the anode surface (represented as Geobacter ). At 
the cathode, oxygen, present in the overlying water, is reduced, either abilogically or by a 
spontaneously-formed cathodic biofilm.  The resulting electric current fl ows through the external 




Despite the relative success of BMFC systems, predictions for their expanded 
utility are currently tempered by consistently low power densities, as summarized in 
Table 6-1. In comparison to the highest performing BMFC design (105 mW/m
2
) 
(Lowy, Tender et al. 2006), many MFCs fed with wastewater or refined substrates 
(e.g. acetate) achieve an order of magnitude greater power production (Delaney, 
Bennetto et al. 1984, Katuri and Scott 2010, Pant, Van Bogaert et al. 2010). Much of 
the work to improve BMFC power generation has focused on electrode materials (e.g. 
platinum, or Mn-/Ni-modified graphite) to improve the kinetics of electron transfer at 
the anode(Vega and Fernandez 1987). While these efforts have resulted in moderate 
power increases, they assume that electron transfer kinetics, rather than mass transport 
of substrate, is the rate limiting step at the anode reaction.  
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Reimers, 2001 Lab Tuckerton, NJ Salt 
Marsh 
Rext (NG) 52-mesh Pt 
0.01 NG 0.75 75.00 0.120 12.0 0.16 
Reimers, 2001, 
Harvesting E 
Lab Tuckerton, NJ Salt 
Marsh 
Rext (300 Ω) Carbon fiber 
0.01 NG 0.06 5.77 1.00 100.0 NG 
Tender, 2002, 
Harnessing microbe 
Field Tuckerton, NJ Salt 
Marsh 
Rext (NG) Graphite Plate 
0.34 0.183 25.62 140.00 3.11 17 0.2 
Tender, 2002, 
Harnessing microbe 
Field Newport, OR 
Estuary 
Rext (NG) Graphite Plate 
0.34 0.183 20.13 110.00 4.94 27.0 0.27 
Bond, 2002, 
Electrode-reducing 
Lab NG NG Graphite Plate 
0.01 NG NG NG 0.10 16.0 NG 
Holmes, 2004 Lab Boston, MA 
Marine Harbor 
Rext (1 kΩ) Graphite Plate 0.0032 NG 0.10 30.00 0.01 2.9 0.095 
Holmes, 2004 Lab West Falmouth, 
MA Salt Marsh 
Rext (1 kΩ) Graphite Plate 0.0032 NG 0.09 29.00 0.01 2.7 0.092 
Holmes, 2004 Lab Gunston Cove, VA 
Freshwater 
Rext (1 kΩ) Graphite Plate 0.0032 NG 0.07 21.00 0.004 1.4 0.067 
Lowy, 2006, 
Harvesting E II 
Field Tuckerton, NJ Salt 
Marsh 
Vcell (NG) Graphite Plate 
0.18 0.183 12.08 66.00 3.66 20.0 0.3 
Lowy, 2006, 
Harvesting E II 
Field Tuckerton, NJ Salt 
Marsh 
Vcell (NG) Graphite Plate, 
AQDS Modified 0.18 0.183 102.48 560.00 17.93 98.0 0.24 
Lowy, 2006, 
Harvesting E II 
Field Tuckerton, NJ Salt 
Marsh 
Vcell (NG) Graphite Plate, 
Mn2+/Ni2+ 
Modified 
0.05 0.457 159.95 350.00 47.99 105.0 0.35 
Reimers, 2006, MFC 
E 
Field Monterey Bay, CA 
Ocean Cold Seep 
0.3 Vcell Graphite Rod 
0.24 0.007 20.50 85.00 8.201 34.0 0.4 
Tender, 2008, First 
demo 
Field Washington, DC 
Freshwater River 
0.35 Vcell Graphite Plates 
5.20 NG 68.57 13.19 24.0 4.0 0.35 
Tender, 2008, First 
demo 
Field Tuckerton, NJ Salt 
Marsh 
0.35 Vcell Graphite Plates 
2.20 NG 102.86 46.75 36.0 16.0 0.35 
Song, 2011, Effect of 
sediment 
Lab Taihu, China 
Eutrophic Lake 
Rext (1 kΩ; 
0.15V) 
Graphite Felt 
0.01 0.00318 0.40 125.00 0.018 5.7 0.0004 
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Despite the large quantity of organic matter in marine sediments, the rapid oxidation of 
ARB substrates (namely acetate and butyrate) likely leads to concentration gradients, and thus 
mass transport limitations, at the anode. Compounding this limitation, embedment of the anode 
in relatively impermeable sediments, especially in the case of high organic matter, low porosity 
soils likely results in significant mass transport limitations. Furthermore, substrate replenishment 
in BMFCs can only be accomplished through diffusive, tidal action or anaerobic fermentation of 
complex organics (e.g. glucose, cellulose). Previous results from an idealized electrochemical 
flow cell containing an anode modified with Geobacter sulfurrducens, strain DL1 found that a 
minimum substrate loading rate of 0.366 mmol acetate/L/min (equivalent to a dilution rate of D 
= 3 hr
-1
) was necessary to maintain a maximal current production of 5 A/m
2
 (Strycharz-Glaven 
and Tender 2012), a significantly more rapid consumption rate than the naturally occurring 
turnover rate of acetate found in marine sediments (e.g. 19-330 µmol acetate/Ls/h) (Bond and 
Lovley 2003, Gil, Chang et al. 2003). Studies examining the role of mass transport and organic 
matter availability at the BMFC anode have similarly found that natural diffusion of organics is 
insufficient to maximize power generation and there is a time-dependent decline in the 
concentration of small molecule organics under closed circuit conditions (Nielsen, Wu et al. 
2009, Hong, Kim et al. 2010). 
It is thus hypothesized that BMFCs, especially those deployed in low-porosity, organic-
rich sediments, are hindered by the mass transport of substrate and protons at the anode surface. 
Power generation is impeded by the development of concentration gradients near the anode 
surface during current discharge. We hypothesize that increasing the diffusion rate of organic 
matter to the anode will reduce the likelihood of a substrate limitation for ARB, thereby 
improving power production. Similarly, to increase the diffusion rate of protons away from the 
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anode will reduce the likelihood of a proton gradient, i.e. anode acidification. The purpose of this 
study is to evaluate the efficacy of a structural, sand-modification of the BMFC anode against 
these inherent limitations of BMFC configurations, and quantify improvements in power 
generation in both lab and field trials. 
 
 
6.2  Materials & Methods 
6.2.1 Lab-Scale BMFC Evaluation 
 
Sediment & Seawater Sources 
 
Marine sediment was collected from two sites: (1) a Salt Marsh located at the Rutgers 
University Marine Field Station (RUMFS) near Tuckerton, New Jersey at approximately 
39°30.5′N, 74°19.6′W, and (2) the SPAWAR Marine Base in San Diego Bay, California. The 
sites were chosen because previously deployed BMFCs generated relatively high and 
comparable levels of power production, and, qualitatively, the sediments appeared to have 
comparable physio-chemical characteristics. At both sites, sediment was collected via shovel in 
5-gallon plastic buckets, filled approximately half-full with sediment, and at least one gallon of 
overlying seawater. No attempts were made to preserve the natural redox gradients of the 
sediments. From each site, an additional 40mL of sediment and 10mL seawater was collected 
without headspace in sterile containers and stored on ice for analysis of total organic carbon 
(TOC), particle size distribution, and porosity. The TOC analysis was conducted using a high-







Figure 6-1 illustrates the set-up of the lab-scale BMFCs, which were configured as 
artificial microcosms of the marine sediment-water (‘benthic’) interface. Similar batch 
configurations have been previously employed to evaluate BMFCs in laboratory settings (Park 
and Zeikus 2003, Lowy and Tender 2008). Two-liter beakers were filled with 800 mL marine 
sediment and 1200 mL artificial seawater, and allowed to rest at room temperature (25°C) 
overnight. Artificial seawater was prepared from a commercially available synthetic salt blend 
(Instant Ocean Inc., Spectrum Brands) at a concentration of 125 mL salt to 3.79 L deionized 
water—to achieve a standard conductivity of ~30,000 μS/cm. The anode was subsequently 
buried 1-2 cm below the sediment surface, and the cathode was suspended within 10 cm of the 
anode in the overlying seawater. An Ag/AgCl, 3M KCl reference electrode (BASi Inc.) was 
positioned in solution with the cathode, with the tip less than 3 cm from the water surface. All 
BMFCs were positioned in a water bath maintained at 30°C. To maintain conductivity/salinity 
levels, seawater evaporation during the course of the experiment was replaced with a deionized 
water (DIW) source. Dissolved oxygen (DO) concentrations in the overlying seawater were 
periodically monitored with fiber optic sensors (Ocean Optics R Sensor Probe and Neofox 





Figure 6-2 Lab-Scale BMFC Reactor (not to scale). 2-L beaker is filled with 800 
mL marine sediment and 1200 mL artificial seawater. Graphite plate anode is 
embedded in the sediment, carbon cloth cathode is suspended in overlying 
seawater, and Ag/AgCl reference 
 
 
Figure 6-3 Schematic of sand-modified anode used for lab evaluations (not to scale) 
 
Circular anodes were cut from rough graphite plates (Mersen Graphite; G10 grade 0.3175 
cm thickness) using a hole saw (⌀5.715 cm; ⌀0.635cm center cut-out). Organic matter and 
metals, respectively, were leached from the graphite via 24-hr soaks in 1M NaOH and 1 M HCl, 
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followed by 24 hours in DIW. Electrical contact was made via titanium wire (⌀0.0635 cm; 
McMaster-Carr) wound around a nylon screw (⌀0.635 cm), and secured with a nylon washer and 
nut. Electrical resistance of the graphite-titanium connection was checked with a handheld 
voltmeter (Fluke), and found to be less than 5Ω for all anodes. The two-sided surface area for 
both the control and sand-modified anodes was 50.67 cm
2
. The sand-modified anodes, as 
illustrated in Figure 6-2, were embedded in 100 mL of washed sea sand (Acros Organics) that 
was previously sterilized via autoclave, and then wrapped in three layers of cheesecloth and 
sealed via cinched, insulated wire. An additional anode was prepared with 100 mL of marine 
sediment, and similarly wrapped in cheesecloth to differentiate any effects of the sand layer vs. 
cheesecloth. All cathodes were made from 10cm x 10 cm squares of plain weave carbon cloth 
(US Composities; FG-CARB575), pulled apart into strands, and wound around titanium wire to 





All electrochemical analysis was performed using a Solartron 1470E multichannel 
potentiostat (Solartron analytical) and Multistat software program (Scribner Associates). The 
anodic biofilms were grown in potentiostatic mode, whereby the anode (working electrode) was 
maintained at a fixed potential of +0.3V vs. Ag/AgCl, the cathode served as the counter/auxiliary 
electrode, and an Ag/AgCl, 3M (+205 mV vs. SHE) (BioAnalytical Systems, Inc.) served as the 
reference electrode. By maintaining the anode at a positive (i.e. oxidizing) potential, we ensure 
that it can serve as a potent oxidant for bacterial respiration—effectively maximizing the 
thermodynamic driving force of the electron transfer step from bacteria to electrode. 
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Potentiostated configurations also ensure that the anode is not limited by any cathodic 
overpotential that can develop under two-electrode configurations.  
Slow-scan cyclic voltammetry (CV) of the anodes was performed at (1) the start of the 
experiment; (2) the onset of catalytic activity; and (3) maximum current production (imax). 
Multiple CVs during the course of biofilm development allowed for analysis of capacitance, 
resistance, and sigmoidal current profiles at the anodic reaction. CVs were performed in-situ 
under the same three-electrode configuration, and scan parameters were as follows: the initial 
cathodic scan (v < 0) swept the anode potential from Ei = +0.3V vs. Ag/AgCl to Ef = -0.8V vs 
Ag/AgCl, and was followed immediately by a anodic scan from -0.8V vs. Ag/AgCl to +0.3V vs. 
Ag/AgCl; all scans were performed at a rate (v) of 1 mV/sec. 
Once a maximal electric current was achieved under potentiostated conditions, the 
BMFCs were switched to two-electrode configuration (WE: Anode; CE/RE: Cathode), and given 
24-48 hr to reach a steady-state open circuit voltage (OCV). Polarization was then performed 
(Vcell was swept from OCV to 0.02V; scan rate of 0.1 mV/s). Point measurements of cathode 
potential during polarization were also recorded to quantify any cathode polarization (i.e. 
deviation of Ecath to less than 0.2-0.3 V vs. Ag/AgCl). After polarization, power output was 
characterized under two-electrode configuration, whereby the cathode was held 350 mV positive 
of the anode (i.e. Vcell = 0.35V). Power was calculated via Ohm’s law (i.e. P = iV), and all 
current and power measurements were normalized by anode surface area (50.67 cm
2
). All 
experiments were conducted, at a minimum, in triplicate, and statistical analysis on resulting 










Scaled-up versions of the control and sand-modified anodes from the lab were designed 
as illustrated in Figure 6-3 and 6-4. The deployable anodes were built from identical graphite 
disks (⌀ 40.64 cm; 3.81 cm thickness) that had been previously modified with an inner inset 
circle (⌀ 20.32 cm; 2.54 cm depth) and a ⌀2.54 cm center through-hole. To facilitate shallow-
water deployment, the anodes were further modified to include a 7.6cm x 7.6cm acrylic block 
and heli-coil insert to allow for manual anode embedment via a threaded extension pole. 
Electrical connection to both anodes was made via marine insulated electrical leads that 
terminated in wet pluggable connectors. Approximately 5 cm of conductor cable was exposed 
and connected to the graphite via ring terminal and a titanium bolt, and the connection was 
subsequently sealed in water insulating epoxy.  
 










One anode was embedded in 4.54 kg of fine-grained construction sand (previously 
sterilized via autoclave) and then wrapped in three layers of cheesecloth. The sand was held in 
place by securing the cheesecloth to the graphite with titanium bolts around the perimeter of the 
graphite plate (spaced at 10.16 cm o.c.). Both the control and sand-modified deployed anodes 
yielded a two-sided surface area of 0.259 m
2
 (footprint area of 0.130 m
2
). Identical cathodes 
were made from graphite fiber bottle brushes (⌀15.24cm; 1.82 m length), similarly connected via 
marine insulated electrical leads. Both anodes were buried, with their surface approximately 
10cm below the sediment surface, and cathodes were suspended via floats (describe) in the 
overlying water, approximately 2 ft. from the anode. 
 
 
Field Electrochemical Evaluation 
 
 
All BMFCs were deployed in a salt marsh at the Rutgers University Marine Field Station 
(RUMFS), located near Tuckerton, NJ (39°30.5′N, 74°19.6′W) on June 16, 2012. Immediately 
after anode embedment, both control & sand-modified BMFCs were connected to custom 
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designed miniature low-power consuming (battery powered) potentiostats (Northwest 
Metasystems, Inc.) capable of maintaining a fixed cell voltage (Vcell: Ecathode – Eanode) for long-
term operation. Control and sand-modified BMFCs were maintained at a cell voltage (Vcell) of 
0.35 V for the duration of the deployment. The fixed cell voltage of 0.35 V represents the cell 
voltage that most commonly results in maximum power production during polarization of 
BMFCs, and is comparable to passively discharging current across a variable resistor that is 
maintained equivalent to the cell’s internal resistance. Current and voltage measurements were 
collected with a DataQ data collection device, logging to an SD data card that was periodically 
downloaded to a PC. Point measurements of anode and cathode potential were also made versus 
a Ag/AgCl seawater reference electrode. 
 
6.3  Results & Discussion 
6.3.1 Sediment Characterization 
A summary of phsio-chemical sediment characteristics from the Tuckerton, NJ salt marsh 
and the San Diego Bay, CA sites are presented in Table 6-2. Importantly, deployed BMFCs have 
exhibited high variability in both electrical output as well as sediment characteristics with some 
evidence that current production can be correlated with TOC levels (Tender et al., in 
preparation). In comparison with sediments from other deployment sites, the Tuckerton and San 
Diego sediments contained relatively high levels of TOC but were less porous. TOC was not 
differentiated into its dissolved and suspended fractions, so it cannot be directly linked to 
bioavailable ARB substrates. However, in field deployments, these sites have generated higher 
current densities despite a decreased porosity. Thus, it is likely that TOC numbers correlated 
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with concentrations of known ARB substrates (e.g. acetate, lactate), and an anode structure with 
increased diffusion would benefit in these sediments. 
 
Table 6-2 Physical & Chemical characteristics of sediment collected from the Tuckerton, NJ Salt Marsh and 













RUMFS 2012 30 2.19 57.1 Medium silt 
SPAWAR 11/2010 32.8 
 
56.3 Coarse silt 
SPAWAR 4/2010 218 0.44 51.4 
Medium-fine 
sand 
RUMFS 2010 17.8 
 
68.6 Medium silt 
SPAWAR 2010 24.3 1.88 78.0 Medium silt 
 
6.3.2 Laboratory Evaluation 
Table 6-3 summarizes the electrochemical performance of the control and sand-modified 
anodes in RUMFS & SPAWAR sediment. Upon embedment of the anode, all control and sand-
modified BMFCs achieved OCV ≥0.4 V OCV and Ean ≤-0.3V within 48 hr (see plot in Batch 3), 
at which time all anodes were poised at +300 mV vs. Ag/AgCl. The onset of catalytic activity, as 
evidenced by an initial current increase, was observed in all cells within 72 hours of poising. The 
time required to reach maximum current production varied from 120-350 hours, with sand-
modified BMFCs reaching max current in a shorter time frame. The unmodified (control) anodes 
in RUMFS sediment achieved maximum current between 29-38 mA/m
2





; n = 9). Sand-modified RUMFS BMFCs reached 62-113 mA/m2 (mean: 86 
mA/m
2
; stdev: 14 mA/m
2
; n = 11), representing a 148% increase in maximum (3-electrode) 
current production over the control anodes. Figure 6-5 depicts representative current versus time 
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plots during biofilm growth. Comparable improvements in the SPAWAR sediment were 
achieved (Figure 6-7), albeit with a higher variation in mean current and power production (SD, 
18 mA/m
2
 and 9 mW/
2
, respectively). High variability in the performance of SPAWAR sediment 
has also been observed at fuel cell deployments in San Diego (unpublished data; Snider & 
Tender).  
 
Figure 6-6 Representative growth curves of lab-scale BMFCs using Tuckerton, NJ Salt 
Marsh sediment. Experiments conducted in three-electrode mode, where Ean: 0.3V vs. 
Ag/AgCl. All current measurements were normalized by anode surface area (50.67 cm2). 
 
Figure 6-7 Representative growth curves of lab-scale BMFCs using San Diego Bay 
(SPAWAR) marine sediment. Experiments conducted in three-electrode mode, where Ean: 




All BMFCs, operated at open circuit for 24 hours after reaching imax, achieved ≥ 0.57V 
OCV. Subsequent polarization (Vcell: OCV to 0.02V at 0.1mV/sec) also revealed significant 
improvements in maximum power with the sand modification (300% and 65% increase in Pmax of 
RUMFS and SPAWAR, respectively). Representative polarization curves for RUMFS data are 
illustrated in Figure 6-8. For both sediment types, the increase in imax and Pmax using the sand-
modification was statistically significant at the level of α > 99% (Student’s T-test). 
 
 
Figure 6-8 Representative polarization and IV plots from lab-scale BMFCs with sand-
modified anodes, using Tuckerton, NJ Salt Marsh sediment. BMFC was held at open 
circuit for 24-48 hrs. prior, then scanned from open circuit to 0.1V; scan rate of 0.1 





Steady-state evaluation at a fixed cell voltage of 0.35V after polarization confirmed the 
increase power from the sand modification—with a 156% increase in steady-state power 
production from RUMFS cells (26 mW/m
2
 vs. 74 mW/m
2
; n = 8). Long-term evaluation at a 
fixed cell voltage yielded a more accurate measure of power production than fuel cell 
polarization—with polarization over predicting power output by a factor of two.  Importantly, 
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evaluation at a fixed cell voltage occurred after current production peaked and began to decline, 
likely skewing the lab values downward. It has been previously observed that BMFCs cannot 
sustain maximum current production indefinitely in batch, lab-scale configurations (Lowy, 
Tender et al. 2006), presumably due to the development of substrate concentration gradients 
around the anode, which are remedied by natural diffusion, convection, and tidal action in field 
deployments.  This phenomenon was also observed in the current study; however, it was noted 
that the sand-modified anodes somewhat prolonged the duration of current production—i.e. 480 
hr versus > 500 hr where i >30 mA/m
2
, which corroborates the hypothesis that such a 
modification reduced substrate depletion zones and improved mass transport around the anode.  
Importantly, significant cathode polarization was observed during polarization of all lab-
scale BMFCs, i.e. the shift in Ecath accounted for >50% of ΔVcell during polarization. Figure 6-7 
describes the shift in cathode potential during polarization of one sand-modified BMFC, where 
cathode polarization accounted for 62% of the overall fuel cell polarization and the cathode is 
driven near 0 mV vs. Ag/AgCl at short-circuit conditions. Cathode overpotential is well 
documented in MFCs and other biological fuel cells that rely on the oxygen reduction reaction 
(ORR) at the cathode: 
4H
+
 + O2 + 4e
-
  2H2O 
The potential at which ORR takes place in MFCs is often driven far below the theoretical 





 ions at the circumneutral-pH conditions that are required for 
biological growth (i.e. mass transport), and the low activity of graphite or carbon cloth for 
catalyzing oxygen reduction (i.e. kinetics). This has the effect of limiting the maximum 
achievable cell voltage (i.e. Vcell = Ecath – Ean), and thus the maximum power production (i.e. P = 
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iVcell). Previous field deployments of BMFCs have recorded sustained cathode potentials of 200-
350 mV vs. Ag/AgCl at maximum power production. DO concentrations in the overlying water 
were maintained >6 mg/L (data not show), suggesting that our lab-scale cathodes were limited 
by either electrochemically active surface area or by the absence of naturally occurring marine 
bio-cathodes that develop in the field (Strycharz-Glaven, Glaven et al. 2013).  
Slow-scan voltammetry (performed in-situ at 1 mV/s; Ean: -0.8 to +0.3V vs. Ag/AgCl) 
confirmed the presence of current-potential (i-E) dependency, consistent with Nernst-Monod 
kinetics, and the presence of oxidative peaks (illustrated in Figures 6-8 and 6-9) (Strycharz-
Glaven et al., 2012). The limiting current observed during voltammetry at 1 mV/s typically over 
predicted the maximum three-electrode current production by a factor of two. Scans performed at 
slower rates (0.1 mV/sec) displayed oxidative peaks that were closer in magnitude to the 
maximum current achieved (not shown). For both control and sand-modified anodes, the 
oxidative peak on the cathodic scan of the CV occurred in a potential window of Ean: -200 mV to 
0 mV vs. Ag/AgCl (Figures 6-8 and 6-9). No previous attempts to perform in-situ voltammetry 
on BMFCs have been reported on in the literature. In comparison however, to anodic CVs from 
idealized, electrochemical cells with ARB-modified anodes, the in-situ BMFC-CVs revealed 
significant mass-transport limitations and irreversibility at the anodic reaction. Both control and 
sand-modified CVs changed from peak-shaped to sigmoidal when switching from oxidative to 
reductive responses, suggesting that either a quasi-reversible or two separate irreversible 
reactions were dominating the anodic process. Peak splitting—a phenomena observed in acetate-
depleted ARB biofilms—was observed in both the control and sand-modified CVs. Despite an 
increase in current with the sand-modification, this suggests that the anodic biofilm may continue 





Figure 6-9 Representative voltammetry of control anodes using Tuckerton, NJ Salt 
Marsh sediment (RUMFS 100410 Batch). Scans performed at 0.1 mV/s from 0.3V --> 





Figure 6-10 Representative voltammetry of sand-modified anodes using Tuckerton, NJ 
Salt Marsh sediment (RUMFS 100410 Batch). Scans performed at 0.1 mV/s from 0.3V 
--> -0.5V vs. Ag/AgCl. All current measurements were normalized by anode surface 
















Mean particle size (dp) 
(μm) 
 18 ± 0.09  -- 
 
24.3  -- 
Porosity (%)  57  --  78  -- 
Percent Organic 
Content (%) 
 2.19  -- 
 








   (n 
= 3) 
 
-402 ± 19      
(n = 5) 
 
   




0.3V vs. Ag/AgCl) 
 
34 ± 4        (n 
= 6) 
 
85.2 ± 15      
(n = 8) 
 37 ± 13       (n 
= 4) 
 
93 ± 18         
(n = 3) 





13 ± 2.3    (n 
= 6) 
 
53.4 ± 41.5   
(n = 8) 
 12 ± 6        (n 
= 4) 
 19 ± 9 (n = 3) 
Pss (at 0.35Vcell) 
(mW/m2) 
 10 ± 2 (n =5)  
26 ± 10 (n = 
8) 
 
12 (n = 1)  23 (n = 2) 
Mean sediment 
particle size (dp) (μm) 
 18 ± 0.09   
 
   






14.7 ± 2.5 (n 
= 3) 
 
20.4 ± 12.5   
(n = 5) 
 
NA  NA 





36.6 ± 3.5 (n 
= 3) 
 
75.6 ± 16.4  
(n = 5) 
 
NA  NA 




 ~480 hr  < 500 hr 
 
> 700 hr  > 600 hr 
 
 
6.3.3 Field Deployment 
The control and sand-modified BMFCs were deployed in a shallow water salt marsh near 
Tuckerton, NJ on June 14
th
, 2012. The anode was manually embedded approximately 10 cm 
below the sediment surface with the cathode suspended in the overlying seawater. All BMFCs 
were maintained at a fixed cell voltage of 0.35V for the duration of the experiment. When data 
logging began on June 27
th
 (13 days after deployment), the control and sand-modified BMFCs 
were producing 20 and 130 mW/m
2
, respectively (normalized by the anodic surface area)—
representing more than a six-fold power improvement. Point measurements of anode and cathode 
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potential were also made on day 13 using a Ag/AgCl seawater reference. At a cell voltage of 
0.35V, the control Ean was +0.02V vs. Ag/AgCl—comparable to anodic potentials of additional 
BMFCs deployed nearby (Ean: -0.003 to 0.029V vs. Ag/AgCl) (unpublished data; Tender et al.). 
Interestingly, the potential of the sand-modified anode was significantly lower (Ean, sand: -0.29V 
vs. Ag/AgCl), suggesting an increase in the anodic oxidation reaction (i.e. accelerated rate of 
electron transfer at the anode). Cathode potentials for both BMFCs were comparable (0.32-
0.37V vs. Ag/AgCl), confirming that the increased performance was due to a factor at the anodic 
reaction. Furthermore, a decrease in anode potential is frequently observed in BMFC literature 
reporting increases in power performance (Vega and Fernandez 1987, He, Shao et al. 2007). 
 
 
Figure 6-11 Current Density from Control and Sand-Modified BMFCs deployed at 
Tuckerton, NJ Salt Marsh. Current production was normalized by anode surface 





Figure 6-12 Power density from Control and Sand-Modified BMFCs deployed at 
Tuckerton, NJ Salt Marsh. Power production was normalized by anode surface 
area of 0.259 m2. 
 
 
Power production from the sand BMFC thereafter declined (Figure 6-11), but continued 
to produce > 50% more power than the control for over 1000 hours (41 days). After 58 days 
however, the sand BMFC maintained only a small advantage in power production (~15%), and 
the two cells appeared to be converging at a power density of ~20 mW/m
2
, which is within the 
range of power densities observed from the control anodes in the lab-scale experiments. It is 
hypothesized that the convergence in power densities may have been due to the escape of sand 
from the relatively permeable cheesecloth that was maintaining the anode structure. Voltage and 
data logging continued for 130 days, until the experiment was terminated by a weather event 




6.4  Conclusions 
This study reports on efforts to improve power densities in lab- and field-scale BMFCs with the 
use of a structural sand-modification to mitigate mass transport limitations of substrate to the 
BMFC anode. An increase in current of > 148% was achieved in lab-scale testing with an 
environmental sediment source, and an average control versus sand current production of: 35 
mA/m
2
 (± 3 mA/m
2




; n = 11), respectively. Deployment of 
control and sand-modified BMFC prototypes were performed in a salt marsh near Tuckerton, NJ 
(USA), with the sand BMFC sustaining a >50% increase in power generation for >40 days, 
relative to the control. Max power densities from the sand-modified anode near the upper limit of 
what has been achieved from the BMFC design, representing a simplistic design modification to 
improve electrical output and simplify BMFC deployment. 
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Table 6-4 Summary of analytical methods used for environmental analysis of samples 
Analyte Analytical Method Reference 
COD Reactor Digestion 
Hach 8000; Jirka et al. 
(1975) 
TS, TSS, VS Standard Methods APHA (1992); EPA 2540 B 
TN, NO3/NO2-N, NH3-N, 
PO4-P, TP 
Continuous Flow Colorimetry 
(TRAACS 2000) 
O’Dell & EPA (1993) 
pH pH probe + mV meter (Accumet 950)  
Alkalinity (mg CaCO3/L) Titration APHA (1992) 
Conductivity 
Conductivity probe + meter      (Hach 
Model 51975) 
 
CH4 Gas Chromatography (Agilent HP5890) Freedman & Gosset (1989) 
Dissolved oxygen DO probe + mV meter NA 
E.coli & Fecal coliforms Filtration + physical enumeration APHA (1992) 
Organic Acids (AD/MFC 
effluent only) 































SMA Data & Results 





















C1 0.059 2.02 
  




C2 0.059 2.02 
  




C3 0.059 2.02 
  




A1 0.050 1.71 0.129 0.857 11.76 0.0313 3 12.38 0.0329 1 0.0192 
A2 0.050 1.71 0.129 0.857 11.68 0.0311 3 12.74 0.0339 1 0.0198 
A3 0.050 1.71 0.129 0.857 11.14 0.0296 3 11.11 0.0295 1 0.0173 
G1 0.050 1.71 0.129 0.857 13.23 0.0352 3 15.80 0.0420 1 0.0245 
G2 0.050 1.71 0.129 0.857 11.90 0.0317 3 14.11 0.0375 1 0.0219 
G3 0.050 1.71 0.129 0.857 13.91 0.0370 3 15.02 0.0399 1 0.0233 
 
 






Figure 6-14 Average TS in mg/L during digestion of latrine solids during 
BMP2 (solid symbols); BMP3 (open diamonds); and BMP4 (open circles). 
Data points represent the Mean ± SD (mg/L COD, n = 4-6) 
 
Figure 6-15.  Average COD (in black) and VS (in grey) during digestion of wastewater in BMP4. Data points 





Figure 6-16.  Average COD (solid symbols) and VS (open symbols) during digestion of latrine 
solids during BMP2 (Figure A) and BMP4 (Figure B). Data points represent the average ± 

















Field Deployments (Ch.4) 
 
US Lab Experiments 
Table 6-6. Summary of electrochemical performance of MFCs fed with agricultural digestate in 
laboratory experiments. Values are presented as mean ± standard deviation (n). 
  
  
Swine Average   Cow Average   Dorm Average   




  93 ± 17 (n = 3)   165 ± 63 (n = 3)   86 ± 17 (n = 3)   
iss (Ean: -0.2V vs. Ag/AgCl) 
(A/m3) 
  15 ± 2.8 (n = 3)   27 ± 10 (n = 3)   14 ± 2.7 (n = 3)   




  NA   NA   681 ± 265 (n = 3)   
w/acetate , iss (Ean: -0.2V vs. 
Ag/AgCl) (A/m3) 
  NA   NA   110 ± 43 (n = 3)   
iss (Vcell: 0.2V) (mA/m2)   71 ± 7.9 (n = 3)   26 ± 3.4 (n = 3)   59 ± 18 (n = 3)   
Pss (Vcell: 0.2V) (mW/m2)   14 ± 1.6 (n = 3)   5.0 ± 0.7 (n = 3)   12 ± 3.6 (n = 3)   
iss (Vcell: 0.2V) (A/m3)   12 ± 1.2 (n = 3)   4.0 ± 0.5 (n = 3)   10 ± 2.9 (n = 3)   
Pss (Vcell: 0.2V) (W/m3)   2.0 ± 0.2 (n = 3)   1.0 ± 0.1 (n = 3)   2.0 ± 0.6 (n = 3)   
w/acetate, iss (Vcell: 0.2V) 
(mA/m2) 
  NA   82 ± 16.7 (n = 3)   158 ± 15.9 (n = 3)   
w/acetate, Pss (Vcell: 0.2V) 
(mW/m2) 
  NA   16 ± 3.4 (n = 3)   31 ± 3.5 (n = 3)   
w/acetate, iss (Vcell: 0.2V) 
(A/m3) 
  NA   13 ± 2.7 (n = 3)   25 ± 2.7 (n = 3)   
w/acetate, Pss (Vcell: 0.2V) 
(W/m3) 
  NA   3 ± 0.6 (n = 3)   5.0 ± 0.6 (n = 3)   
Pmax (mW/m2)   60 ± 10 (n = 3)   52 ± 7.4 (n = 3)   28 ± 1.3 (n = 3)   
Pmax (W/m3)   10 ± 1.6 (n = 3)   8 ± 1.2 (n = 3)   5.0 ± 0.2 (n = 3)   
an during polarization (mV)   206 ± 90 (n = 3)   229 ± 86 (n = 3)   253 ± 35 (n = 3)   
cath during polarization (mV)   395 ± 22 (n = 3)   320 ± 52 (n = 3)   178 ± 24 (n = 3)   
OCVmax(mV)   701 ± 34 (n = 3)   548 ± 37 (n = 3)   495 ± 31 (n = 3)   
Power Lifetime 
 (hr to i < 1 mA) 
  < 20   19   30   






Figure 6-17. Representative voltammograms from MFCs fed with cow (black), 
swine (blue), and dormitory (purple) digestate. Scans were recorded at 0.001 









Figure 6-18. Development of anode potential (triangular symbols) and current production 
(circular symbols) from MFCs fed with Human (closed symbols, solid line); Cow (closed symbols, 




Figure 6-19. Current production (mA) during biofilm development of MFCs fed with Cow (blue), 






Figure 6-20. Total solids (TS) and Volatile Solids (VS) at the influent and effluent of Dormitory, 
Cow, and Swine Digesters. Values are presented as the mean (sample size), and error bars 
represent the standard deviation. 
 
 

























93 ± 17 
(n = 3) 
  16.6   165   62.9   86   16.5 
iss (Ean: -0.2V vs. Ag/AgCl) 
(A/m3) 
  15   2.8   27   10.2   14   2.7 




  DNR   DNR   DNR   DNR   681   264.6 
w/acetate , iss (Ean: -0.2V 
vs. Ag/AgCl) (A/m3) 
  DNR   DNR   DNR   DNR   110   43.0 
iss (Vcell: 0.2V) (mA/m2)   71   7.9   26   3.4   59   17.9 
Pss (Vcell: 0.2V) (mW/m2)   14   1.6   5   0.7   12   3.6 
iss (Vcell: 0.2V) (A/m3)   12   1.2   4   0.5   10   2.9 
Pss (Vcell: 0.2V) (W/m3)   2   0.2   1   0.1   2   0.6 
w/acetate, iss (Vcell: 0.2V) 
(mA/m2) 
  DNR   DNR   82   16.7   158   15.9 
w/acetate, Pss (Vcell: 
0.2V) (mW/m2) 
  DNR   DNR   16   3.4   31   3.5 
w/acetate, iss (Vcell: 0.2V) 
(A/m3) 
  DNR   DNR   13   2.7   25   2.7 
w/acetate, Pss (Vcell: 
0.2V) (W/m3) 
  DNR   DNR   3   0.6   5   0.6 
Pmax (mW/m2)   60   10.1   52   7.4   28   1.3 
Pmax (W/m3)   10   1.6   8   1.2   5   0.2 
an during polarization 
(mV) 
  206   90   229   86   253   35 
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cath during polarization 
(mV) 
  395   22   320   52   178   24 
OCVmax(mV)   701   34   548   37   495   31 
Power Lifetime (hrs to i < 
1 mA) 







Table 6-8 Empirical mass balance for COD, VS, and energy produced by AD-MFC treatment 









Q (m3/day) 22 4.36 2.18 
 
CODin-AD (kg/day) 22.9 14.1 13.8 
Field Samples CODeff-AD kg/day) 7.55 0.959 2.42 
Lab Samples CODeff-AD kg/day) 15.1 1.81 1.78 
Field Samples CODeff-MFC (kg/day) 10.2 0.658 1.31 
Lab samples CODeff-MFC (kg/day) 4.40 1.97 1.53 
 
VSin-AD (kg/day) 15.2 7.05 10.3 
Field Samples VSeff-AD (kg/day) 6.82 1.11 2.42 
Lab Samples VSeff-AD (kg/day) 9.06 - 23.1 1.22 - 1.88 1.54 - 1.54 
Field Samples VSeff-MFC (kg/day) NA NA NA 
Lab Samples VSeff-MFC (kg/day) 5.08 - 10.6 2.16 1.43 
 
Eout-AD (MJ/day) 824 154 707 
 









Table 6-9 Empirical mass balance for COD, VS, and energy produced by AD-MFC treatment 











Q (m3/day) 22 4.36 2.18 
 
CODin-AD (kg/day) 22.9 14.1 13.8 
Field Samples CODeff-AD kg/day) 7.55 0.959 2.42 
Field Samples CODeff-MFC (kg/day) 10.2 0.658 1.31 
 
VSin-AD (kg/day) 15.2 7.05 10.3 
Field Samples VSeff-AD (kg/day) 6.82 1.11 2.42 
Field Samples VSeff-MFC (kg/day) NA NA NA 
 
Eout-AD (MJ/day) 824 154 707 
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